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Chapter 1

Shallow lakes and ponds
Shallow lakes and ponds (generally less than 3 m depth) are the most abundant
freshwater ecosystems on earth, forming about 25% of all area covered by lakes
and ponds (Verpoorter et al. 2014, Holgerson and Raymond 2016). They are of
great importance for society and are being used for numerous urban, agricultural,
and industrial activities, including drinking water production, food supply,
irrigation, purification of human and industrial waste, and provide an important
habitat for plant and animal life (Baron et al. 2002). Moreover, shallow lakes and
ponds also serve society from a recreational perspective, as many are used for
fishing, swimming, boating and bird watching activities (Scheffer 2004). Shallow
lakes and ponds are polymictic, meaning that their water column is constantly
or frequently mixed (Lewis Jr 1983, Andersen et al. 2017a, Andersen et al. 2017b,
Martinsen et al. 2018). This characteristic distinguishes their functioning and
biogeochemistry from deeper lakes, where thermal stratification for prolonged
periods of time usually isolates the upper, warmer water layers from the colder,
deeper water layers (Gorham and Boyce 1989). Stratification limits sedimentwater interaction to bottom waters, hindering released nutrients from sediments
to reach the upper, most productive water layer of the lake during the growing
season. Another feature that distinguishes shallow lakes from deep lakes, is the
occurrence of different types of plants. In addition to algae, shallow lakes and
ponds can also be colonized by abundant rooted, submerged or floating plants,
which in deep lakes are restricted to the lake’s edges (Wetzel 2001, Scheffer
2004). Furthermore, wind sheltered shallow lakes and ponds are often colonized
by free-floating plant species, which in large, deeper lakes is prevented by longer
wind fetch (Wetzel 2001, Scheffer 2004).
The dominance by these different types of plants results in alternative states
(Scheffer et al. 1993, Scheffer et al. 2001). In a pristine state, many shallow
lakes and ponds are characterized by abundant submerged plant coverages
and clear waters (Scheffer et al. 1993). Submerged plants maintain their own
state through positive feedback mechanisms: plants stabilize clear-water
conditions by reducing resuspension, increasing sedimentation within plant
stands, providing habitat for piscivorous fish and refuge for zooplankton
from fish predation, and suppressing growth of algae through competition
for nutrients and the excretion of allelochemical substances (Scheffer et al.
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1993). The resulting clear water conditions, in turn, favor submerged plants.
These positive feedbacks create a certain resilience that withstands waters
from becoming turbid, despite increases in external stressors such as nutrient
loading. However, exceeding a critical nutrient threshold can result in a shift of
states (Scheffer et al. 1993). Submerged vegetation completely disappears and
makes place for algae or free-floating plant dominance. The algae dominated
state also maintains itself as submerged plant growth is inhibited by reduced
light availability through suspended and attached algae, enhanced waverelated sediment disturbance, and increased activities of benthivorous fish
(Scheffer et al. 1993, Scheffer et al. 2003, Jeppesen et al. 2012b, de Tezanos
Pinto and O’Farrell 2014, Phillips et al. 2016). Similarly, a free-floating plant
dominated state also sustains itself by strongly limiting the intrusion of light
and oxygen (O2) into the water column. Low O2 intrusion as well as high O2
consumption through decaying plant litter creates anoxic conditions that
promote phosphate release from the sediment thereby stimulating freefloating plant growth (Scheffer et al. 2003, Smolders et al. 2006, de Tezanos
Pinto and O’Farrell 2014).

1

Over the last century, increased nutrient loading (Tilman et al. 2001) caused
many shallow lakes and ponds to shift from a clear, submerged plant
dominated state to a turbid algae, or free-floating plant dominated state
(Scheffer et al. 2003, Scheffer 2004, Scheffer and van Nes 2007). These shifts in
states can have severe consequences for ecosystem functioning and services,
including a loss of biodiversity, impaired recreational use and drinking water
supply, and altered nutrient retention, carbon dynamics and greenhouse gas
(GHG) emissions (Scheffer et al. 2001, Brothers et al. 2013, Jeppesen et al. 2016,
Hilt et al. 2017). In addition, the current and anticipated climate change has
large impacts on shallow lakes and ponds, as it can promote the dominance
of harmful cyanobacteria, increase the number of small fish, decrease
zooplankton abundance and favor algal and free-floating plant dominance
(Moss et al. 2011, Hansson et al. 2012). Besides, climate change is also expected
to cause changes in GHG emissions from shallow lakes and ponds (Moss et
al. 2011, Yvon-Durocher et al. 2014, Davidson et al. 2015, Yvon-Durocher et al.
2017). The expected importance of shallow lakes and ponds in the global GHG
balance and the limited knowledge about the consequences of climate change
lead to very interesting and important research questions, to which this thesis
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will provide answers through experimental research carried out in shallow
lakes and mesocosms.

Climate change and greenhouse gases
GHGs owe their name to their ability to mimic the effect of a greenhouse:
trapping part of the incoming and re-emitted solar energy, thereby warming
the air. The primary GHGs in the Earth’s atmosphere are water vapor (H2O),
carbon dioxide (CO2), methane (CH4), nitrous oxide (N2O), and ozone (O3).
Without them, the Earth's surface would have an average temperature of
around -18 °C, much colder than the current average of 15 °C (Ma 1998). Since
the industrial revolution, however, the atmospheric concentrations of GHGs
have increased dramatically (Fig. 1; Forster et al. (2007), IPCC (2013), Nisbet et
al. (2014)) to concentrations that are unprecedented in at least the last 800,000
years (IPCC 2013). Although the atmospheric concentrations of CH4 and N2O
are much lower than those of CO2 (Fig. 1), their radiative forcing on a mass
basis is respectively 34 and 298 times stronger than that of CO2 over a 100year time horizon (IPCC 2013). The strong increase of GHGs is extremely likely
to be the dominant cause of our warming climate (IPCC 2013). The observed
climate warming is unequivocal, and many of the observed changes since the
last decades are unprecedented over decades to millennia (IPCC 2013).
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Figure 1. Atmospheric concentrations of carbon dioxide, methane, and nitrous oxide over the last 2,000
years (adapted from Forster et al. (2007)).
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Biological production and consumption pathways of
methane, carbon dioxide, and nitrous oxide in aquatic
ecosystems

1

Carbon dioxide
Photoautotrophic organisms assimilate inorganic carbon (CO2 and/or
bicarbonate [HCO3-]) into organic carbon using light energy, a process called
primary production. This process forms the major biological consumption
pathway of CO2 in most ecosystems. Organic carbon, in turn, can be converted
back to inorganic carbon by both autotrophic and heterotrophic organisms to
meet their energy demands, a process called respiration. Respiration can occur
aerobically (using O2 as electron acceptor), which for example, is the case in
animals, plants, fungi, and many bacteria. However, respiration can also occur
anaerobically (without O2), which is the case in bacteria living in anaerobic
soils and underwater sediments. During anaerobic respiration, organic matter
is oxidized to inorganic carbon using alternative terminal electron acceptors,
such as nitrate (NO3-), manganese (IV) (Mn4+), iron (III) (Fe3+), and sulfate (SO42-).
This type of respiration, however, yields less energy than aerobic respiration
(Box 1).
Box 1. Common redox reactions in the oxidation of organic matter (adapted after Railsback
(2006)).
Electron acceptor
O2

Reaction formula of organic matter oxidation
CH2O + O2  CO2 + H2O

Relative yield of energy
100

5 CH2O + 4 NO3-  4 HCO3- + 2 N2 + CO2 + 3 H2O
2 CH2O + NO3- + H2O  2 HCO3- + NH4+
CH2O + 3 CO2 + H2O + 2 MnO2  2 Mn2+ + 4 HCO3CH2O + 7 CO2 + 4 Fe(OH)3  4 Fe2+ + 8 HCO3- + 3 H2O
2 CH2O + SO42-  H2S + 2 HCO3-

93

aerobic conditions
anaerobic conditions

NO3NO3MnO2
Fe(OH)3
SO42-

87
84
6

Methane
Biological production of CH4 (methanogenesis) is performed by methanogenic
archaea, also known as methanogens. Methanogenesis is a strictly anaerobic
process and is a terminal step in the anoxic breakdown of organic matter (Box
1). It involves a series of complex interactions, where other anaerobic microorganisms break down complex organic compounds into fatty acids and simple
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sugars. Syntrophs, fermenters, and acetogens subsequently further degrade
those products into hydrogen, carbon dioxide, formate, acetate, and methyl
group compounds that can be used by methanogens (Cicerone and Oremland
1988, Conrad 1996, Bastviken 2009, Nazaries et al. 2013).
The two major pathways of methanogenesis are acetoclastic (using acetate) and
hydrogenotrophic (using molecular hydrogen [H2]) methanogenesis. During
acetoclastic methanogenesis, fermentation derived acetate is cleaved into CH4
and CO2 (Box 2, equation 1). During hydrogenotrophic methanogenesis, CO2
is reduced using H2 as electron donor, producing CH4 and water (H2O) (Box 2,
equation 2) (Madigan et al. 2017). The pathway that dominates methanogenesis
can differ per system (Kallistova et al. 2014) and the relative contribution of the
two pathways can alter with changing temperature (Nozhevnikova et al. 1997).
However, in temperate freshwater lakes methanogenesis is dominated by the
acetoclastic pathway (Nozhevnikova et al. 1997, Falz et al. 1999, Glissman et al.
2004). Due to requiring an anoxic environment as well as organic degradation
products, methanogenesis in aquatic ecosystems mostly takes place in subsurface sediments. Here, rates of methanogenesis are mainly controlled by
temperature and the input of organic matter (Zeikus and Winfrey 1976, Kelly
and Chynoweth 1981, Schulz and Conrad 1995, Schulz et al. 1997, Schwarz
et al. 2008, Rodriguez et al. 2018). Quality of the organic matter also plays an
important role, as labile organic carbon is easily broken down and therefore
promotes CH4 production (Duc et al. 2010, West et al. 2015b, Grasset et al.
2018). The presence of alternative electron acceptors (Box 1) represent another
important factor controlling methanogenesis, since reactions involving these
electron acceptors can yield more energy per molecule than methanogenesis
can (Box 1; (Strous and Jetten 2004)). Also, microbes using alternative terminal
electron acceptors can have a greater substrate affinity, which may cause
them to outcompete methanogenic archaea (Bastviken 2009). Finally, toxic
intermediates or end products produced during the reduction of alternative
electron acceptors can inhibit methanogenesis (Klüber and Conrad 1998,
Segers 1998).
Consumption of CH4 can take place in the presence of CH4 oxidizing bacteria.
These bacteria include aerobic (using O2; Box 2, equation 3) and anaerobic
(using alternative electron acceptors) CH4 oxidizers (Strous and Jetten 2004).

14
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Although research often focuses on aerobic CH4 oxidation, recent findings
demonstrated that anaerobic oxidation of CH4 is ubiquitous in freshwater
lake sediments and accounts for 29%–34% of mean total CH4 produced in
surface and near-surface lake sediments (Martinez-Cruz et al. 2018). Besides
the availability of electron acceptors, CH4 oxidation rates are mainly controlled
by temperature and substrate availability (Lofton et al. 2014, Shelley et al. 2015,
Fuchs et al. 2016). Other environmental factors affecting CH4 oxidation include
pH, nitrogen, salinity, and light intensity (Laanbroek and Bodelier 2004).

1

Box 2. Reactions involved in production and consumption of methane
Reaction name
Acetoclastic methanogenesis
Hydrogenotrophic methanogenesis
Aerobic methane oxidation

Reaction equation
CH3COOH  CH4 + CO2
CO2 + 4 H2  CH4 + 2 H2O
CH4 + 2 O2  CO2 + 2 H2O

#
(1)
(2)
(3)

Nitrous oxide
Biological production of N2O takes place via the microbial processes of
nitrification and denitrification (Fig. 2) (Firestone and Davidson 1989). Besides
producing N2O, denitrification is the only microbial process that can consume
significant amounts of N2O (Fig. 2) (Firestone and Davidson 1989). The complete
process of denitrification involves the reduction of NO3- to dinitrogen gas (N2)
(Fig. 2). N2O is produced as an intermediate in this chain of reactions (Fig. 2).
Denitrification can occur under anaerobic conditions when nitrogen (N) oxides
(e.g. NO3-, NO2-, NO, or N2O) and organic carbon are sufficiently available (Box 1,
Fig. 2) (Firestone and Davidson 1989). When availability of electron acceptors
(oxidized N compounds) greatly exceeds the availability of electron donors
(organic carbon compounds) incomplete denitrification can occur, resulting in
the accumulation of N2O (Firestone and Davidson 1989), though this may not
always be the case (Betlach and Tiedje 1981). Similarly, trace amounts of O2
can lead to N2O accumulation, since O2 can inhibit the reduction of N2O to N2
more strongly than the reduction of NO3- to N2O (Betlach and Tiedje 1981, Ji
et al. 2015). Additionally, chemolithotrophic denitrification (e.g. using sulfide
compounds as electron donor) occurs, which may lead to N2O production
(Burgin and Hamilton 2007).
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Nitrification involves the aerobic oxidation of NH4+ to NO3- via hydroxylamine
(NH2OH) by nitrifying bacteria, which produces N2O as a byproduct (Fig. 2) (Ji et
al. 2015). Nitrification can be a significant source of N2O at low O2-conditions,
as decreasing O2 concentrations can result in a dramatically increased N2O/
NO2- production ratio (Ji et al. 2015). Similarly, at low O2 availability (< 2 mg L-1),
a disequilibrium occurs between NH4+ oxidation and NO2- oxidation, causing
NO2- to accumulate. This NO2- can then be used by the nitrifiers as an electron
acceptor instead of O2—a process called nitrifying denitrification, which can
produce substantial amounts of N2O (Fig. 2) (Poth and Focht 1985, Tallec et
al. 2006, Garnier et al. 2007, Ji et al. 2015). Despite being an obligate aerobic
process, nitrification rates were found to increase at low O2 concentrations
(Carlucci and McNally 1969, Knowles 1982) and NH4+ oxidizers were found
to possess a greater affinity for O2 than NO2- oxidizers (Laudelout et al. 1976,
Knowles 1982), which further explains how low O2 conditions can promote N2O
production through nitrification.

Denitrification
Nitrification

NO3- → NO2- → NO → N2O → N2

N2O
NH4+ → NH2OH → NO2- → NO → N2O → N2
Nitrifier denitrification
Figure 2. N2O production in nitrification and denitrification pathways

NH4+ oxidizing bacteria, NH4+ oxidizing archaea, and denitrifiers are well known
producers of N2O (Francis et al. 2007). However, other microorganisms adapted
to low O2 conditions may also produce N2O. These include methanotrophs
that oxidize NH4+ (Yoshinari 1985), nitrate ammonifiers (dissimilatory nitrate
reduction to ammonium) (Smith 1982), and anammox bacteria (Kartal et al.
2007). Finally, hypoxic and anoxic waters can show net consumption of N2O
through denitrification when concentrations of O2 and alternative electron
acceptors are low (Elkins et al. 1978, Mengis et al. 1997).
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The role of shallow lakes and ponds in the global
greenhouse gas balance
Compared to the oceans, the extent of inland waters (e.g. lakes, rivers, and
reservoirs) is extremely small, since they cover only about 3–4% of the
nonglaciated land area (Verpoorter et al. 2014, Messager et al. 2016, Allen and
Pavelsky 2018). However, in the last decades it has become clear that inland
waters are extremely active sites for the transport, transformation, and storage
of large amounts of carbon obtained from aquatic primary production and from
the terrestrial catchment (Tranvik et al. 2009). A recent study showed that GHG
emissions (CO2, CH4, and N2O) from lakes and impoundments are equivalent to
nearly 20% of global fossil fuel CO2 emission, with ~75% of the climate impact
attributable to emission of CH4 (DelSontro et al. 2018). This demonstrates that
lentic systems play an important role in the global GHG balance. Especially small
lentic systems, such as shallow lakes and ponds, represent a disproportionate
source of GHG emission (DelSontro et al. 2018). Very small ponds (<0.001 km2)
that comprise ~8.6% of land area globally, were shown to account for ~15.1%
of CO2 emissions and ~40.6% of diffusive CH4 emissions from inland waters
(Holgerson and Raymond 2016). Their emission is likely to be even higher
when CH4 ebullition (bubble flux from sediments, see below) is accounted for
(Holgerson 2015, DelSontro et al. 2018). The high fluxes from these systems
are thought to be caused by their shallow waters, high sediment and edge to
water volume ratios, and frequent mixing (Holgerson 2015).

1

Figure 3 gives a schematic overview of important processes that take place
in shallow lakes and ponds determining GHG fluxes in these systems. Lakes
and ponds can receive substantial amounts of carbon from their surroundings
(allochthonous carbon), both through runoff and groundwater inputs (Tranvik
et al. 2009). Allochthonous carbon often enters lakes in the form of dissolved
organic carbon (DOC) and dissolved inorganic carbon (DIC), though particulate
organic carbon (POC) and particulate inorganic carbon (PIC) inputs can also
be substantial. Which of these forms of carbon dominates the allochthonous
carbon inputs depends on lake location and hydrology (Tranvik et al. 2009).
Organic carbon (OC) can also be produced in-lake (autochthonous OC)
through primary production. Since shallow lakes and ponds are relatively rich
in nutrients compared to their deeper counterparts, their primary production
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is relatively high (Wetzel 2001, Tranvik et al. 2009). However, mineralization of
substantial amounts of OC as well as large inorganic carbon inputs in many
lakes, causes most lakes to be supersaturated in CO2 and consequently emit
CO2 to the atmosphere (Cole et al. 1994, Duarte and Prairie 2005, Sobek et
al. 2005, Kosten et al. 2010, Raymond et al. 2013, Weyhenmeyer et al. 2015,
Almeida et al. 2016). Though most of the emitted CO2 usually results from inlake respiration (Del Giorgio et al. 1999, Jansson et al. 2000, Duarte and Prairie
2005, Tranvik et al. 2009), inflow of CO2-rich groundwater and surface water can
form an important share (Striegl and Michmerhuizen 1998, Tranvik et al. 2009,
Weyhenmeyer et al. 2015). In lakes with large DIC inputs, in-lake metabolism
only plays a small role in controlling CO2 emissions (Tranvik et al. 2009, Chapter
3).
OC in lakes generally faces two fates: mineralization (to CO2 or CH4) or
burial (Fig. 3; Tranvik et al. (2009)). The magnitude of these two processes is
affected by carbon sedimentation rates and factors such as the degradability
of organic matter, O2 exposure, and temperature (Sobek et al. 2009, Gudasz
et al. 2010, Sobek et al. 2012, Marotta et al. 2014, Mendonça et al. 2014,
Mendonça et al. 2015, Sobek et al. 2017). Mineralization of allochthonous OC
can be inhibited by anoxic conditions, since allochthonous OC is often rich in
aliphatic polymers, triterpenes, lignin, and humic matter which are resistant to
anaerobic degradation (Zehnder and Svensson 1986, Tranvik et al. 2009). High
sedimentation rates can lead to large OC burial rates, though simultaneously
can cause disproportionate increases in CH4 emissions due to the combined
effects of high substrate supply and short O2 exposure time which favors
anaerobic breakdown of the sedimented OC (Sobek et al. 2012, Maeck et al.
2013).
DOC in the water column can be respired by heterotrophic microorganisms,
but also mineralized through photochemical reactions driven by ultraviolet
(UV) radiation (Fig. 3; Vähätalo et al. (2000), Obernosterer and Benner (2004)).
The importance of photochemical oxidation in CO2 production varies, as it was
found to contribute less than 10% of respiration in boreal lakes (Granéli et al.
1996), but has also been shown to exceed respiration and account for 70 to
95% of total DOC processed in the water column of arctic lakes and rivers (Cory
et al. 2014).
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As mentioned before, sediments play a key role in the production of GHGs.
Depending on in-lake carbon production and input from the watershed, large
amounts of organic carbon and nutrients can end up in lake sediments, and
thereby form a suitable growth substrate for heterotrophic bacteria. The often
1000-fold higher carbon and nutrient concentrations in sediments compared to
the water column, results in a 2-3 order higher bacterial abundance (Del Giorgio
and Williams 2005). Indeed, in small lakes and ponds, sediment respiration can
form an important share of in-lake CO2 production, mainly due to the large
sediment area to water volume ratio (Del Giorgio and Williams 2005).

1

Greenhouse gas exchange with the atmosphere
GHGs can be exchanged with the atmosphere through different pathways in
shallow aquatic ecosystems.
1) Turbulence-enhanced diffusive water-atmosphere fluxes

Dissolved GHGs in the water column can be exchanged with the atmosphere via
turbulence-driven diffusive fluxes (Fig. 3), described by the following equation:
F = k(Csur – Ceq)
Where F is the water-atmosphere flux of the respective GHG (mass area-1 time 1);
k is the gas exchange coefficient (depth time-1) which can be conceptualized
as the depth of the water column equilibrating with the atmosphere per unit
time; and Csur and Ceq are the concentrations of actual dissolved gas in the
surface water and the concentration of dissolved gas when in equilibrium
with the atmosphere, respectively (Cole et al. 2010). k is effectuated by Fickian
diffusion at the air-water interface, which is strongly driven by turbulence and
convection (MacIntyre et al. 2010, Vachon et al. 2010, Prairie and del Giorgio
2013). In lakes and ponds, wind is often the main driver of turbulence (Cole
and Caraco 1998, Crusius and Wanninkhof 2003). However, wind-based models
for k can severely underestimate diffusive fluxes, especially at low wind speeds
when effects of convective mixing due to surface cooling can dominate k
(Eugster et al. 2003, MacIntyre et al. 2010). Newer models that include effects
of water-side cooling give much better approximations of k (Erkkilä et al.
2018). Recently, several studies that investigated fluxes of both CH4 and CO2
showed that the normalized gas transfer rate of CH4 (k600,CH4) was on average
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about 2.5 times higher than that of CO2 (k600,CO2) and consequently higher than
Fickian diffusion (Prairie and del Giorgio 2013, McGinnis et al. 2015, Paranaíba
et al. 2018). It is thought that microbubbles may be the cause of the elevated
k600,CH4. Microbubbles that enter the surface water (for example, via breaking
waves, precipitation, or gas-supersaturation [e.g., from primary production])
can equilibrate with dissolved gases before they are lost to the atmosphere,
thereby affecting water-atmosphere exchange of dissolved gases. CH4 is a
much more sparingly soluble gas than CO2 and will therefore be more strongly
affected by microbubble entrainment, explaining the elevated k600,CH4.
Carbon dioxide

The direction of the diffusive water-atmosphere flux of CO2 can vary between
seasons (Kelly et al. 2001) and effectively depends on the balance between CO2
consumption (mainly through primary production) and the sum of in-lake CO2
production and allochthonous input (Fig. 3). High-nutrient lakes, especially
small ones with high primary production, can show (seasonal) net uptake of
atmospheric CO2 (Balmer and Downing 2011). However, as mentioned before,
lakes are generally supersaturated with CO2, causing net CO2 evasion to the
atmosphere (Raymond et al. 2013).
Methane

Lakes are net emitters of CH4 to the atmosphere. However, their diffusive
emissions can be curtailed by CH4 oxidation (Fig. 3; Bastviken et al. (2004a)). While
large amounts of CH4 can be produced in sub-surface sediments, oxic surface
sediments can play an important role in curtailing the diffusive release of this
CH4, as 50–95% of produced CH4 can be consumed there (Bastviken 2009). Part
of the CH4 that escapes oxidation at the sediment-water interface and diffuses
out of sediments, may subsequently be oxidized in oxygenated surface waters
(45–100%) (Bastviken 2009). Still, diffusive CH4 water-atmosphere emissions
can be substantial, especially in shallow waters and waters with frequent
mixing, which provide less opportunity for dissolved CH4 to be oxidized, due to
the rapid exchange with the atmosphere (Bastviken et al. 2008, Holgerson and
Raymond 2016). CH4 production rates in subsurface sediments may exceed
the rate at which the dissolved gas can diffuse away from the production site,
resulting in the buildup of free CH4 gas. This free CH4 gas in sediments can
episodically be released as bubbles, thereby escaping CH4 oxidation, a process
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called ebullition (see below). CH4 production in oxic water has also been
reported, but many of the mechanisms are still unclear. The observations may
be explained by the existence of micro-anoxic habitats within the oxic water
column, such as in particles, algae, metazoan guts, and in mixed cell aggregates
of fermentative bacteria and acetoclastic methanogens (Bogard et al. 2014,
Bižić-Ionescu et al. 2018 and references therein). CH4 production in oxic waters
may also arise from microbial decomposition of methylated substrates (e.g.
methanethiol and methylphosphonate) (Bogard et al. 2014, Yao et al. 2016,
Wang et al. 2017, Bižić-Ionescu et al. 2018). Furthermore, it is hypothesized that
1) microorganisms may possess O2-counteracting mechanisms to produce CH4
in oxic waters through conventional, anaerobic biochemical pathways; and 2)
microorganisms may use currently unknown pathways that do not rely on O2sensitive enzymes (Tang et al. 2016, Donis et al. 2017).

1

Nitrous oxide

Fertilizer use and animal manure excretion and their subsequent leaching into
aquatic systems as well as atmospheric nitrogen deposition are important
reasons why N2O emissions from aquatic systems have increased during
the past decades (Syakila and Kroeze 2011). N2O emission data from aquatic
ecosystems are, however, extremely limited and upscaling efforts may have
overestimated emissions (Webb et al. 2019). Recent findings challenge the
assumption that N-enriched and eutrophic surface waters are always strong
sources of N2O, as widespread undersaturation of N2O was found in a large
survey of 101 farm waterbodies (Webb et al. 2019). Lowest N2O concentrations
were observed during strong stratification and high primary productivity.
Elevated dissolved inorganic nitrogen (DIN) only led to high N2O concentrations
when waters were unstratified or weakly stratified. Though precise mechanisms
are still unclear, it is known that waters can consume N2O when the water is
poor in O2, NO3- and other alternative electron acceptors, which can happen
when these electron acceptors are sequentially depleted in the hypolimnion
during strong and persistent stratification (Elkins et al. 1978, Knowles 1982,
Mengis et al. 1997, Soued et al. 2015). Depletion of DIN in the oxic epilimnion
by primary production and restricted supply of DIN from the isolated, anoxic
hypolimnion may cause a N2O diffusion gradient between the epilimnion and
the hypolimnion that is strong enough to deplete N2O in the surface layer
(Webb et al. 2019). In general, however, lakes are considered sources of N2O to
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the atmosphere (Fig. 3; Mengis et al. 1997, Syakila and Kroeze 2011, DelSontro
et al. 2018). Production of N2O in oxic surface waters has been observed in
many lakes and may result from nitrification related N2O production and N2O
production by actively growing green algae (Weathers 1984, Butler et al. 1988,
Law et al. 1993, Mengis et al. 1997, Guieysse et al. 2013, Plouviez et al. 2017).
The highest N2O concentrations are often found at oxic-anoxic boundary layers
(such as the sediment-water interface) which may be caused by a combination
of coupled nitrification-denitrification, dissimilatory nitrate reduction to
ammonium (DNRA), and CH4 oxidation (Mengis et al. 1997). Despite being a
very potent GHG, freshwater N2O emissions are estimated to be relatively small,
only representing an estimated 2% of total GHG emissions (as CO2 equivalents)
from lakes and impoundments (DelSontro et al. 2018). However, continued
eutrophication of surface waters (Tilman et al. 2001, Jeppesen et al. 2011, Smith
et al. 2014) may enhance freshwater N2O emissions (DelSontro et al. 2018).
2) Ebullition

In contrast to CO2 and N2O, which both are relatively soluble gases, CH4 has a
low solubility in water (Sander 2015). Consequently, if production of biogenic
CH4 exceeds efflux through diffusion, sediment pore waters quickly become
saturated with CH4. If the partial pressures of all dissolved gases exceed the
atmospheric, hydrostatic, and lithostatic pressure, gas bubbles will start to
accumulate in the sediment and eventually be released to the water column,
and subsequently, to the atmosphere (Liu et al. 2016, Harrison et al. 2017).
This process is called ebullition and forms an important and distinct release
mechanism for CH4 in sediments (Bastviken 2009).
The formation and release of free CH4 gas in sediments follows three distinct
stages. First, mobile water is replaced from sediment pores through formation
of microbubbles, with negligible ebullition taking place. Second, ongoing gas
production displaces surrounding sediment, leading to enhanced macropore
connectivity and increased ebullition. Third, a macropore network is established
through which bubbles move and are released, with relatively steady ebullition
taking place (Liu et al. 2016, Liu et al. 2018). Sediment grain size and mechanical
properties are important factors controlling bubble formation, storage, and
transport (Liu et al. 2016, Liu et al. 2018).
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CH4 ebullition is often found to be the most important CH4 emission pathway
in freshwater ecosystems (Bastviken et al. 2011, Saunois et al. 2016, Aben et
al. 2017, DelSontro et al. 2018, Van Bergen et al. 2019). Its contribution to the
total CH4 flux of lakes can exceed 90% (Keller and Stallard 1994, Casper et al.
2000). In contrast to the slow diffusive transport of CH4, where much of the CH4
can be microbially oxidized, ebullition presents a way of rapid transport to the
atmosphere, leaving little opportunity for microbial oxidation at the sedimentwater interface (Bastviken 2009).

1

Ebullition is usually of minor importance in waters deeper than ca. 5 m, but
forms the main emission pathway of CH4 in shallow systems (Joyce and Jewell
2003, Bastviken et al. 2004a, West et al. 2015a, DelSontro et al. 2018). The reason
for the depth-dependency of ebullition is at least three-fold. Firstly, while deep
lakes have pronounced stratification and cold bottom waters, shallow sediments
usually have temperatures closely following atmospheric temperatures and
can be warmed by direct solar radiation (Wik et al. 2013, Toffolon et al. 2014,
O’Reilly et al. 2015). Higher temperatures stimulate methanogenesis and
therefore can increase ebullition (Wik et al. 2014). Secondly, temperature as
well as hydrostatic pressure affect gas solubility in sediment pore waters (Duan
and Mao 2006). This means that in shallow sediments, a larger part of biogenic
CH4 will be partitioned to free-gas as opposed to the dissolved fraction. Thirdly,
since rising bubbles are subject to diffusive exchange with their surroundings
(sediments and water column), part of the CH4 dissolves and can subsequently
be oxidized by methanotrophs before reaching the atmosphere. While in deep
waters all or a substantial part of CH4 can dissolve during bubble ascent, this
effect is only minor in shallow waters (McGinnis et al. 2006).
While CH4 production occurs at relatively constant (albeit strongly temperature
dependent) rates, ebullition is known for its episodic occurrence, often
characterized by peak emissions that occur in short time periods (Varadharajan
and Hemond 2012, Maeck et al. 2014, Wilkinson et al. 2015, Wik et al. 2016a).
The release of bubbles is strongly affected by the occurrence and magnitude
of forcing mechanisms (e.g. shear stress, or drops in atmospheric or hydrostatic
pressure) (Joyce and Jewell 2003, Varadharajan and Hemond 2012, Wik et al.
2013, Maeck et al. 2014, Harrison et al. 2017). Hence, the short measurements
that are usually performed (hours to days) are insufficient to accurately quantify
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this important, stochastic emission pathway, resulting in a high likelihood
of underestimating ebullition (Maeck et al. 2014, Wik et al. 2016a). Besides
temporal variability, ebullition also shows a large variability in space, both at
macro- (DelSontro et al. 2011, Maeck et al. 2013, DelSontro et al. 2015) and
micro-scale (Scandella et al. 2017). Recent studies revealed that local ebullition
hotspots can account for the majority of CH4 emissions (Anthony et al. 2010,
DelSontro et al. 2011, Maeck et al. 2013, DelSontro et al. 2015). Measurements
with insufficient spatial resolution can therefore severely underestimate
ebullitive CH4 emissions (Anthony et al. 2010, Wik et al. 2016a). Unfortunately,
measurements with high spatiotemporal resolution are exceptional, causing
most ebullition assessments in literature to be likely underestimated (Bastviken
et al. 2011, Wik et al. 2016a). However, overrepresentation of summer season
data and studies that focus on ebullition hot spots without accounting for lake
areas with low ebullition, may cause major overestimates when scaled upwards
(DelSontro et al. 2018). The strong spatiotemporal variability of ebullition,
combined with the inability to accurately measure it at the system scale creates
large uncertainties in estimates of global freshwater CH4 emissions (Bastviken
et al. 2011, Saunois et al. 2016, Wik et al. 2016a, DelSontro et al. 2018).
Various techniques like automated bubble traps (Varadharajan et al. 2010, Maeck
et al. 2014, Delwiche and Hemond 2017, Frattaroli 2017) and hydroacoustic
measurements (Ostrovsky et al. 2008, DelSontro et al. 2011, Maeck et al. 2013,
DelSontro et al. 2015) have emerged in recent years and can help researchers to
obtain the much needed spatially and temporally well-resolved measurements
required to reduce the uncertainty in global freshwater emission estimates
(Saunois et al. 2016, Wik et al. 2016a, DelSontro et al. 2018).
3) Plant mediated transport

Plant mediated transport via rooted emergent plants (Fig. 3) is known to
be a potentially dominant emission pathway for CH4 (Bastviken et al. 2011).
CH4 in sediments enters plants via the root system and can subsequently be
transported upwards to the atmosphere, thereby bypassing zones of CH4
oxidation (Chanton et al. 1993, Bastviken 2009, Bastviken et al. 2011). Vegetated
lake areas, where CH4 production is often high, can therefore be hot spots of CH4
emission (Tranvik et al. 2009). Depending on the plant species, the transport
of CH4 from sediments to the atmosphere can be passive or pressurized
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(Bastviken 2009). Although plant mediated transport is usually associated with
rooted emergent plants (Bastviken 2009), it also has been observed for rooted
submerged and floating plants. CH4 emission from the plant tissue to the
water or atmosphere takes place via bubbles and/or diffusive transport of CH4
from plant tissue to water and atmosphere (Hartman and Brown 1966, Dacey
and Klug 1979, Heilman and Carlton 2001b, a, Sanders et al. 2007). Diffusive
release of CH4 from plant tissues may, however, be curtailed by the presence
of epiphytic methanotrophs that oxidize outflowing CH4 (Heilman and Carlton
2001b).
Plant-mediated
ﬂux
Turbulence-driven diﬀusive ﬂux
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Figure 3. Simplified overview of sources and sinks of greenhouse gas fluxes in shallow lakes and ponds.
Blue circular arrow indicates water column mixing. The magnitude of the individual flux pathways
(arrow thickness) as well as the relative contribution of within system vs externally produced carbon can
strongly differ per system. See main text for details.

The role of shallow lakes and ponds in a world of changing
climate
Global warming may have important consequences for freshwater GHG
emissions. Higher water temperatures due to global warming (O’Reilly et al.
2015) can increase organic carbon mineralization rates in shallow sediments,
which increases the production and potentially the emission of CH4 and CO2,
while concurrently decreasing organic carbon burial (Gudasz et al. 2010,
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Kosten et al. 2010, Marotta et al. 2014, Yvon-Durocher et al. 2014). Furthermore,
photosynthetic autotrophs may assimilate less CO2, due to the stronger
temperature dependence of respiration relative to gross primary production
(Brown et al. 2004, Allen et al. 2005, Moss 2010, Yvon-Durocher et al. 2010b).
However, this may be compensated for by prolonged growing seasons, resulting
in higher biomass accumulation (Velthuis et al. 2018). Since at the cellular level,
the process of methanogenesis is more temperature sensitive than respiration,
higher temperatures may lead to an increased share of primary production
that will eventually be emitted as the more potent GHG CH4 rather than CO2
(Yvon-Durocher et al. 2011, Yvon-Durocher et al. 2014). In a large synthesis, the
temperature dependence of methanogenesis in pure cultures of methanogens
and CH4 production in laboratory incubations of anaerobic sediments
was found to be similar to that of diffusive CH4 emissions from aquatic and
wetland ecosystems (Yvon-Durocher et al. 2014), demonstrating the potential
for climate warming to enhance CH4 emissions from aquatic ecosystems. All
of the aforementioned findings support the existence of positive feedback
mechanisms between climate warming and aquatic GHG emissions.
Besides the direct effects on metabolic rates, global warming may also alter
GHG emissions through indirect effects. Heat waves—which are expected
to increase in occurrence and duration (IPCC 2013)—may cause stronger
lake stratification, even in shallow systems, thereby potentially causing algal
blooms that increase CO2 uptake and colder sediments that limit ebullition
(Bartosiewicz et al. 2016). However, it is unclear how heat waves can affect GHG
emissions in the following seasons and years (longer-term effects). Furthermore,
high-intensity storm events, predicted to increase under future climate-change
scenarios (IPCC 2013), will alter runoff regimes and can cause large inputs of
organic carbon into aquatic ecosystems (Dhillon and Inamdar 2013). These
inputs can have important implications for freshwater GHG production and
emission. Similarly, climate change can contribute to (further) eutrophication of
shallow lakes in northern temperate regions through runoff of nitrogen (N) and
phosphorus (P) due to increased winter rainfall (Jeppesen et al. 2009, Jeppesen
et al. 2011). In warm arid lakes N and P concentrations can increase due to
increased evapotranspiration and/or reduced inlet water (Jeppesen et al. 2009,
Jeppesen et al. 2011, Menezes et al. 2018). Higher temperatures can also cause
enhanced P-release from sediments by stimulating respiration and lowering O2
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concentrations at the sediment-water interface (Jeppesen et al. 2009, Kosten
et al. 2011). Eutrophication and climate warming may mutually reinforce the
symptoms and problems they cause, thereby potentially enhancing emissions
of CH4 and N2O, and with unclear effects on CO2, as is illustrated in Figure 4.
Depending on trophic state, either climate warming alone or combined with
eutrophication will increase the risk of shifts in alternative states. This will
likely cause many lakes and ponds—currently dominated by submerged
vegetation—to shift to either algae or floating plant dominated states (Mooij
et al. 2007, Kosten et al. 2009, Netten et al. 2011, Peeters et al. 2013). Due to the
large biological, chemical, and physical differences between states, this may
have profound, but so far unknown, effects on GHG emissions (Carpenter and
Lodge 1986, de Tezanos Pinto and O’Farrell 2014, Hilt et al. 2017). Therefore, a
focal point of my thesis is to unravel the effects of warming and shifts in different
functional plant groups on GHG emission from shallow lakes and ponds.

1

Figure 4. Current indications of feedback effects of eutrophication on climate change. Blue arrows
indicate carbon sequestration routes; red arrows indicate carbon emission routes; black arrows indicate
other climate effects. Because CO2 uptake and release may both increase with eutrophication, net CO2
balance is unclear. The increase in methane and nitrous oxide is more probable. Dashed arrow indicates
that changes in precipitation regimes may either lead to more or less organic carbon loading, depending
on local and regional circumstances. Figure originally from Moss, B. et al. (2011): “Allied attack: climate
change and eutrophication”. Inland waters 1:101–105. Copyright © International Society of Limnology,
reprinted by permission of Taylor & Francis Ltd, www.tandfonline.com on behalf of International Society
of Limnology.
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Outline of the thesis
The main focus of this thesis concerns the question how climate warming may
affect carbon metabolism and water-atmosphere fluxes of greenhouse gases
in shallow freshwater ecosystems. In chapter 2 I combined a standardized
search for published data of freshwaters around the world with a mesocosm
experiment to quantify the increase in methane ebullition with climate
warming. In addition, we unravel the relative importance of different processes
responsible for temperature induced increase in methane ebullition. In chapter
3 the magnitude of carbon dioxide and methane emissions in a hypertrophic
urban pond are quantified as well as the temporal and spatial variability of
these emissions. This chapter also addresses how the respiration of individual
ecosystem components contributes to total ecosystem respiration. In
chapter 4 I present methods and results of integrated ecosystem respiration
measurements and respiration measurements of individual ecosystem
components, and assess and discuss the degree of agreement between the
sum of individual system component respiration and integrated ecosystem
respiration measurements. In chapter 5 I use a mesocosm experiment to
assess how climate warming—directly and indirectly—may affect ecosystem
respiration, gross primary production, and thereby net ecosystem production.
In chapter 6 I present the results of a study that assessed the combined effect
of different nutrient loadings and plant species on methane and nitrous oxide
emissions from experimental ponds. Chapter 7 unravels how dominance
of different functional plant groups in shallow lakes and ponds can affect
greenhouse gas (methane, carbon dioxide, and nitrous oxide) emissions and
how climate warming can impact these emissions. In part one of chapter 8,
I present additional analyses to zoom in on characteristics of CH4 ebullition,
drivers of N2O emission, and the potential effects of shifts in duckweed
community composition on O2 conditions and CH4 emissions. In the second part
of this chapter, these additional insights will be included in a general synthesis
of the main results of my research and a discussion of their implications for our
understanding of GHG emissions from shallow lakes and ponds.
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Abstract
Methane (CH4) strongly contributes to observed global warming. As natural CH4
emissions mainly originate from wet ecosystems, it is important to unravel how
climate change may affect these emissions. This is especially true for ebullition
(bubble flux from sediments), a pathway that has long been underestimated but
generally dominates emissions. Here we show a remarkably strong relationship
between CH4 ebullition and temperature across a wide range of freshwater
ecosystems on different continents using multi-seasonal CH4 ebullition data
from the literature. As these temperature–ebullition relationships may have
been affected by seasonal variation in organic matter availability, we also
conducted a controlled year-round mesocosm experiment. Here 4 °C warming
led to 51% higher total annual CH4 ebullition, while diffusion was not affected.
Our combined findings suggest that global warming will strongly enhance
freshwater CH4 emissions through a disproportional increase in ebullition (6–
20% per 1 °C increase), contributing to global warming.
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Introduction
Despite their small global extent (only ca. 3–4% of nonglaciated land area;
Verpoorter et al. 2014, Messager et al. 2016, Allen and Pavelsky 2018), freshwater
ecosystems are important drivers of the global greenhouse gas (GHG) balance
(Tranvik et al. 2009). Global freshwater CH4 emissions have been estimated
to correspond to at least 25% (in CO2 equivalents) of the terrestrial GHG sink
(Bastviken et al. 2011). Broad-scale emission estimates are, however, biased
because most studies focus on diffusive fluxes and neglect the large emission
component of ebullition (Bastviken et al. 2011, Wik et al. 2016b). Because
ebullition often forms the dominant emission pathway, this may lead to a large
underestimate of freshwater CH4 emissions (Bastviken et al. 2011, Wik et al.
2016b). Accurate estimates are still hampered by a scarcity of reliable ebullition
data caused largely by the extremely heterogeneous occurrence of ebullition
within a system, both in space and in time (Anthony et al. 2010, Bastviken et al.
2011, Maeck et al. 2014, Wik et al. 2016a, Scandella et al. 2017).

2

Anaerobic mineralization of sediment organic matter, the source of ebullitive
CH4 fluxes, tends to increase exponentially with temperature, forming a
potential positive feedback to global warming (Marotta et al. 2014). Net CH4
emissions from freshwaters to the atmosphere, however, are usually the result
of microbial CH4 production and consumption. CH4 consumption mainly takes
place in the oxic sediment top layer and water column, and can consume up
to 100% of dissolved CH4 (Bastviken 2009). Like production, consumption rates
also increase with temperature (Lofton et al. 2014, Shelley et al. 2015, Fuchs
et al. 2016). Nonetheless, if a warming-induced increase in CH4 production is
concomitant with a constant or higher fraction of CH4 escaping consumption,
e.g., through plants or ebullition, an increase in CH4 emission due to global
warming is to be expected. To date, a positive relationship between temperature
and ebullition has been observed in a number of high-latitude systems (Wik et
al. 2014, DelSontro et al. 2016), but there is currently no general consensus that
this is a global phenomenon. Also, it is not known whether this response is due
to direct effects of temperature (e.g., on microbial process rates) or collinear
indirect effects (e.g., enhanced substrate availability due to increased primary
production and sedimentation of organic substrates).
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To quantify the increase in CH4 ebullition due to temperature-induced increase
in sediment CH4 production, we combined a standardized search for published
data (as in ref. Holgerson and Raymond (2016)) with a mesocosm experiment.
In the literature search, we only included studies with ebullition data from
different types of freshwater ecosystems that covered a temperature range of
at least 10 °C, and excluded short-term (<24 h), infrequent (<once per month)
ebullition measurements since these likely underestimate the ebullitive flux
(Maeck et al. 2014, Wik et al. 2016a). To exclude influences of confounding
factors occurring in the field, and to further unravel the relative importance
of the different processes responsible for the temperature-induced increase
in ebullition, we conducted an experiment in 1000 L mesocosms containing
natural lake sediments and plankton communities comparing a temperate
(control; n = 4) and a warming (+4 °C; n = 4) scenario (IPCC scenario RCP6.0 (IPCC
2013)). Since the frequency of heat waves is expected to increase over most land
areas under future climate projections (IPCC 2013), we included a midsummer
7-day heat wave (+4 °C). Day and night water-atmosphere diffusive gas fluxes
were measured once every 2 weeks, using a closed chamber connected to
a GHG analyzer, whereas bubbles were collected continuously by inverted
funnel-type bubble traps. Our data compilation shows remarkably strong
relationships between CH4 ebullition and temperature across a wide range of
freshwater ecosystems, which we also observed in our mesocosm experiment.
Our analysis of the experimental data further suggests that direct effects of
temperature on microbial growth and metabolism are driving the increase in
ebullition. These combined findings indicate a positive feedback for global
warming.

Results
Temperature drives ebullition on a large spatial scale

Analysis of the field data meeting our criteria reveals strong positive
relationships between CH4 ebullition and temperature for a wide range of
shallow, freshwater ecosystems in Asia, North America, and Europe (Fig. 1 and
Table 1). We observed large differences in the magnitude of ebullition among the
different freshwater ecosystems (Fig. 1). Although methodological differences
in determining ebullition rates play a role here, differences in quantity and
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et al. 2012, West et al. 2012, Maeck et al. 2013, West et al. 2015b, Wik et al.
2018), sediment structure (Liu et al. 2016), and differences in the availability
of nutrients, oxygen, and alternative electron acceptors (Duc et al. 2010) are
also known to affect the magnitude of ebullition. Freshwaters showing high
primary production and those that receive substantial loads of allochthonous
carbon are more likely to have high CH4 ebullition rates (Crenshaw et al. 2002,
West et al. 2012, DelSontro et al. 2016, Grasset et al. 2016, Liu et al. 2016), while
systems with low primary production tend to have low ebullition rates and
also may have an obscured temperature effect on ebullition rates, likely due to
substrate limitation (DelSontro et al. 2016).
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Figure 1. Relationships between temperature and CH4 ebullition found in different types of freshwater
ecosystems. Regression lines represent the fitted modified Arrhenius expression; see Eq. (2). Error bars
denote 95% confidence intervals (Post-glacial lakes). Graphs with thin border lines represent field data.
Graph with thick border line represents experimental data. For the latter, black and red dots represent
control and warm treatment, respectively. For studies with multiple data sets, the location with the
longest data record is depicted. See Table 1 and Supplementary Table 1 for info on all data sets. Details
on the origin and acquisition of data are described in the “Methods” section.
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Table 1. Temperature dependence of CH4 ebullition in different freshwater ecosystems
System

E20 (95% CI)

Subtropical eutrophic city pond (D1)
Subtropical eutrophic city pond (D2)
Subtropical eutrophic city pond (D3)a
Post-glacial lakesa
Temperate river Saar (ABT1)
Temperate river Saar (ABT2)
Temperate river Saar (ABT3)
Temperate river Saar (ABT4)a
Boreal meso-eutrophic forest pondsa
Temperate eutrophic city ponda
Temperate farm pondsa
Mesocosm experimenta

744 (620–868)
953 (736–1171)
1309 (1146-1472)
59 (54–65)
3015 (2828–3202)
1158 (997–1319)
1813 (1692–1933)
1270 (1186–1354)
141 (119–163)
267 (209–325)
372 (274–470)
84 (78–90)

Overall θs (95% CI) No. of
observations (n)
1.08 (1.05–1.11)
26
1.12 (1.03–1.21)
16
1.08 (1.05–1.10)
26
1.20 (1.18–1.22)
10227
1.07 (1.06–1.08)
291
1.06 (1.04–1.08)
311
1.07 (1.06–1.08)
259
1.09 (1.08–1.10)
342
1.19 (1.11–1.27)
77
1.15 (1.10–1.21)
132
1.12 (1.04–1.20)
25
1.15 (1.13–1.17)
104

E20 represents mean CH4 ebullition at 20°C (mg m-2 d-1) and θs the overall system temperature coefficient;
see Equation (2). Regressions were significant in all analyses (P < 0.001). For characteristics of the systems
and corresponding references see Supplementary Table 1. Details on the origin and acquisition of data
are described in the methods section.
a
Systems presented in Fig. 1.

The temperature–ebullition relationships from field measurements are likely
to be influenced by differences in sampling methods as well. The available
temperature data, for instance, was measured in air, water, or sediment.
Also, the period of sampling varied (year-round versus spring–summer or
summer–autumn), which may have influenced the temperature coefficient
in multiple ways. For one, a decrease in CH4 solubility in the pore water with
rising temperatures will lead to a stronger increase in ebullition during the
spring–summer period, whereas the opposite may occur when temperatures
drop (see below for a quantitative analysis). Second, seasonal variations in
organic carbon supply and oxygen availability alter CH4 production (Kelly
and Chynoweth 1981, Schulz and Conrad 1995, Schwarz et al. 2008, Duc
et al. 2010). Finally, fluctuations in forcing mechanisms such as shear stress,
atmospheric pressure, and hydrostatic pressure (Casper et al. 2000, Maeck et al.
2014) (such as the passage of ships in the River Saar (Maeck et al. 2014)) may
have weakened the temperature–ebullition relationship. Still, despite these
putative confounding factors, ebullition was strongly related to temperature in
the systems we analyzed (Table 1).
Drivers of increased ebullition under warming

CH4 ebullition showed a strong relationship with temperature in our mesocosm
experiment (Supplementary Fig. 1), which fits our analyses of data from field
measurements (Fig. 1 and Table 1). We found that cumulative annual ebullition
was 51% higher in the warm treatment (P = 0.009; Fig. 2), substantiating that
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enhanced CH4 ebullition in temperate regions is a realistic future scenario.
Warming may affect CH4 ebullition in different ways. System productivity, for
example, may be affected by warming (Davidson et al. 2015, Yvon-Durocher
et al. 2015, Yvon-Durocher et al. 2017), altering the availability of substrate for
methanogenesis. We found, however, no significant differences in gross primary
production nor in sedimented carbon between our control and warm treatment
(Supplementary Fig. 2), indicating that substrate supply was not responsible for
the large increase in CH4 ebullition with warming. We estimate that the effect of
temperature-dependent changes in CH4 solubility during the spring–midsummer
period (period with increasing temperature) contributed 14% (control) and 7%
(warm) to the total CH4 ebullition as a result of dissolved CH4 that turned gaseous.
For the midsummer–winter period (period with decreasing temperature), CH4
ebullition was lowered by 17% (control) and 13% (warm) as a result of increased
pore water solubility (Supplementary Fig. 3). However, effects of changes in CH4
solubility were negligible for cumulative annual ebullitive fluxes. The negligible
difference in organic carbon supply as well as the negligible effect of changes in
CH4 solubility strongly suggests that temperature dependency of CH4 ebullition
in our experiment was mostly driven by enhanced microbial metabolism
and growth. A lower oxygen penetration depth in the sediment at higher
temperatures (Supplementary Fig. 4)—due to lower gas solubility and higher
sediment oxygen demand—may have made a minor contribution to higher CH4
ebullition in the warm treatment by increasing the share of anaerobic, methane
producing sediment (Sobek et al. 2017).
P = 0.009

20

Emission (g CH4 m-2)

2

15
10
P = 0.153

5
0
Dif C

Dif W

Ebu C

Ebu W

Figure 2. Cumulative annual diffusive (Dif ) and ebullitive (Ebu) CH4 emission for the control (C) and
warm (W) treatment of our mesocosm experiment. Error bars denote 1 s.e.m. (n = 4). Differences
between treatments were tested with a t-test.
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Effects of increased temperature on diffusive CH4 emissions

Besides emission by ebullition, CH4 may also diffuse from the water column
into the atmosphere. Diffusive CH4 emissions in our experiment only accounted
for 10% (control) and 5% (warm) of total CH4 emissions (Fig. 2), and correlated
significantly with temperature during the year (Supplementary Fig. 5). This
positive correlation corroborates findings for diffusive CH4 emissions from
another mesocosm experiment (Yvon-Durocher et al. 2017) as well as from an
analysis of data from globally distributed wetland and freshwater ecosystems
(Yvon-Durocher et al. 2014). In part, this may be due to gas dissolution during
bubble rise (DelSontro et al. 2010). Interestingly, however, cumulative annual
diffusive CH4 fluxes in our experiment show that year-round warming did
not enhance the diffusive emission pathway (Fig. 2). This clearly shows that
increased CH4 production with warming (as indicated by increased ebullition)
does not necessarily result in increased diffusive CH4 emissions over a longer
period of time (e.g., a year), likely because of (over)compensation by increased
CH4 consumption rates in the sediment top layer and water column (Fuchs et
al. 2016). This further substantiates the key role of the ebullitive pathway in
total CH4 emissions.
Increased dominance of ebullition under climate change

The existence of a threshold temperature marking the onset—or a strong
increase—of ebullition is a major concern for sudden shifts in global GHG
emissions with climate warming. We found that above a sediment temperature
of ~10 °C (Fig. 3) ebullition strongly increases with temperature, which
coincides with findings in another study (DelSontro et al. 2010). However,
despite this similarity, the threshold temperature varies among systems
(Fig. 1), likely depending on the physical structure of the sediment (Liu et al.
2016), forcing mechanisms (Maeck et al. 2014), and the methanogenesis rate
at a certain temperature. The latter is ultimately determined by the microbial
community (Nozhevnikova et al. 1997, Segers 1998) and environmental factors
including quality and quantity of available organic substrate (Duc et al. 2010,
West et al. 2015b). With increasing substrate availability, CH4 ebullition shows
a stronger temperature dependence than diffusive CH4 emission in northern
ponds and lakes (DelSontro et al. 2016). Also, for our experiment, we see that
CH4 ebullition becomes the dominant flux above sediment temperatures of
~10 °C (Fig. 3). Our findings thus suggest that climate warming may change
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diffusion-dominated systems in colder areas into higher-emission, ebullitiondominated ones. This is particularly relevant for boreal and Arctic waters where
>50% of the studied systems (with available data on both CH4 ebullition and
diffusion) show that diffusion is the most important emission pathway (Wik
et al. 2016b). These cold systems already have an important share in global
freshwater GHG emissions as their surface area accounts for almost half of the
area of the world’s lakes and ponds (Bastviken et al. 2011, Wik et al. 2016b).
Many of these systems are small and shallow (Lehner and Döll 2004) and
will therefore rapidly warm as a consequence of the predicted increase in air
temperature, which is expected to be stronger than the global average in
the boreal and Arctic region (IPCC 2013, Wik et al. 2013). In addition, many of
the high northern latitude lakes are formed in permafrost soils. An increase
in temperature should therefore not only enhance microbial metabolism of
existing substrates, but also lead to more permafrost thaw, which increases
substrate availability and methanogenesis per square meter of lake on decadal
to century time scales (Kessler et al. 2012), though the process may be limited
by widespread thaw lake drainage (van Huissteden et al. 2011). The resulting
increase in ebullition in these high-latitude systems may greatly amplify their
share in freshwater GHG emissions.

Emission (mg CH4 m-2 d-1)

250

2

Dif C

200

Dif W
Ebu C

150

Ebu W

100
50
0
0
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10
15
20
Water temperature (°C)

25

30

Figure 3. Diffusive and ebullitive CH4 emissions expressed against water temperature. Dif refers to
diffusive CH4 emissions and Ebu refers to ebullitive CH4 emissions. The dashed vertical line represents
the onset of strongly increased ebullition and a transition to ebullition-dominated flux. Open and
closed symbols denote control (C) and warm (W) treatment, respectively.
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Discussion
In the long term, ebullition rates are primarily driven by the interaction
between temperature and substrate supply for methanogenesis (Maeck
et al. 2013, Wilkinson et al. 2015, DelSontro et al. 2016). In systems with low
organic matter production and low allochthonous input, CH4 emission may
therefore become substrate-limited as a result of global warming. However,
eutrophication and the associated increase in organic matter production
may preclude substrate limitation and effectively fuel ebullition (West et al.
2015a, Deemer et al. 2016, DelSontro et al. 2016, Grasset et al. 2016, Harrison
et al. 2017). Ongoing eutrophication (Tilman et al. 2001) enhanced by climate
change-related increases in sediment nutrient release and organic carbon
and nutrient loading from catchments (Jeppesen et al. 2009, Moss et al. 2011,
Dhillon and Inamdar 2013) will therefore likely boost CH4 ebullition at a global
scale. Yet, the strongest increase in ebullition can be expected in shallow
waters (Joyce and Jewell 2003, McGinnis et al. 2006, Natchimuthu et al. 2015,
West et al. 2015a, DelSontro et al. 2016) due to limited stratification, sediment
temperature being strongly related to atmospheric temperature (O’Reilly et al.
2015), and direct solar warming of the sediments (Wik et al. 2014, Thornton
et al. 2015). Small ponds and shallow lakes, which are the most abundant
freshwaters globally (Verpoorter et al. 2014), are therefore expected to become
hot spots of ebullition. They are also among the systems that receive relatively
large terrestrial carbon inputs due to their high perimeter-to-volume ratio
(Holgerson and Raymond 2016). The growing number of impoundments (Zarfl
et al. 2015) also accumulate organic sediments at high rates and are already
characterized as ebullition hot spots (Sobek et al. 2012, Maeck et al. 2013).
The high spatiotemporal heterogeneity of ebullition together with paucity
of data currently challenge accurate predictions of the absolute increase in
emissions as a result of global warming (Wik et al. 2016a). If the availability
of suitable organic matter is not limiting, both the temperature–ebullition
relationships fitted on the field data and our experimental manipulation
indicate that climate warming will increase CH4 ebullition by 6–20% per 1 °C
warming (Fig. 1 and Table 1). It is currently unknown whether relative increases
in ebullition will differ among certain climate regions. Microbial communities
in the Arctic, for example, are well adapted to low temperatures (Cavicchioli
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2006). However, optimum growth temperatures of cold-adapted methanogens
are often much higher than in situ temperatures (Cavicchioli 2006) and CH4
production in permanently cold sediments has been shown to adapt when
exposed to higher than in situ temperatures through changes in community
composition and metabolic rates (Nozhevnikova et al. 1997, Schulz et al. 1997).
Additionally, the temperature dependence of sediment CH4 production does
not seem to differ between cold and warm climate regions (Marotta et al.
2014). Therefore, there is no a priori reason to assume that it would be different
for CH4 ebullition. The exponential nature of the empirical relationships in
Fig. 1 points out that the absolute effects of warming on ebullition are largest
in warmer areas and during the warmest months. Exponential increases in
methanogenesis rates have been found up to temperatures of 40 °C (Marotta
et al. 2014).

2

Overall, our experimental results combined with the analysis of field data
provide evidence that temperature drives CH4 ebullition in different types of
freshwater ecosystems in different parts of the world. This strongly suggests
that climate change will substantially increase freshwater CH4 emissions
through a disproportional increase in ebullition, forming a positive feedback
between climate change and freshwater GHG emissions. Our study is the first
to show that a strong relationship between temperature and ebullition exists
on a large geographical scale and provides estimates of the increase in CH4
ebullition with climate warming. However, the limited availability of data sets
(both globally and per system type) hampers accurate predictions about the
relative and absolute increase of this important GHG emission pathway. Hence,
to be able to extrapolate our findings to global freshwater CH4 emissions, as
well as to better predict changes in future emissions, we stress the need for
more measurements including ebullition with high spatiotemporal coverage.

Methods
Experimental setup

Experiments were conducted in eight metal cylindrical 988 L indoor mesocosms
called limnotrons with an average depth of 1.35 m and an inner diameter (ID)
of 0.97 m (for more information see Verschoor et al. (2003)). The limnotrons
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were filled with ~70 L of pre-sieved (5 mm mesh size), soft, muddy sediment,
and subsequently filled to the top with tap water. Sediment was collected from
a mesotrophic shallow pond in Wageningen, The Netherlands (coordinates
in DMS: 51°59'16.0"N 5°40'06.1"E) on 13 February 2014. Sediment contained
69 ± 4% (mean ± s.d.) water (% fresh weight) and 6.6 ± 1.1% (mean ± s.d.) organic
matter (% dry weight; loss on ignition method). To promote a more diverse
initial benthic community, an extra portion of sediment (<8 L) was collected
from a nearby eutrophic pond (coordinates in DMS: 51°58'56.7"N 5°43'34.5"E).
Water was circulated among limnotrons for 2 days to promote similar starting
conditions. Subsequently, nutrients and a phytoplankton inoculum (see below)
were added in order to mimic phytoplankton-dominated shallow lakes. The
phytoplankton inoculum was obtained by concentrating water from the two
ponds mentioned before.
To mimic open water turbulence, we installed two compact axial fans (AC
axial compact fan 4850 Z, ebm-papst St. Georgen GmbH & Co. KG, Georgen,
Germany) set to an air flow rate of 100 m3 h-1, as well as an aquarium pump
(EHEIM compact 300, EHEIM GmbH & Co. KG, Deizisau, Germany) at a depth
of 6 cm set at a rate of 150 L h-1, which resulted in a piston velocity (k600) of
0.44 ± 0.01 (mean ± s.d.) m d-1 (kO2 determined in deoxygenated water, after
Tribe et al. (1995)). This k600 is typical for small lakes and ponds (0.001–0.01
km2) (Holgerson and Raymond 2016). The limnotrons were carefully filled with
demineralized water twice a week to compensate for evaporative losses.
The incident light intensity was constant throughout the experiment with
175 ± 25 (PAR; mean ± s.d.) μmol photons m−2 s−1, provided by two HPS/
MH lamps (CDM-TP Elite MW 315–400 W, AGRILIGHT B.V., Monster, The
Netherlands). The light:dark cycle followed Dutch seasonality, varying
from 8 h of light at midwinter to 17 h at midsummer. Nutrients were added
in a way that start concentrations were achieved of 86 ± 19, 2.4 ± 0.8, and
152 ± 37 μM (mean ± s.d.), for nitrate (NO3-), phosphate (PO43-), and total silicon
(Si), respectively. Nutrient losses by sampling were compensated by weekly
additions of nitrate and phosphate. Control mesoscoms (n = 4) were subjected
to a natural seasonal temperature cycle based on temperature data of Dutch
lakes. The warm mesocosms (n = 4) followed the same temperature cycle + 4 °C.
From 3 to 10 August, a heat wave of an additional +4 °C was simulated in both
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treatments (Supplementary Fig. 1). Temperature was measured at depths of
0.5 and 1.0 m using PT100 electrodes and logged at 1 min intervals (Specview
32/859, SpecView Ltd., Uckfield, UK). The experiment started on 3 March 2014
and ended on 1 February 2015. Additional information on phytoplankton,
zooplankton, and bacterial dynamics in this experiment can be found in
Frenken et al. 2016, Velthuis et al. 2017a.
Gross primary production

2

Rates of gross primary production (GPP) were determined every week for
each mesocosm using the diel oxygen technique (Staehr et al. 2010). DO and
temperature were measured every 15 min for 24 h at a depth of 0.4 m, using
a multi-parameter meter (HQ40d, Hach, Loveland, CO, USA) equipped with a
luminescent/optical dissolved oxygen (LDO) probe (IntelliCAL LDO101). Probes
contain a factory calibration of which its accuracy was checked each week by
measurements of 0 and 100% O2-saturated water as well as by comparing
readings of the two oxygen probes in a single mesocosm. GPP was calculated
following the equations in Table 2 of Staehr et al. (2010), in which the piston
velocity (k) was determined in deoxygenated water as mentioned before.
Sedimented carbon

The amount of sedimented carbon was calculated by fortnightly (until heat
wave) and monthly (after heat wave) analyses, where sedimentation rates
were determined by hanging sedimentation traps (9 cm diameter, 18 cm
height, and 1.1 L volume) at 1 m depth for a period of 3 days in each limnotron.
The contents of the sediment trap were filtered over pre-washed GF/F filters
(Whatman, Maidstone, UK), dried at 60 °C overnight and analyzed for carbon on
a NC analyser (FLASH 2000 NC elemental analyser, Brechbuehler Incorporated,
Interscience B.V., Breda, The Netherlands). To correct for seston particulate
organic carbon (POC) in the overlaying water in the sedimentation traps,
water samples were taken with a tube-sampler in the middle of the limnotron
on the same day as the sedimentation traps were taken out. These seston
samples were handled and analyzed in the same manner as the sedimentation
samples. Sedimentation rates were calculated by subtracting seston POC
from the total amount of POC captured in the sediment trap. The cumulative
annual sedimented carbon was calculated as the area under the curve of these
sedimentation rates.
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Diffusive fluxes

Diffusive fluxes of CH4 were measured once every 2 weeks (until heat wave)
and once every 4 weeks (after heat wave) at the end of the light and the end of
the dark period. Additional measurements were performed in the week before,
during, and after the heat wave. Diffusive CH4 fluxes were measured over a
3-min period using a cylindrical-shaped transparent acrylic top chamber (ID
29.2 cm; headspace height 18 cm) connected in a closed loop to Greenhouse
Gas Analyzers (model GGA-24EP, Los Gatos Research, Santa Clara, CA, USA,
and model G2508 CRDS Analyzer, Picarro, Santa Clara, CA, USA). Both devices
yielded similar results in a post-experiment comparative test, ensuring
consistency of measurements. Fluxes were calculated as described by Almeida
et al. (2016). Flux measurements were performed in triplicate. During data
analysis, replicates influenced by ebullition (causing a sudden increase in CH4
concentration) were removed and the average flux of the (remaining) replicates
was calculated for each limnotron. The diel flux was determined as a weighted
average of the light and dark period fluxes, based on day length. Limnotrons
were always measured in random order to avoid any time or order effects.
Ebullitive fluxes

CH4 release via ebullition (bubble flux from sediment) was estimated
by continuously collecting bubbles throughout the experiment, using two
bubble traps in each limnotron. Bubble traps consisted of an inverted funnel
(ID 15.2 cm) connected to a 120 mL infusion bottle via an 80 cm long tube (ID
10 mm). Funnels were installed ~50 cm below the water surface and tubes
and infusion bottles were completely filled with limnotron water. Gas-filled
infusion bottles were collected (and immediately replaced) 13 times during
the experiment, always before completely being filled with gas. The number
of days before collecting depended on the ebullition rate—determined by
visual inspection of the gas volume in the bottles—and ranged from 8 to
65 days (median: 21). After collection, the volume of gas was determined
by subtracting the weight of each bottle from the pre-determined full-filled
weight (i.e., completely filled with water) of the bottle. CH4 concentrations in
the gas were measured on an HP 5890 gas chromatograph equipped with a
Porapak Q column (80/100 mesh) and a flame ionization detector (Hewlett
Packard, Palo Alto, CA, USA). The CH4 content of the collected ebullitive gas
ranged from 0 to 95% with a mean of 57 ± 3% (95% confidence interval). The
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amount of gaseous CH4 in each bottle was determined by multiplying the
CH4 concentration (Cgas) by the volume of gas (Vgas). The CH4 in the bottles
was assumed to be in equilibrium with the water phase. Hence, the amount
of CH4 dissolved in the water (Cwater × Vwater) was calculated using Henry’s law
and its solubility constant for CH4, taking the respective water temperature into
account (Sander 2015). The total amount of CH4 in each bottle was calculated
by summing the aqueous and gaseous content and divided by funnel surface
(A) and time (Δt) to calculate CH4 ebullition per square meter:

2

(1)
Ebullitive gas samples were analyzed for O2, CO2, N2O, and N2 once during
the experiment, using a gas chromatograph coupled to a mass spectrometer
(Agilent 5975C; Agilent, Santa Clara, CA, USA). O2 and CO2 each typically formed
less than 1% of total gas volume, while N2O could not be detected. N2 was the
second main component of the gas, together with CH4 composing about 99%
of ebullitive gas volume. On several occasions, gas volume in bubble traps
was visually inspected before and after diffusive flux measurements to assess
whether possible disturbance during this measurement would trigger bubble
release. We observed no effect. Between 9 and 15 September, bubble traps
were not in use due to maintenance.
Model approach

To describe the temperature dependency of CH4 ebullition for each system, we
used a modified Arrhenius equation (Kadlec and Reddy 2001):
(2)
Where ET is the ebullition rate in mg CH4 m-2 d-1, at temperature T (°C), E20 is the
ebullition rate in mg CH4 m-2 d-1 at 20 °C, and θs is the overall system temperature
coefficient (dimensionless) (Kadlec and Reddy 2001, Veraart et al. 2011).
The modified Arrhenius expression was fitted on the data using nonlinear
regression analysis in IBM SPSS 21 (IBM, Armonk, NY, USA) that uses the
Marquardt–Levenberg algorithm, an iterative procedure to find model
parameters that minimize the residual sum of squares. Despite its limitations
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at the lower and upper end of the temperature range, the modified Arrhenius
expression is a useful and often applied method of determining temperature
dependencies of ecological and microbiological processes (Kadlec and Reddy
2001, Veraart et al. 2011).
Effect of changing CH4 solubility on CH4 ebullition

Solubility-adjusted ebullition rates (Supplementary Fig. 3), i.e., the ebullition
rates that would have occurred if CH4 solubility in sediment pore water
remained constant, were estimated as follows:
(3)
Where, VS is total sediment volume (95 L m-2), WS is sediment water content (as
a fraction; 0.69), ΔSCH4 is the change in CH4 solubility (mg CH4 L-1) at a depth of
1.3 m due to changes in temperature (Duan and Mao 2006) between moment
of bubble trap deployment and harvest, Δt is amount of days between trap
deployment and harvest, and ECH4 is the ebullition rate (mg CH4 m-2 d-1) in that
period. For these calculations, we assumed year-round CH4-saturated pore
waters.
Literature data acquisition

We performed a standardized literature search on data on Google Scholar and
the Data Observation Network for Earth (DataONE) using the keywords CH4,
methane, ebullition, bubbling, and bubble flux in all possible combinations
in August 2016, similar to Holgerson and Raymond (2016). We further
expanded our literature collection by adding the relevant references indicated
in studies we found. From all the papers that were collected, we selected
those that contained ebullition data from open waters such as ponds, lakes,
reservoirs, and rivers within an air/water/sediment temperature range of at
least 10 °C to quantitatively model the relationship between ebullition and
temperature. Due to the temporal heterogeneity of ebullition, data from short
measurements (<24 h) can seriously under- or overestimate ebullitive fluxes
and were therefore excluded (Maeck et al. 2014, Wik et al. 2016a). We excluded
saline and brackish waters since their biogeochemistry strongly deviates from
freshwater ecosystems. Five papers fulfilled our requisites (Baker-Blocker et al.
1977, Gao et al. 2013, Wilkinson et al. 2015, DelSontro et al. 2016, Wik 2016).
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We also included unpublished data from a temperate eutrophic city pond,
obtained directly from the authors.
For the post-glacial lakes (Sweden) (Wik 2016), boreal meso-eutrophic forest
ponds (Canada) (DelSontro et al. 2016), temperate river Saar (Germany)
(Wilkinson et al. 2015), and temperate eutrophic city pond (Netherlands), data
were obtained directly from the authors. Raw data from the temperate farm
ponds (USA) were obtained from Table 1 of Baker-Blocker et al. (1977). Data
of the subtropical eutrophic city pond (China) was extracted from Gao et al.
(2013), using WebPlotDigitizer (http://arohatgi.info/WebPlotDigitizer), a webbased tool to obtain high-precision numerical data from plots.

2

Ebullition data for all studies were obtained by multi-seasonal ebullition
measurements, using funnel-type bubble traps. Ebullition was calculated
considering the volume of the captured gas and a constant (average) CH4
concentration (Gao et al. 2013, Wilkinson et al. 2015, DelSontro et al. 2016)
or the CH4 concentration of each individual gas sample (Baker-Blocker et al.
1977, Wik 2016), this study, and the unpublished data set). The published
data of temperate river Saar was based on an average bubble CH4 content of
80%, which was the average of several measurements (Wilkinson et al. 2015).
The high-resolution temperature and ebullition data (continuous logging by
automated bubble traps (Wilkinson et al. 2015)) of this system were averaged
over 24 h intervals to produce the dots in Fig. 1. For the subtropical eutrophic
city pond, a constant CH4 concentration of 43.3% was used, which was based on
the concentration in a nearby eutrophic pond (Gao et al. 2013). For the boreal
meso-eutrophic forest ponds (DelSontro et al. 2016), a CH4 concentration of
57.6% was used, which was the average of all gas samples. Measured CH4
concentration ranges for the post-glacial lake data are provided in Wik et al.
(2013). The unpublished data of a temperate eutrophic city pond consist of six
(three in the littoral (<1 m deep) and three in the central part of the pond (max.
2 m deep)) bubble traps (ID 35 cm), measured over 24 h for each month of the
year. Each time for each bubble trap, the collected gas volume was measured
and the CH4 concentration was analyzed on a HP 5890 gas chromatograph
equipped with a Porapak Q column (80/100 mesh) and a flame ionization
detector (GC-FID, Hewlett Packard, Palo Alto, CA, USA). The temperature used
in the regression model is the 24-h average water temperature measured with
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a multi-parameter portable meter (HQ40d, Hach, Loveland, CO, USA) equipped
with a luminescent/optical dissolved oxygen (LDO) probe (IntelliCAL LDO101)
at the littoral and at the deep station, at ~0.5 m depth. Temperature was
recorded every 15 min. Because of the strong variation in methods used in the
different studies (e.g., using different measurement frequency and duration,
and assuming a fixed CH4 concentration versus accounting for temporal
variations in CH4 concentrations of bubbles), we refrained from statistically
comparing the different temperature–ebullition models.
Two studies contained separate ebullition data sets of multiple locations (Gao
et al. 2013, Wilkinson et al. 2015). The temperature–ebullition relationships of
all individual locations are described in Table 1 and the ebullition data from the
location with the longest data record was included in Fig. 1. The post-glacial
lake data in Fig. 1 is replotted from Wik (2016). It is based on a 6-year data
set (2009–2014; total of 10,227 individual flux measurements from multiple
locations and depths) from lakes in Stordalen, northern Sweden. Note that it
is an extended version of a figure with 4 years of data from the same lakes
published in Wik et al. (2014). Because of the vast amount of individual flux
measurements, data of post-glacial lakes were binned in 1 °C intervals for
plotting in Fig. 1. The modified Arrhenius expression was fitted on the raw data.
Statistical analysis

To test for monotonic relationships between water temperature and CH4
diffusion, we used Spearman’s rank correlations. Temperature values for CH4
ebullition were obtained by averaging water temperature over each bubble
collection period, while for CH4 diffusion; the average daily temperature
at day of flux measurement was used. Cumulative annual CH4 ebullition,
sedimentation, GPP, and diffusion data were tested for normal distribution
using the Shapiro–Wilk’s test (P > 0.05) and a visual inspection of histograms,
normal Q–Q plots and box plots. The Brown–Forsythe test was used to assess
homogeneity of variances. Differences between treatments were tested with
a Student’s t test or—in case assumptions for normality and homogeneity of
variance were violated—with a Mann–Whitney U test. All P values mentioned
are two-tailed. Statistical analyses were carried out using IBM SPSS 21 (IBM,
Armonk, NY, USA).
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Data availability

The data that support the findings of this study are available from the
corresponding author on reasonable request.
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SUPPLEMENTARY INFORMATION
Supplementary Table 1 | Characteristics of freshwater ecosystems in Asia, North America, and
Europe used to model the relationships between temperature and CH4 ebullition (Table 1).
Concentrations of compounds apply to surface water.
System

Subtropical eutrophic city
pond (D1)
Subtropical eutrophic city
pond (D2)
Subtropical eutrophic city
pond (D3)a
Post-glacial lakesa
Temperate river Saar (ABT1)
Temperate river Saar (ABT2)
Temperate river Saar (ABT3)
Temperate river Saar (ABT4)a
Boreal meso-eutrophic forest
pondsa
Temperate eutrophic city
ponda
Temperate farm pondsa
Mesocosm experimenta

TN
(mg L-1)
5.8 – 6.1
5.8 – 6.1
5.8 – 6.1
0.2 – 0.6
1.3 – 3.3
0.3 – 1.4

TP
(µg L-1)
280 – 510
280 – 510
280 – 510
14 – 48
94 – 203
3 – 59

NH4+-N
(mg L-1)
0.47 – 2.49
0.47 – 2.49
0.47 – 2.49
0.10 – 0.49
0.10 – 0.49
0.10 – 0.49
0.10 – 0.49
0.03 – 1.27
0 – 1.97

Mean Depth
MEb (mg (m)
m-2 d-1)
744
4

No. of
water
bodies
1

Sedimentation
(m yr-1)

ChL a
(µg L-1)

OC
(mg L-1)

-c

-

-

953

3.5

1

-c

-

-

1309

2.8

1

-c

-

-

59
3015
1158
1813
1270
141

3
1
1
1
1
10

0.29
0.07
0.10
0.15
-

0.7 – 6.4

10d
8.1 – 18.2d

625

<1-7
4
2
2.7
2.2
0.6 0.9
<1-2

1

-

372
84

1
1.35

2
8f

-

NO3--N
(mg L-1)
0.3 – 2.3
0.3 – 2.3
0.3 – 2.3
1.9 – 3.8
1.9 – 3.8
1.9 – 3.8
1.9 – 3.8
0 – 0.9
0 – 1.4

PO43--P
(µg L-1)
93 – 341
93 – 341
93 – 341
93 – 341
27 – 91
0 – 127

Latitude Longitude
32° 02’N
32° 02’N
32° 02’N
68° 21’N
49° 34’N
49° 34’N
49° 34’N
49° 30’N
48° 23’N
51° 47’N
42° 15’N
51° 59'N

118° 52’E
118° 52’E
118° 52’E
19° 03’E
6° 37’E
6° 36’E
6° 36’E
6° 34’E
71° 25’W
5° 51’E
84° 03’W
5° 40'E

36.5 – 227.6 7.5 – 18.2e
0 – 56.0

2.4 – 6.4d

Reference
Gao et al. (2013)
Gao et al. (2013)
Gao et al. (2013)
Wik et al. (2014), Wik (2016)
Wilkinson et al. (2015)
Wilkinson et al. (2015)
Wilkinson et al. (2015)
Wilkinson et al. (2015)
DelSontro et al. (2016)
Van Bergen et al. (2019)
Baker-Blocker et al. (1977)
This study

Systems presented in Fig. 1.
Mean methane ebullition (ME) at 20 °C.
c
Different water depths of sublocations (D1-D3) are mainly the consequence of differences in
sedimentation rates.
d
Dissolved organic carbon.
e
Total organic carbon.
f
Number of mesocosms.
a

b
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Supplementary Figure 1. Surface sediment temperature & mean CH4 ebullition for the control and
warm treatment (+4°C). Upper lines denote surface sediment temperature, whereas lower lines denote
mean CH4 ebullition for the control (black) and warm (red) treatment, respectively. From 3 till 10 August,
a heat wave (+4°C) was applied to both treatments.

P = 0.200

Sedimented carbon (g C m-2)

GPP (g C m-2)
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P = 0.888
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0
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Supplementary Figure 2. Cumulative annual Gross Primary Production (GPP) (a) and sedimented
carbon (C) (b) for the control and warm treatment. Error bars denote s.e.m. (n = 4). Differences between
treatments were tested with a Mann-Whitney and t-test, respectively.
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Supplementary Figure 3. Effect of changing CH4 solubility on CH4 ebullition throughout the year for
the control (a) and warm treatment (b). Colored solid line denotes the measured ebullitive flux, dashed
black line denotes calculated ebullitive flux assuming no changes in CH4 solubility in sediment pore
water, dotted line denotes water temperature.
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Supplementary Figure 4. Mean oxygen penetration depth in the sediment at temperatures of 6, 12,
22, and 30 °C. Oxygen depth was determined at the end of a 17-day sediment core incubation
experiment (n = 3 for each temperature) using a needle-type O2 microsensor connected to a micro fiber
optic O2 meter (Microx TX3; PreSens GmbH, Regensburg, Germany). Error bars denote ± 1 SD. During
incubation, overlying water of sediment cores was continuously and gently bubbled with compressed
air, resulting in oxygen concentrations close to air-water equilibrium. Sediment was collected from a
spare limnotron with an identical setup as the control limnotrons.
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Supplementary Figure 5. Mean diffusive CH4 emissions for the control and the warm (+4°C)
mesocosms. Red circles and lines (arithmetic mean) denote warm treatment, black ones denote control.
From 3 till 10 August, a heat wave (+4°C) was applied to both treatments (red shading). Top right scatter
plot shows correlation between temperature and diffusive CH4 emission for the control and warm
treatment (in both cases Spearman rho = 0.40; n = 72; P < 0.001).
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Abstract
Small water systems are important hotspots of greenhouse gas (GHG) emission,
but estimates are poorly constrained as data are scarce. Small ponds are often
constructed in urban areas, where they receive large amounts of nutrients and
therefore tend to be highly productive. Here, we investigated GHG emissions,
seasonal and diel variation, and net ecosystem production (NEP) from an
urban pond. In monthly 24‐h field campaigns during 11 months, diffusive
water–atmosphere methane (CH4) and carbon dioxide (CO2) fluxes and CH4
ebullition and oxidation were quantified. With oxygen (O2) measurements,
NEP was assessed. The pond was a net GHG source the entire year, with an
emission of 3.4 kg CO2 eq m-2 yr-1. The dominant GHG emission pathway was
CH4 ebullition (bubble flux, 50%), followed by diffusive emissions of CO2 (38%)
and CH4 (12%). Sediment CH4 release was primarily driven by temperature and
especially ebullition increased exponentially above a temperature threshold
of 15°C. The pond’s atmospheric CO2 exchange was not related to NEP or
temperature but likely to a high allochthonous carbon (C) input via runoff and
anaerobic mineralization of C. We expect urban ponds to show a large increase
in GHG emission with increasing temperature, which should be considered
carefully when constructing ponds in urban areas. Emissions may partly be
counteracted by pond management focusing on a reduction of nutrient and
organic matter input.
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Introduction
Although lakes and ponds only cover a small area of the Earth’s nonglaciated
land area (~ 4%; Verpoorter et al. 2014), they play a disproportionally large role
in the global carbon cycle due to the large amount of C they process, store, and
transport (Tranvik et al. 2009). The majority of lakes and ponds is a significant
source of CO2 and CH4 to the atmosphere (Cole et al. 1994, Bastviken et al.
2011), while at the same time, they bury large amounts of C in their sediments
(Dean and Gorham 1998, Mendonça et al. 2017). Carbon emission in lakes and
ponds is largely driven by hydrological CO2 inputs (Weyhenmeyer et al. 2015,
Wilkinson et al. 2016) and by mineralization of organic matter (OM) within the
system (Algesten et al. 2004). Conversely, primary producers can assimilate
CO2 at such high rates that the system turns into a CO2 sink (Roland et al.
2010, Pacheco et al. 2014). However, global and regional studies suggest that
only a small portion of lakes (6–14%) is undersaturated with respect to the
atmospheric CO2 (Cole et al. 1994, Kosten et al. 2010).

3

Annually, lentic inland waters emit 0.3 Pg C as CO2 (Raymond et al. 2013) and
0.08 Pg C as CH4 (Bastviken et al. 2011). This last value may be an underestimate,
as ebullition is likely underestimated (Wik et al. 2016a). Although small
waterbodies (< 50 ha) comprise 98% of lentic inland waters by number and
one third by volume (Downing et al. 2006, Verpoorter et al. 2014), small lakes
and ponds are strongly underrepresented in literature (Downing 2010), and
greenhouse gas (GHG) inventories such as the United Nations Framework
Convention on Climate Change. Yet, these small systems are estimated to be
responsible for 15% and 41% of the global CO2 and CH4 diffusive emission from
lentic freshwaters, respectively, and thus are important hotspots of C emission
(Holgerson and Raymond 2016).
Here, we investigated GHG emissions from a small nutrient‐rich urban pond.
Ponds in urban areas are constructed for recreational reasons and also for
microclimate regulation, for rainwater storage, or as ornamental features to
improve public open spaces (Bolund and Hunhammar 1999). They provide
several ecosystem services that enhance human wellbeing (e.g., recreation and
microclimate regulation), but ponds also enhance biodiversity by increasing
ecological connectivity in urban areas (Gledhill et al. 2008). Since the end of
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the 19th century, urbanization has increased exponentially and is expected
to keep increasing, especially in developing countries (Champion 2001).
Urban ponds are mostly shallow and stagnant, which makes them highly
susceptible to anthropogenic disturbances and eutrophication (Waajen et al.
2014). They generally receive a large amount of nutrients, for example, from
bird droppings, sewage overflow, and stormwater runoff (Scherer et al. 1995,
Novotny 1999, Waschbusch et al. 1999, Wong et al. 2000), which frequently
leads to phytoplankton blooms (Waajen et al. 2014) and could affect GHG
emission.
Especially the high perimeter to surface area ratio of small urban ponds could
result in a relatively high input of terrestrial OM, which may play an important
role in fueling heterotrophic respiration (Hanson et al. 2007). Even though
eutrophic systems tend to have a high gross primary production (GPP; Smith
1979, Balmer and Downing 2011), ecosystem respiration (ER) tends to be high
in these systems as well (Sand-Jensen and Staehr 2009). Hence, while in some
eutrophic systems, the high primary production rates may lead to a net uptake
of CO2 (Pacheco et al. 2014), this is not necessarily the case as ER and the inflow
of CO2 via surface or groundwater may outweigh the primary producers’ CO2
uptake (Casper et al. 2000, Trolle et al. 2012). In addition, the high OM input,
together with the phytoplankton‐derived C that tends to be easily degradable,
potentially leads to high CH4 production rates in urban ponds (West et al. 2012,
West et al. 2015a, Martinez-Cruz et al. 2017).
The high relative contribution of small ponds to freshwater GHG emissions in
combination with the scarcity of data regarding pond GHG emissions was our
rationale for quantifying whole‐year water–atmosphere CO2 and CH4 fluxes
and their seasonal and diel variation in an urban pond. With an intensive
measurement campaign, we aimed to not only quantify CO2 and CH4 emission
from a temperate and hypereutrophic urban pond but also to obtain insight in
temporal and spatial variation of fluxes to optimize future efforts to quantify
GHG emissions from small systems. Additionally, we aimed to identify the
main ecosystem components—sediment, phytoplankton, heterotrophic
picoplankton, and fish—responsible for the within‐system CO2 production
and consumption. Our approach combined daytime and nighttime field
measurements on a monthly basis with laboratory assays and modeling.
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We hypothesized the pond to be an important GHG emitter as well as an
important C sink, with a higher CH4 emission during warm months. We further
hypothesized that the pond would shift between a net C source in fall and
winter to a net C sink in spring and summer, mainly due to fluctuations in
CO2 emission caused by phytoplankton growth—i.e., high CO2 uptake by
photosynthesis in summer and much less so in winter. Because of the high
primary production, we also expected a high variability in diel CO2 emission,
especially in summer. Due to the shallowness of the pond (average depth of
1.3 m), we expected the sediment to be a major contributor to CO2 emission
but simultaneously an important site for C burial because of a high OM loading.

3

Materials and methods
In the field, we measured diffusive water–atmosphere fluxes of CH4 and CO2,
ebullitive CH4 fluxes, water layer CH4 oxidation rates, and diel oxygen (O2)
concentrations. The pond’s net ecosystem production (NEP), GPP, and ER were
calculated from O2 concentrations. A metabolic model was constructed that
included aerobic respiration estimates for each organism group (organisms
in the sediment, phytoplankton, heterotrophic picoplankton, and fish), based
on temperature and O2 consumption. The outcome of both the field and
laboratory measurements, combined with data from an existing hydrological
model for the pond area, and literature data, were joined in a mass balance to
unravel the major contributors to the CO2 flux. Finally, C burial rates in the pond
were determined in order to compare C burial and emission rates.
Study site and sampling strategy
This study was performed in manmade urban pond situated in Malden,
Gelderland, the Netherlands (“Korte Loef,” 51°46'30"N, 5°51'11.22"E). The pond
was constructed in 1994 to function as a rainwater overflow for the surrounding
urban area. It covers an area of 4635 m2, stores approximately 6000 m3 of water,
and has distinct central (± 2 m) and littoral (≤ 1 m) zones (respectively, 44%
and 56% of the total surface area). Monthly field campaigns were performed
from July 2013 till May 2014. During the field campaigns, measurements were
performed over 24‐h periods at two sampling stations, one in the central
and one in the littoral zone, that were placed at the same location every field
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campaign. Groundwater samples were taken from a well situated 20 m from the
shore. Every 15 min, the O2 concentration, temperature, and pH were measured.
Diffusive gas fluxes were measured every 3 h during the campaign, whereas
methane ebullition and oxidation were measured separately in the light and
dark period. We did not sample in June due to logistic reasons, therefore values
for this month were interpolated using the average values of May and July
in order to obtain year‐round estimates. Areal estimates of gas fluxes for the
entire pond were calculated based on the weighted average of the central and
littoral area. In our analyses, we considered the months June, July, and August
as the summer season; September, October, and November as fall; December,
January, and February as winter; and March, April, and May as spring.
Water chemistry
A depth integrated water sample was taken from each of the sampling stations
once per field campaign for chemical analyses. Unfiltered water samples were
analyzed for total phosphorus (TP), by inductively coupled plasma spectrometry
(ICP‐OES iCAP 6000, Thermo Fisher Scientific), and for total inorganic nitrogen
(TIN) by measuring and summing the ammonium (NH4+) and nitrate (NO3-)
concentrations. Ammonium and nitrate were measured colorimetrically with
an Auto Analyzer 3 system (Bran & Luebbe), using salicylate (Grasshoff and
Johannsen 1972) and hydrazine sulfate (Kamphake et al. 1967), respectively.
Phytoplankton chlorophyll‐α (Chl α) concentration and division over major
groups (brown, green, and blue Chl α) were determined using a phytoplankton
analyzer system with a portable emitter–detector unit (Phyto‐PAM and Phyto‐
ED, Walz).
O2, temperature, and pH
During the monthly 24‐h field campaigns, we deployed a multiparameter
portable meter (HQ40d, Hach) equipped with a luminescent/optical dissolved
oxygen probe (LDO101) fitted with a temperature and barometric pressure
sensor (model LDO101) and a pH–temperature sensor (model 9156BNWP) at
the littoral and at the central station, at 0.5 m depth. Dissolved O2 concentration,
temperature, pH, and barometric pressure were recorded every 15 min. A third
multimeter was used to sample vertical dissolved O2 and temperature profiles
at both stations every 3 h.
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CO2 and CH4 emission
Diffusive CO2 and CH4 fluxes across the air–water interface were measured
using a transparent Plexiglas floating chamber (30 cm diameter, 20 cm height)
connected to a GHG analyzer (GGA) using Off‐axis ICOS technology (GGA‐24r‐
EP, Los Gatos Research). A closed loop between the chamber and the detector
was established using an inlet and outlet on the top of the chamber. A third
opening, fitted with an air‐tight screw cap, was used to equilibrate the chamber
with atmospheric pressure prior to each measurement. Measurements were
conducted every 3 h, by placing the chamber three times (treated as triplicates)
at the central and littoral zone. Each measurement took about 200s, and the
GGA was configured to log data every second. The flux of CO2 and CH4 was
calculated based on the slope of the relationship between the concentration
in the chamber headspace and time:

3

(1)
where F is the gas flux (g m-2 d-1), V is the chamber volume (m3), A is the chamber
surface area (m2), slope is the slope of the relationship between the CH4 or CO2
concentration and the time (ppm s-1), P is atmospheric pressure (Pa), F1 is molar
mass of CO2 (44) or CH4 (16) (g mole−1), F2 is the conversion factor of seconds
to days, R is gas constant 8.3145 (m3 Pa K−1 mol−1), and T is temperature (K). The
values from the triplicate measurements were averaged to give the flux of each
station (i.e., central or littoral zone). The fluxes of CO2 and CH4 were multiplied
by their global warming potential (GWP, 1 and 34 over a 100 yr time horizon,
respectively; IPCC 2013) and then summed to obtain the total GHG flux in CO2
equivalents (CO2 eq).
Ebullition
In order to quantify the spontaneous release of bubbles from sediments to the
atmosphere (ebullition), three inverted funnels with a diameter of 35 cm were
connected to water‐filled infusion bottles (volume of 0.5 liter) and employed
at the pelagic zone of the pond [as in Almeida et al. (2016)]. Infusion bottles
were replaced at sunset or sundown, and after collection, the gas volume was
measured by subtracting the weight of each bottle from the full filled weight
(i.e., completely filled with water) of the bottle. The CH4 concentration of the
gas was analyzed on a HP 5890 gas chromatograph equipped with a Porapak
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Q column (80/100 mesh) and a flame ionization detector (GC‐FID, Hewlett
Packard).
CH4 oxidation and sediment CH4 release
CH4 oxidation was measured as the decline in CH4 concentration over time [as
in Bastviken et al. 2008], in three flexible medical blood bags (volume 500 mL)
located in the shallow (0.5 m) or deep (1 or 2 m, depending on whether it was
the littoral or central zone, respectively) part of the water column, in each
sampling station. Separate blood bags were incubated with pond water from
the corresponding depth, during day and night to evaluate potential temporal
differences in CH4 oxidation. The exact same procedure was followed as in
Almeida et al. (2016). As a proxy for sediment CH4 release, we used the sum of
quantified CH4 oxidation, CH4 water–atmosphere diffusion, and CH4 ebullition.
In months where no CH4 oxidation was quantified due to technical difficulties
(January and May), oxidation was estimated as a function of the diffusive CH4
flux. The rationale behind this is that the methane oxidation rate strongly
dependents on the methane concentration, which, in turn, affects CH4 diffusion
(CH4 oxidation = 0.0476 × exp[28.97 × CH4 diffusion]; R2adj = 0.87).
NEP and respiration by different organism groups
We used 15‐min interval O2 measurements to calculate the O2 change over
time (ΔO2; g O2 L-1 h−1) and subsequently calculated NEP by integrating ΔO2
over 24 h (as in Cole et al. 2000, Staehr et al. 2010). From the NEP, GPP, and
ER were calculated (see Supporting Information SI 1 for details). Subsequently,
we distinguished different organism groups contributing to the aerobic ER in
the pond: phytoplankton, heterotrophic picoplankton, and methanotrophs in
the water layer; organisms in the sediment; and fish. To assess the contribution
of all separate organism groups to the ER, we constructed a metabolic model
consisting of the relationship between water temperature and O2 consumption
for each organism group. These relationships were based on incubations
and—for fish respiration—on literature‐derived relationships (see Supporting
Information SI 2 for details).
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Hydrological inputs and within‐pond CO2 production
For each season, we assessed the relative importance of hydrological CO2 input
via groundwater, within‐pond CO2 production from ecosystem productivity
(NEP) and from photochemical mineralization of chromophoric dissolved
organic carbon (cDOC) (see Supporting Information SI 3 for details). The CO2
input from groundwater was calculated based on the estimated groundwater
inflow and the CO2 concentration in the groundwater. Photochemical
mineralization cDOC was calculated as a direct response to solar radiation
exposure and solely based on the average daily light intensity (as in Vähätalo
et al. 2000, Weyhenmeyer et al. 2015). Light intensity data were obtained from
weather station Volkel, Noord‐Brabant, The Netherlands.

3

C burial
Organic C burial rates were estimated by taking six sediment cores (6 cm
diameter) with a piston sampler at locations distributed over the central zone of
the pond, determining total C content and dividing the estimated areal C stock
of the pond by its age (according to Mendonça et al. (2014); see Supporting
Information SI 4 for details).
Statistics
All statistical analyses were performed using R (version 3.5.0). Statistical
significance was determined at p < 0.05. The effect of location (littoral or
center) and time of day (day or night) on GHG fluxes and methane oxidation
were tested using linear mixed‐effects and generalized linear mixed‐effects
models (LMM and GLMM, respectively) using the “lme4” package (Bates et al.
(2015); see Supporting Information SI 5 for details). For methane oxidation, the
effect of water depth (shallow or deep) was also evaluated. Assumptions of
linearity, homoscedasticity, and normality were checked by visual inspection of
residual plots and a Shapiro Wilk’s test (function shapiro.test), respectively (see
Supporting Information SI 5 for details). Simple linear regression and nonlinear
regression were performed using the lm and nls function, respectively.
Coefficients and p values for Pearson correlations were obtained using the
rcorr function (“Hmisc” package). All error values in the manuscript give the
standard deviation.
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Results
Water chemistry
The yearly average concentrations of TP and TIN were 4.5 ± 0.9 and 54.0 ± 32.3
μmol L−1, respectively. The average Chl α concentration was 81 ± 29 μg L−1, with
the lowest concentration observed in April (37 μg L−1) and highest concentration
in July (119 μg L−1). The water layer was dominated by cyanobacteria during
summer and fall and by green algae during winter and spring. The observed
water temperature varied from 4.3°C during winter to 27.8°C during summer
and was 13.0°C ± 0.7°C on average. The O2 concentration, measured at 0.5 m
depth, varied between 1.6 and 13.5 mg L−1 during the year and was on average
9.1 ± 2.6 mg L−1. The O2 concentration near the bottom of the pond ranged
between approximately 0 and 11 mg L-1. During July, August, and September,
diurnal stratification occurred, with mixing occurring at night. During the other
months, the pond was homogeneously mixed all day. The pH had a neutral
value on average (7.2 ± 0.2), with slightly acidic values in summer (pH around
6.5) and slightly basic values in spring and fall (pH around 8).
Carbon flux and burial
The urban pond was a net C source all year with an average C (CO2‐C and
CH4‐C) emission of 1.07 ± 0.43 g C m-2 d-1. On average, the diffusive CO2 emission
was 0.95 ± 0.40 g CO2‐C m-2 d-1, with the highest values measured in summer
and winter season (Figs. 1, 3). CO2 diffusion was not related to temperature
(F1,9 = 0.204; p = 0.66, R2 = 0.02) or Chl α concentration (F1,9 = 0.008; p = 0.93,
R2 = 0.001). Both diffusive and ebullitive CH4 emission were positively related
to temperature (R2adj = 0.86 and R2adj = 0.82, respectively), and thus similarly the
total CH4 emission as a sum of these fluxes was positively related to temperature
(Fig. 2). The diffusive and ebullitive CH4 emission were, respectively, 0.02 ± 0.30
and 0.10 ± 0.49 g CH4‐C m-2 d-1. Most CH4 was emitted via the ebullitive emission
pathway (75%), and only approximately 25% was emitted via diffusion. When
taking the GWP into account, we found a yearly GHG emission (CO2 and CH4
emission combined) of 9.19 ± 7.99 g CO2 eq m-2 d-1. The yearly average ebullitive
CH4 emission was 4.63 ± 6.70 g CO2 eq m-2 d-1, which was considerably higher
than the other fluxes. The yearly average diffusive CO2 and CH4 emissions were
respectively 3.46 ± 1.48 and 1.09 ± 4.09 g CO2 eq m-2 d-1. An annual average C
burial rate of 29 g C m-2 yr-1 was found, which is substantially lower than the
annual C emission (CO2 and CH4 emission combined) of 391 g C m-2 yr-1.
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Fig. 1. Measured CO2 diffusion, CH4 diffusion, and CH4 ebullition in CO2 equivalents (g CO2 eq m-2 d-1) ± SD.
At some dates, the error bars (SD) are too small to show in the figure.

Methane emission to the atmosphere
Sediment methane release

1.6

Methane flux (g C m-2 d-1)
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Fig. 2. Relationship between water temperature and CH4 fluxes in the pond. All average values are
shown with their standard deviation, but at some dates, the error bars are too small to show. The solid
line shows the relationship of water temperature with the average total CH4 emission to the atmosphere
(black dots), which includes water–atmosphere diffusion and ebullition. The dashed line shows the
relationship of water temperature with sediment CH4 release (white dots), which was calculated as the
sum of water–atmosphere CH4 diffusion and ebullition and water column CH4 oxidation. Note that CH4
oxidation rates were not measured in January and May. In these months, we estimated CH4 oxidation
rates based on the relationship between CH4 diffusion and oxidation (see Materials and Methods
section).

Sediment CH4 release and CH4 oxidation
The sediment CH4 release was estimated by summing the average CH4 diffusion,
ebullition, and oxidation in the water column for each month. The estimated
sediment CH4 release was positively related to water temperature (Tw), with
the highest release rate observed at the highest water temperature (Fig. 2).
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There seems to be a threshold around 15°C, above which the sediment CH4
release increases substantially (from April up to and including September). The
estimated sediment CH4 release varied considerably throughout the year, from
0.01 ± 0.005 g CH4‐C m-2 d-1 in March to 1.04 ± 0.46 g CH4‐C m-2 d-1 in July (Fig. 2).
The percentage of estimated sediment CH4 emission that was oxidized before
reaching the atmosphere, varied from 0% to 97% over the year (average 57%),
with values ranging between 0 and 0.58 g CH4‐C m-2 d-1. On average, 0.16 g
CH4‐C m-2 d-1 was oxidized. We found a significant location–depth interaction
effect (GLMM: Wald Z = 6.31; p < 0.001): the effect of deep vs. shallow incubation
on CH4 oxidation rates is larger for the littoral than the central zone of the pond.
There was also a significant time–location–depth interaction (GLMM: Wald
Z = −15.59; p < 0.001).
Temporal and spatial variation in C fluxes
The CO2 : CH4 emission ratio (in CO2 equivalents) varied strongly over the year
(Supporting Information Table S2). In March, the ratio was 1 and there was
an equal share of GHG emitted. From April until September, the ratio was
well below 1, indicating the importance of CH4 emission. The ebullitive CH4
flux dominated the GHG emission, with a share of 75% of total CH4 emission
and 50% of total GHG emission. From October until February, CO2 formed the
majority of GHG emission, with a share of 80% to 96%. The CH4 emissions were
low during these coldest months (< 0.5 g CO2 eq m-2 d-1), and more than 85% of
methane released by the sediment was oxidized (Fig. 3). No significant temporal
(LMM: F1,10 = 2.87; p = 0.12) and spatial (LMM: F1,10 = 4.09; p = 0.07) difference in
diffusive CO2 flux was found. Similarly, there was no significant temporal (LMM:
F1,10 = 3.01; p = 0.11) nor spatial (LMM: F1,10 = 2.61; p = 0.14) difference in diffusive
CH4 emission, although the emission was mostly higher in the central zone
(Supporting Information Fig. S1). For ebullition, we found a significant main
effect of location (GLMM: Wald t = 2.18; p = 0.029), with higher ebullition in
the center of the pond. In addition, we found a significant interaction (GLMM:
Wald t = 2.66; p = 0.008) between time and location: the effect of the center vs.
the littoral zone of the pond was higher for nighttime than for daytime CH4
ebullition rates.
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3
Fig. 3. Seasonal carbon fluxes measured in the pond ± SD. All values are in g CO2 eq m-2 d-1, except for OC
burial (g C m-2 d-1). A negative NEP indicates ER exceeded GPP, thereby adding to the DIC pool. A positive
NEP (GPP > ER) indicates consumption of DIC. Arrows depict the direction of C transport.

Relative importance of hydrological inputs and within‐pond CO2 production
High GPP rates were found throughout the year (average of 3.30 ± 2.79 g
CO2‐C m-2 d-1); however, high rates of ER were observed as well (3.66 ± 2.66 g
CO2‐C m-2 d-1). On average, ER rates exceeded GPP rates, which led to net
heterotrophy in the system (average NEP of −0.36 ± 0.69 g CO2‐C m-2 d-1). We
found net heterotrophy in the system in 8 out of 11 months (NEP of −0.64 ±
0.48 g CO2‐C m-2 d-1) and (minor) net autotrophy in the months February, March,
and September (with a respective NEP of 0.02, 0.30, and 1.08 g CO2‐C m-2 d-1). In
months where ER exceeded GPP, the contribution of the NEP to the measured
CO2 emission from the pond was approximately 50% on average. In months
with net autotrophy (GPP > ER), the pond still emitted CO2. When CO2 inputs
from groundwater (yearly average of 0.03 ± 0.01 g C m-2 d-1) and CO2 formed by
photochemical mineralization of DOC (yearly average of 0.009 ± 0.007 g C m-2
d-1) were added to the NEP in months with net heterotrophy (indicating CO2
production), the contribution to the measured CO2 emission was 56%.
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Partitioning of ER between organism groups
Empirical relations found to predict organism group‐specific respiration
(Supporting Information Table S1), based on the relationship between
temperature and respiration rates, failed to accurately predict the measured
ER of the system (based on the nighttime O2 decrease at 50 cm depth;
Supporting Information Fig. S2). The sum of the modeled respiration of
the different organism groups only accounted for roughly half (56%) of the
aerobic ER, estimated from the nighttime O2 curve (Supporting Information
Fig. S3). Phytoplankton respiration contributed most to the modeled aerobic
ER, with 34.7% on average. After that, the heterotrophic picoplankton and
sediment organisms in the lake contributed most to ER with 26.8% and 24.3%,
respectively. Fish and methanotrophs contributed the least to ER, with 8.9%
and 5.3%, respectively.

Discussion
Our findings demonstrate that the temperate urban pond was a year‐round
source of GHG, with a particularly large CH4 emission. The areal GHG emitted
by the pond was 3.4 kg CO2 eq m-2 yr-1, which corresponds to 15.5 t of CO2
equivalents emitted from the pond surface per year. CH4 ebullition was by far
the most important GHG emission pathway (~ 50% of total emission), especially
during warm months as we hypothesized (> 15°C, mostly in spring and
summer), while diffusive CH4 and CO2 emission contributed with 12% and 38%,
respectively. The diffusive CH4 emission from this small urban pond was three
times higher than the average emission reported for small waterbodies within
the same size class (on average 0.01 g CH4 m-2 d-1, size class 0.001–0.01 km2;
Holgerson and Raymond (2016). Moreover, the total CH4 emission (168 mg CH4
m-2 d-1) is moderately high compared to other temperate lakes, irrespective of
lake size (Supporting Information Table S3). The OC burial rate corresponded to
approximately 6% of the total C emission from the pond (443 g C m-2 yr-1), which
is rather low, as a recent global analysis indicates that on average lakes and
reservoir C burial corresponds to roughly 20% of their emissions (Mendonça
et al. 2017). Opposed to our hypothesis, the pond did not shift between a net
C source in fall and winter to a net C sink in spring and summer. The pond
emitted CO2 to the atmosphere throughout the entire year, even in months
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where diel oxygen curves indicated the pond was net autotrophic, suggesting
that external CO2 sources other than within‐system aerobic respiration play
an important role. Overall, the urban pond acted as a “carbon hub,” receiving
carbon from different sources, processing, and redirecting the carbon in
different ways.
Sediment CH4 release was strongly related to water temperature and increased
exponentially above 15°C (Fig. 2), mainly due to increased ebullition. This
result corroborates findings in other systems in various climate regions where
temperature‐induced exponential increases in ebullition were observed (Aben
et al. 2017). Nutrients and organic C limitation may constrain sediment CH4
release and thereby impede its increase with warming (Kelly and Chynoweth
1981, Schwarz et al. 2008, DelSontro et al. 2016). This is, however, unlikely to
occur in hypereutrophic urban ponds, where labile OM availability tends to be
high throughout the year both due to internal production and external inflow.
The high OM availability and anoxic conditions in pond sediments, combined
with the shallow water layer, readily explain the high rates of CH4 ebullition in
our pond (Sobek et al. 2012, Martinez-Cruz et al. 2017). As these conditions
are common in urban ponds (Waajen et al. 2014), our results imply that CH4
emission from these systems is high and strongly temperature dependent. The
increase of CH4 oxidation with rising temperature was much weaker than that
of sediment CH4 release, which resulted in a high summer CH4 emission (Fig. 2)
and is in accordance with a previous laboratory study (Sepulveda-Jauregui et al.
2018). In fall and winter, a high proportion (over 85%) of CH4 was oxidized (Fig. 3)
and emissions were low. CH4 oxidation rates in our pond were comparable with
rates found in other eutrophic systems, which were in a range between 0 and
0.32 g C m-2 d-1 (Bastviken 2009). Only during July—when water temperature
was the highest recorded (25°C)—we found a rate exceeding the reported
range (0.58 g C m-2 d-1). Notably, our estimates do not incorporate oxidation
at the sediment–water interface, which can be considerable (Bastviken 2009,
Martinez-Cruz et al. 2018).

3

Diffusive CO2 emission was, after CH4 ebullition, the most important
contributor to the pond’s total GHG emission. The internally produced CO2
(NEP), calculated based on diel O2 curves, was always lower than the measured
CO2 emission rates (comprising on average ~ 50% of the emission rate). Even
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during phytoplankton blooms in summer, when GPP exceeded ER, CO2 was
emitted to the atmosphere (6.1 ± 3.5 g CO2‐C m-2 d-1). Daytime and nighttime
CO2 emissions were not statistically different. This indicates that the pond’s
atmospheric CO2 exchange was not strongly regulated by primary production
within the lake, opposed to our hypothesis and to findings of Pacheco et al.
(2014). CO2 input from groundwater and photochemical mineralization of
DOC was responsible for approximately 6% of the measured CO2 emission. The
unexplained fraction of the CO2 emission likely originates from endogenous
anaerobic CO2 production or exogenously produced CO2 (entering via runoff
or local groundwater originating from e.g., leaves from trees, street dirt, or bird
droppings). Endogenous anaerobic CO2 may arise from denitrification, which
seems likely as Dutch groundwater often contains a large amount of nitrate
(Smolders et al. 2006). Allochthonous C is known to drive CO2 emission in small
and shallow ponds, owing to their high perimeter to volume ratio (Finlay et al.
2010, Holgerson 2015, Wilkinson et al. 2016). Other possible factors that may
explain the discrepancy between the measured CO2 emission and estimated
internal CO2 production include inaccurate estimates of oxygen saturation
and gas transfer velocity, as well as a possible underestimation of daytime
respiration (Del Giorgio and Williams 2005, Staehr et al. 2010, Brothers et al.
2017). Estimating respiration rates per organism group is a difficult practice
as well and comes with several uncertainties and caveats (Del Giorgio and
Williams 2005, Martinez and Anderson 2013), which was confirmed by the fact
that our modeled ER only accounted for roughly half of the oxygen diel‐curve–
derived ER.
Seasonal trends in GHG emissions from temperate ponds have generally been
disregarded based on the observation that GHG emissions in these systems are
often not primarily driven by the seasonally varying within‐system metabolism
(Jonsson et al. 2003, Holgerson 2015). Although in our pond NEP played a
minor role in driving C emission as well, we did find a clear seasonal pattern
in GHG emissions (Figs. 1, 3). This seasonal trend is strongly determined by
ebullition (Fig. 1; Supporting Information Table S2). We found a lower CO2 : CH4
emission ratio with increasing temperature (Supporting Information Table S2),
largely due to an increase in CH4 emission, in accordance with other studies
(Yvon-Durocher et al. 2014, DelSontro et al. 2016). Unexpectedly, we did not
find clear differences in spatial and temporal (daytime or nighttime) diffusive
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GHG emission. Both, CH4 ebullition and diffusion were, however, clearly related
to temperature and ebullition was significantly higher in the central zone of the
pond. The latter contradicts other studies that suggest the littoral zone plays a
more important role in GHG emissions (Natchimuthu et al. 2015). Because of the
high spatiotemporal variation in total GHG emission and the high importance
of CH4 ebullition, we recommend future studies to explicitly incorporate
ebullition measurements and to take spatial differences into account even
in small systems, such as ponds. Furthermore, future monitoring efforts in
comparable temperate and eutrophic systems should be concentrated in the
months May through September, as in these months the highest fluxes and
highest variation occurs. A low number of measurements in fall and winter can
be used to estimate cold season emissions.

3

Extrapolating our findings to all urban ponds in the Netherlands (extrapolated
from data by Waajen et al. (2014)), we find a GHG emission of 0.27 Mt CO2
eq yr-1. This equals the annual emission of approximately 193,000 cars (based
on driving 13,200 km yr-1). City planners consider ponds as natural cooling
mechanisms to mitigate urban heat stress (Inard et al. 2004, Theeuwes et al.
2013); however, our findings indicate that this is not a GHG neutral option. In
addition, hypereutrophic urban ponds are more likely to be affected by raising
temperatures, as water temperatures of small and shallow water systems are
closely correlated to air temperature, making them sensitive to rapid warming
(Toffolon et al. 2014, Wik et al. 2014). Shallow, urban ponds with a high OM input
may thus likely exhibit enhanced CH4 emissions with global warming induced
rising of water temperatures (O’Reilly et al. 2015). Considering their already high
GHG emission rates, their inclusion in regional GHG emission assessments is
important. Climate change will likely feedback on urban ponds GHG emissions
and additionally worsen eutrophication and OM loading to the system (Moss et
al. 2011). In line with the idea of using local management strategies to mitigate
global stressors (Scheffer et al. 2015), management strategies for urban ponds
should be aimed at reducing eutrophication and OM loading. In this way, local
management may counteract the warming induced increase of GHG emissions
as well.
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Supporting Information
Materials and Methods
SI 1. Net ecosystem production
We used 15-min interval O2 measurements to calculate the O2 change over
time (Δ O2; g O2 L-1 h-1) and subsequently calculated NEP by integrating Δ O2
over 24 hours. Next to NEP, the physical water-atmosphere O2 diffusion (D; g O2
L-1 h-1) also influences O2 changes, which were taken into account according to
the following equation (as in Cole et al. (2000)):
∆ O2 = NEP + D

(Eq. 2)

Diffusion can add or remove O2 from the water layer, according to:
D = kO2 (O2 – O2sat)

(Eq. 3)

The gas transfer velocity for O2 (kO2) was estimated using the empirical
relationship k = k600 x (Sc/600)-n (Jähne et al. 1987), where n is 0.67 corresponding
to low turbulence conditions and Sc is the Schmidt number of O2, calculated for
the respective water temperature (T, °C) using the empirical relationship Sc =
1800.6 – 120.1 T + 3.7818 T2 – 0.0476 T3 (Wanninkhof 1992). The normalized
gas transfer velocity (k600) was estimated with wind speed at 10 m height (U10)
using the empirical relationship k600 (m h–1) = (2.07 + 0.215 x U101.7)/100 (Cole
and Caraco 1998). The O2 concentration (O2 in g L-1) in the water and the airsaturation (O2sat in g L-1) were measured. Wind speed was obtained from a
meteorological station at approximately 25 km distance from the research
location (Volkel, Noord-Brabant, The Netherlands). The station is part of the
Royal Netherlands Meteorological Institute and is the closest meteorological
station to the studied area (data available at: http://www.knmi.nl/nederland-nu/
klimatologie/uurgegevens).
The NEP was subsequently calculated by converting NEP expressed in O2 to CO2
using a photosynthetic and respiratory quotient of 1 (Del Giorgio and Williams
2005) and can be described as the sum of gross primary production (GPP;
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g CO2-C m-2 d-1) and ecosystem respiration (ER; g CO2-C m-2 d-1) according to
equation 4 (Staehr et al. 2010).
NEP = GPP + ER

(Eq. 4)

A positive value for NEP indicates that GPP exceeds aerobic ER and, taking all
aerobic processes into account, CO2 is consumed by the system. A negative
value for NEP infers CO2 is produced by the system as ER exceeds GPP.
Respiration rates were determined based on nighttime O2 measurements,
within a 5-hour time frame (00:00 till 05:00), when no photosynthesis occurred
year-round due to dark conditions. Nighttime respiration rates were assumed
to equal daytime respiration as diel temperature differences were negligible.
GPP was calculated by adding ER to NEP, both integrated over 24 hours (as in
Staehr et al. (2010)).

3

SI 2. Partitioning of ecosystem respiration between organism groups
Plankton respiration rates were determined in the laboratory in April 2014. Part
of the pond water was filtered through a Whatman GF/C glass microfiber-filter
with a pore size of 1.2 µm to exclude large photoautotrophs, in accordance with
studies reviewed by (del Giorgio et al. 1997). Chlorophyll α concentrations in the
filtered water samples were low (0.37±0.39 µg chl-α L-1, mean ± SD; hereafter
all error values are SD), indicating the filtrate contained mainly heterotrophic
picoplankton. The filtered and unfiltered water samples were transferred to
100 mL infusion bottles and incubated in dark conditions at temperatures
of 5, 10, 15, 20, 25, and 30°C to mimic the year-round temperatures. O2
concentrations were measured after 0, 2.5, and 5 hours by piercing the bottle’s
screw cap septum with a needle-type O2 microsensor connected to a micro
fiber optic O2 meter (Microx TX3; PreSens GmbH, Regensburg, Germany). The
linear decline in O2 concentration in filtered and unfiltered samples over time
was considered to represent the respiration rate of heterotrophic picoplankton
and the entire plankton community, respectively. We attributed the difference
between the respiration rates of the entire plankton community and the
respiration rates of the heterotrophic picoplankton to the phytoplankton
community (although part of it may have been caused by small zooplankton).
Subsequently, the phytoplankton respiration rate was calculated per µg
chlorophyll-α L-1 (average chl-α concentration in the samples was 61.9 ± 3.7
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µg L-1). The relationships between temperature and the respiration rates of
the heterotrophic picoplankton and phytoplankton were used to estimate the
rates that occurred on our measurement days using the 24-hour average water
temperature measured during those days. Phytoplankton respiration rates
were subsequently multiplied by the chlorophyll-α concentration determined
on the respective measurement days.
Respiration rates of methanotrophs in the water column were based on the
in situ CH4 oxidation incubations on each measurement day (exception for
January and May when the blood bags used for the incubations were lost).
In order to calculate the O2 consumption through methane oxidation, we
consider that 2 moles of O2 are consumed for each mole of CH4 oxidized (Del
Giorgio and Williams 2005).
Aerobic sediment respiration was determined in May 2014, through incubation
of 36 sediment cores sampled spatially distributed across the pond, using a
piston sampler. The upper 20 cm of each core was transferred to a glass
incubation cylinder (6 cm diameter). Overlaying water was carefully removed
and replaced by oxygenated demineralized water taking care not to disturb
the sediment. Cores were closed gastight with rubber stoppers containing a
septum and incubated at different temperatures (5, 10, 15, 20, 25, and 30 °C).
The O2 concentration was measured every 12 hours (up to 72 hours) with an
O2 microsensor (Microx TX3; PreSens GmbH, Regensburg, Germany) that was
inserted through the septum. The decline in O2 concentration was converted
to areal sediment respiration rates using the height of the water column in the
cylinders. The relationship between temperature and the aerobic sediment
respiration rate was used to calculate the rates for our measurement days using
the 24-hour average water temperature measured on those days.
Fish respiration rates were estimated based on the estimated total wet weight of
fish present in the pond. Data on the wet weight of planktivorous, benthivorous,
and piscivorous fish was provided by the local fishermen organization (Jan
Schaart, HSV Heumen). Wet weight was converted to dry weight per functional
group according and subsequently to C content using a conversion factor of
0.44 g C gDW-1 d-1 (as in Hannu and Karlsson (2006)). Fish respiration was then
calculated assuming 0.033 gram of C is respired per day per gram C of fish at
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a temperature of 30 °C (Kautsky 1995). Finally, we used an Arrhenius function
with temperature coefficient (Q10 of 1.83 for teleost fish; Clarke and Johnston
(1999)) to establish a temperature – fish respiration relationship (Table S1).
To determine how much each group of organisms contributed to the measured
ER, we used the following equation (equation 1):
ER = Rfish + Rhp+ Rsed+ Rmet + Rphyt + Rrest

(Eq. 1)

The equation includes fish respiration (Rfish), heterotropic picoplankton
respiration (Rhp), sediment respiration (Rsed), methanotrophic respiration (Rmet)
and phytoplankton respiration (Rphyt). The rest term (Rrest) is the difference
between the sum of ER and ER derived from O2 measurements.

3

SI 3. Relative importance of hydrological inputs and within-pond CO2
production
For each season, we assessed the relative importance of hydrological CO2
input and internal CO2 production for the total CO2 emission from the pond
and biological NEP (paragraph ‘Net ecosystem production’). The CO2 input
from groundwater was calculated based on the estimated groundwater inflow
and the CO2 concentration in the groundwater. The groundwater inflow was
estimated based on a non-stationary seasonal groundwater model (Borren and
Hoogewoud 2014), made available by water authority Rivierenland. Fall and
spring inflow were estimated by averaging the values for winter and summer.
Total Inorganic Carbon (TIC) concentration in the groundwater was measured
once a month from April to June, using infrared gas analyses (IRGA, ABB
Advance Optima, Zürich, Switzerland). Carbon dioxide levels in groundwater
were calculated from TIC concentrations, temperature, pH, and carbonic acid
equilibrium constants (Dickson and Millero 1987) according to equations in
(Stumm and Morgan 2012).
We estimated the CO2 production in the pond by summing the net aerobic CO2
production from the pond’s metabolism and photochemical CO2 production.
The three 24-hour measurements per season (two in spring) were averaged
to obtain seasonal averages. CO2 production by photochemical mineralization
of chromophoric dissolved organic carbon (DOC) was calculated as a direct
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response to solar radiation exposure and solely based on the average daily
light intensity (as in Vähätalo et al. 2000, Weyhenmeyer et al. 2015). Light
intensity data was obtained from weather station Volkel, Noord-Brabant, The
Netherlands.
To determine how much each process contributed to the CO2 flux, we used the
following equation (equation 5):
CO2 flux = NEP + CO2 phot + CO2 gr + rest term

(Eq. 5)

The rest term is the gap between the measured CO2 flux and the calculated
emission based on NEP, CO2 input from photochemical oxidation of DOC
(CO2 phot) and from groundwater (CO2 gr).
SI 4. Carbon burial
Six sediment cores (6 cm diameter) were taken with a piston sampler at
locations distributed over the central zone of the pond in February 2014. The
littoral zone of the pond contained less than 2 cm of sediment on top of gravel
(based on n > 20) and was discarded in this analysis. All cores contained visually
distinguishable pre-impoundment sediment at the bottom, corresponding to
the year of construction of the pond (1994), which allowed the estimate of
organic C burial rates (according to Mendonça et al. (2014)). In the laboratory,
sediment samples were sliced into parts of 5 cm, weighed and subsequently
dried for at least 48 hours at 70 °C. With the dry weights and the sampled
volume, the bulk density was calculated. The C content of the samples was
determined with an elemental analyzer (Carlo Erba NA1500, Thermo Fisher
Scientific, Waltham, MA, USA). The total C content (g C) of each core was
calculated by summing the C content of all slices. Additionally, the areal C
stock (g C m-2) was calculated dividing the total C content by the core area.
Considering the average areal C stock on the coring sites as representative of
the central zone and considering zero accumulation at the littoral zone, the
areal C stock of the entire pond was calculated. The integrated C burial rate (g
C m-2 yr-1) was calculated by dividing the pond’s areal C stock by the age of the
pond (20 years in 2014, when the measurements were performed).
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SI 5. Statistical analyses
The effect of location (littoral or center) and time of day (day or night) on
greenhouse gas fluxes was modeled with linear mixed-effects models (LMM)
using the lmer function of the ‘lme4’ package (Bates et al. 2015). Here,
location and time were included as fixed effects (tested with and without
interaction term). To deal with non-independence, stemming from repeated
measurements, we used random intercepts for months. Furthermore, we
expect the effect of time on gas fluxes to differ across months, for example due
to higher irradiation during daytime in spring and summer and due to seasonal
variance in day- vs nighttime water temperature. Similarly, the effect of location
may differ across months, for example due to seasonal differences temperature
profiles (e.g. higher sediment temperatures in shallow, littoral sediment in
summer, while similar sediment temperature of shallow and deeper sediment
in winter). Hence, we included by-month random slopes for the effect of time
and location. To meet assumptions of normality and homoscedasticity, diffusive
CO2 water-atmosphere flux data were square-root-transformed after adding
1037 to get rid of negative values. Diffusive CH4 water-atmosphere flux data
were log-transformed to meet model assumptions. We used type-III ANOVAs
to test the significance of fixed factors, with degrees of freedom and p-values
calculated using the Kenward-Roger approximation (‘lmerTest’ and ‘pbkrtest’
packages; Kenward and Roger 1997, Halekoh and Højsgaard 2014, Kuznetsova et
al. 2017). We modeled the effect of station and time (as well as their interaction)
on CH4 ebullition using a generalized linear mixed-effects model (GLMM) with
a Gamma distribution and log-link function using the glmer function of the
‘lme4’ package (Bates et al. 2015). To enable the use of this distribution and loglink function, ebullition data were added with a value of 1. GLMMs included the
same random effects structure as described earlier for LMMs. GLMM parameter
estimates were fit by maximum likelihood using Laplace approximation (Bolker
et al. 2009). The significance of fixed effects was assessed using Wald t-tests
(Bolker et al. 2009). Data of months without ebullition [ebullition generally
stops below a sediment temperature of 10 °C (Aben et al. 2017) were excluded
from the models as the many zeroes introduced by including these months
violated model assumptions for all tested error distributions and link functions.
We also used a GLMM to model the effect of station, time and depth (shallow
and deep incubations) for methane oxidation data. We used the random effects
structure as described earlier with the addition of a by-month random slope for
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the effect of depth. Methane oxidation data was added with 4882 to get rid
of negative values, and subsequently rounded to whole numbers to enable
the use of a Poisson distribution with square-root link function, as this error
distribution proved best for meeting model assumptions. The significance of
the fixed effects was assessed using Wald Z-tests (Bolker et al. 2009). For all
models the normality assumption was violated by a single or few data points (1,
4, 2, and 2 data points for diffusive CO2, diffusive CH4, ebullition, and methane
oxidation data, respectively). Hence, models were run with and without these
data points. When omitted, these data points affected statistical significance,
hence we reported the most conservative (least significant) result.
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Fig. S1. Fluxes of CO2 diffusion, CH4 diffusion and CH4 ebullition (g CO2 eq m-2 d-1 ) ± SD (left to right: June
2013 till June 2014). Significant spatial and temporal differences in flux intensities are presented. At
some dates, error bars (SD) are too small to show in the figure.
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Fig. S2. Sum of the modeled respiration of the major organism groups versus the ecosystem respiration
(ER) calculated based on the dark period of the diel oxygen curves.
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Fig. S3. Modeled respiration of the major organism groups as a percentage of the ecosystem respiration
(ER) calculated based on the dark period of the diel oxygen curves.
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Tables
Table S1. Empirical relationships between respiration of different organism groups (in mg O2 L-1 h-1) and
water temperature (Tw; °C) as found in this study or derived from literature.
Ecosystem
component
Phytoplankton
Heterotrophic
picoplankton
Sediment
organisms
Fish

Relations describing component-specific respiration rates

R2

p

n

F

Ra (mg O2 µg chl-α-1 L-1 h-1) = 7.3 *10-5 * Tw – 2.4 * 10-4
Rp (mg O2 L-1 h-1) = 9 *10-3 * Tw + 1.97 * 10-2

0.94
0.82

0.001
0.01

6
6

60.61
18.31

Rs (mg O2 L-1 h-1) = 1.2 *10-3 * Tw + 1.43 * 10-2

0.85

0.03

6

17.20

Rf = exp (

3

* ln Q10 + ln 0.03)

Q10 = 1.83 (Clarke and Johnston 1999)

Table S2. Average monthly quantified CO2 and CH4 fluxes (± SD) and the ratio between the CO2 and CH4
flux (including diffusion and ebullition) in CO2 equivalents. A factor of 34 was used to convert CH4 to CO2
eq (IPCC 2013).
Month
July
August
September
October
November
December
January
February
March
April
May

Diffusive CO2 flux
(g CO2 eq m-2 d-1)
5.0 ± 1.3
7.1 ± 3.3
1.8 ± 0.8
1.5 ± 0.5
6.0 ± 2.4
4.6 ± 0.8
4.9 ± 1.5
1.3 ± 0.5
0.5 ± 0.5
2.3 ± 0.7
2.7 ± 0.9

Diffusive CH4 flux
(g CO2 eq m-2 d-1)
3.5 ± 4.0
3.1 ± 4.9
1.3 ± 2.7
0.1 ± 0.0
0.3 ± 0.2
0.3 ± 0.1
0.4 ± 0.2
0.3 ± 0.5
0.5 ± 0.2
0.4 ± 0.3
0.8 ± 11.7

Ebullitive CH4 flux
(g CO2 eq m-2 d-1)
17.2 ± 7.1
13.6 ± 5.9
9.4 ± 20.1
0
0
0
0
0.04 ± 0.05
0.03 ± 0.16
2.5 ± 1.1
2.8 ± 1.6

Ratio CO2/CH4 in
CO2 eq
0.2
0.4
0.2
15.4
21.5
13.8
13.9
4.3
1.0
0.8
0.7
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Table S3. Literature overview of observed CH4 fluxes of waters in temperate regions, based on a search
of different combinations of keywords: “ebullition AND temperate”, “methane emissions AND temperate”,
“methane AND lake” (search engine: Web of Science).
Type of system
Hydropower reservoir
Shallow, artificially aerated lake

1
1

342
309

Small productive lake
Small urban pond
Small hydroelectric reservoir
Lakes inside peatlands
Lakes surrounded by forest

1
1
1
5
2

192
168
145
120
70

3
121

19
6

Small lakes surrounded by forest
Small headwater lakes
D
E

Number of
Average methane
lakes sampled flux (mg CH4 m-2 d-1)

Reference
DelSontro et al. (2016) D, E
Martinez and Anderson
(2013) D, E
Casper et al. (2000) D, E
This study D, E
Sobek et al. (2012) D, E
Schrier-Uijl et al. (2011) D
Striegl and Michmerhuizen
(1998) D
Bastviken et al. (2008) D, E
Whitfield et al. (2011) D

Average methane flux includes water-atmosphere diffusion
Average methane flux includes water-atmosphere ebullition
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Abstract
Metabolism in aquatic ecosystems can be estimated using different methods
with corresponding strengths and weaknesses. Comparisons of these
different methods are rare, but important to further unravel their advantages
and disadvantages and to determine their suitability for addressing a
certain scientific question. Here, we assessed whether the ecosystem
respiration determined as the cumulative respiration of separate ecosystem
components—determined by changes in dissolved oxygen in sediment or wall
chambers or bottles containing, respectively, mostly sediment, wall periphyton
or plankton—matches ecosystem respiration determined using the openwater dissolved oxygen technique in a controlled mesocosm experiment.
We found that for the majority of measurements, results of the two methods
were in good agreement with each other. However, substantial discrepancies
between the two methods were also observed which are likely attributed to
spatial heterogeneity of sediment respiration and wall periphyton abundance,
confounding effects due to floating and filamentous algae, and underestimated
sediment respiration due to artifacts of chamber deployment. Increasing the
number of compartmental measurements may reduce error caused by spatial
heterogeneity, as the mean of those measurements will better represent the
true respiration rate.
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Introduction
Ecosystem metabolism

Organic matter production (anabolism) in aquatic ecosystems stems from
light-driven photosynthesis of primary producers: phytoplankton, periphyton
(algae growing on submerged surfaces), and macrophytes (aquatic plants),
in addition to chemo-autotrophic production (e.g., nitrification, and sulfide
oxidation) driven by the chemical energy of reduced ions. In contrast,
catabolism of organic matter is often a result of aerobic respiratory processes,
whereupon oxygen (O2) is consumed (and serves as the terminal electron
acceptor) to break down organic matter (Kemp and Testa 2011). In the absence
of O2, degradation of organic matter proceeds through anaerobic pathways,
albeit at a slower rate over long periods of time (Bastviken et al. 2004b). The
combined anabolism and catabolism of all organisms within an ecosystem
represents an integrated measure of a system in terms of its overall rates of
production and consumption of organic matter (Odum 1971).

4

Tools for quantifying ecosystem metabolism

The scope of ecosystem metabolism research has mostly been limited by the
available techniques (Kemp and Testa 2011). However, given its importance,
methodological developments have evolved over the past century, in parallel
to our understanding of the controls and variations in metabolic rates,
evident by an exponential increase in publications on the topic (Staehr et al.
2012b). Nonetheless, the methods significantly diverge in their precision and
scale, both spatial and temporal, and come with their unique strengths and
limitations (Gazeau et al. 2005, Kemp and Testa 2011, Staehr et al. 2012b).
Given the differences in scales and processes measured by the various
available methods, the main challenge remains to compare these methods
without falling into the pitfalls of reaching to erroneous conclusions, based on
measurement shortcomings. While some efforts have been made to compare
different methods of calculating ecosystem metabolism, our knowledge
remains incomplete (Staehr et al. 2012b).
Oxygen as a means of quantifying ecosystem metabolism

The change in O2 concentration is often used to estimate metabolic processes
in aquatic systems as O2 is released during photosynthesis and taken up during

87

58159 Ralf Aben F.indd 87

02-09-19 14:57

Chapter 4

aerobic respiration. In addition, changes in O2 are easy to measure. Already since
the early twentieth century, bottle and chamber incubations have been used
to estimate metabolic processes in aquatic systems (Gaarder 1927, Hutchinson
1941). Often, O2-based bottle measurements were summed to whole-lake
production and consumption rates (Juday 1940, Lindeman 1942).
Later, Odum and his colleagues developed a novel method using diel
variations in O2 concentrations in the open water to infer integrated daytime
net production and nighttime ecosystem respiration (Odum and Odum 1955,
Odum 1956). This method became particularly popular due to its ease of use
and ability to gather long-term data, particularly with O2 probes becoming
cheaper and readily available (Staehr et al. 2012a). Researchers even used the
method to distinguish autotrophic and heterotrophic respiration (Moss 2010),
although later this has been proven erroneous (Kosten et al. 2014). Since the
last decade, however, numerous criticisms of the diel O2 method have been
highlighted. For one, sudden changes in O2 concentrations, particularly in not
well-mixed aquatic ecosystems, lead to large uncertainties in the metabolic
rate estimations (Hanson et al. 2008, Brothers et al. 2017). These estimations
are also problematic in systems that exhibit long periods of anoxia (Kazanjian
et al. 2018a). Furthermore, the reliability of integrated ecosystem metabolism
estimates determined using the diel O2 technique may be hampered by
changing weather conditions (Hanson et al. 2008) and site-to-site variation
resulting from combined effects of the degree of mixing and differences
between benthic and pelagic rates of metabolism (Van de Bogert et al. 2007).
The mentioned confounding factors occurring in the field may be less present
in mesocosms, since they represent a small, controlled mini-lake with relatively
constant water temperatures, gas transfer velocity, mixing, and homogenous
sediments and water columns. This means that the diel, open water, O2 technique
may be an easy and effective way of obtaining accurate whole-system metabolism
estimates in these systems. However, this information has limited value without
knowing the contribution of the individual ecosystem components. Hence,
metabolism estimates of separate ecosystem components (using bottles or
chambers) are key in order to get insight into an ecosystem’s functioning (Del
Giorgio and Williams 2005, Kemp and Testa 2011). These isolated compartmental
metabolism rates, determined using container methods (O2 changes in chambers
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or bottles)—though having important strengths—also deal with potential
bias (Kemp and Testa 2011, Staehr et al. 2012b). For example, due to spatial
heterogeneity, temporal heterogeneity, and container effects (Kemp and Testa
2011, Staehr et al. 2012b). The latter includes depletion of substrates, absence of
predators, or accumulation of toxic metabolites that influence metabolism rates
during the incubation period (Kemp and Testa 2011). Although container effects
are hard to eliminate, biases by temporal and spatial heterogeneity are likely
much smaller in mesocosms as compared to natural lakes.
Studies that compare respiration rates estimated using different methodologies
are rare (Staehr et al. 2012b). There are only few studies that estimated respiration
rates of the different ecosystem components and compared the sum of those
with estimates of ecosystem respiration using the dissolved O2 technique
in open water (e.g. Gazeau et al. 2005, Oliver and Merrick 2006, Giordano et
al. 2012, Leggieri et al. 2013, Cremona et al. 2014, Van Bergen et al. 2019). For
example, Cremona et al. (2014) used temperature, hydrology, and biomass
data to calculate primary production and respiration of different ecosystem
components using allometric equations in a shallow eutrophic lake. The sum of
the compartmental metabolic rates was subsequently compared with ecosystem
metabolic rates determined using measurements of open-water changes in
dissolved O2. However, to our knowledge, these kinds of comparisons have not
been carried out in freshwater mesocosm experiments. Chung-Chi et al. (2000)
estimated ecosystem respiration using changes in open-water O2 and separately
estimated respiration of wall periphyton and plankton via chamber incubations
in mesocosms mimicking estuarine systems. However, their attempts to measure
sediment respiration appeared to be difficult and disruptive to the ecosystem.
Hence, instead of being able to compare integrated ecosystem respiration with
the sum of compartments, sediment respiration was estimated as the integrated
ecosystem respiration minus the plankton and periphyton components.

4

In this study we aim to assess whether the cumulative respiration of separate
ecosystem components matches whole-ecosystem respiration in freshwater
mesocosms. To this end, we used a running mesocosm experiment where we
estimated ecosystem respiration using the open-water dissolved O2 technique,
and estimated respiration rates of the sediment, wall periphyton, and water
column, using O2 measurements in chamber and bottle incubations. The
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degree of similarity between open-water ecosystem respiration and the sum of
compartmental estimates will be discussed. We also offer an in-depth analysis
of potential sources of discrepancy between results of the two methods.

Methods
Experimental setup

Experiments were conducted in eight metal, cylindrical indoor mesocosms
called limnotrons with an average depth of 1.35 m, an inner diameter (ID) of 0.97
m, and a volume of ~1000 L (Verschoor et al. 2003). Limnotrons were filled with
~75 L of pre-sieved (5 mm mesh size), soft, muddy sediment, and subsequently
filled to the top with tap water. The experiment started on 3 March 2014 and
ended on 1 February 2015. Throughout the experiment, primary production
mainly originated from phytoplankton in the water column and (filamentous)
algae on the sediment, wall, and water surface. The water temperature and
light:dark cycle followed Dutch seasonality. The latter varying from 8 h of light
at midwinter to 17 h at midsummer. The experiment consisted of a control
and a warm (+4 °C) treatment, and was set up to investigate effects of climate
warming on phytoplankton, zooplankton, fungal infections, bacteria numbers,
periphyton, and greenhouse gas emissions. More information about the latter
as well as additional details on the experimental setup can be found in Frenken
et al. 2016, Aben et al. 2017, Velthuis et al. 2017a, Kazanjian et al. 2018b, Velthuis
et al. 2018).
Respiration
Ecosystem respiration
Rates of ecosystem respiration were determined every week for each
mesocosm using the open-water dissolved O2 technique (Hanson et al. 2008,
Staehr et al. 2010). Dissolved O2 and water temperature were measured at 15
min intervals for 24 h at a depth of 0.4 m, using luminescent/optical dissolved
O2 (LDO) probes (IntelliCAL LDO101) connected to a multi-parameter meter
(HQ40d, Hach, Loveland, CO, USA). Probes contained a factory calibration
of which its accuracy was regularly checked by measuring air-saturated as
well as O2 depleted (N2 flushed) water. Ecosystem respiration was calculated
following the equations in Table 2 of Staehr et al. (2010). The piston velocity
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(as kO2) was empirically determined at temperatures of 8, 16 and 24 °C in an
additional limnotron that did not contain sediment, using deoxygenated water
(after Tribe et al. (1995)). Standardizing these k measurements [by respective
Schmidt numbers (Cole et al. 2010, Wanninkhof 2014)] resulted in a k600 of 0.44
± 0.01 m d-1 (mean ± s.d.), a value typical for small lakes and ponds (Holgerson
and Raymond 2016). To obtain an areal estimate of ecosystem respiration (in
g m-2 d-1), rates (in g L-1 d-1) were multiplied by limnotron water volume (931 L)
and divided by limnotron surface area (0.74 m2).
Planktonic respiration

Planktonic respiration rates were typically measured every 1–2 weeks. We
collected depth-integrated water samples of 3.5 L in the center of each
limnotron using a transparent sampling tube of 1 m length. For each limnotron,
three 120 mL infusion bottles were completely filled with sample water. This was
done in a gentle way as turbulent flow of water can alter the O2 concentration.
Infusion bottles were pre-wrapped in aluminium foil to avoid light exposure
during incubations. Screw caps of infusion bottles contained a 1 cm diameter
opening and were fitted with 3 mm thick butyl rubber septa to ensure gas tight
enclosure of the bottles. In each limnotron, infusion bottles were incubated at
40 cm depth for approximately 24 hours. The O2 concentration in each bottle
was measured at the start and end of the incubation period by piercing the
bottle’s screw cap septum with a needle-type O2 microsensor connected to
a micro fiber optic O2 meter (Microx TX3; Pre-Sens, Regensburg, Germany).
The microsensor contained a factory calibration of which its accuracy was
regularly checked by measuring air-saturated as well as O2 depleted (N2
flushed) water. Planktonic respiration rates were determined as the difference
between the initial and final concentration of O2, divided by the incubation
time. Areal planktonic respiration rates for individual limnotrons (in g O2 m-2
d-1) were obtained by averaging respiration rates (in g O2 L-1 d-1) of triplicate
measurements and subsequently multiplying and dividing those by limnotron
water volume (931 L) and surface area (0.74 m2), respectively.

4

Sediment respiration

Sediment respiration was typically measured every 1–2 weeks, using custommade, transparent, cylindrical shaped sediment chambers with a height of
9.5 cm and a diameter of 18.7 cm. The upper side of the sediment chamber

91

58159 Ralf Aben F.indd 91

02-09-19 14:57

Chapter 4

was slightly conical-shaped with a valve placed at the peak through which
gas bubbles could escape (that were sometimes released from the sediment
during chamber deployment). The valve was closed during the measurement.
Sediment chambers were also equipped with a special opening at the top
that fit miniDOT® dissolved O2 loggers (PME, CA, USA). For each measurement,
sediment chambers were carefully installed in the limnotron, using a metal pole
connected to the center of the chamber. Sediment respiration was typically
measured for 3 to 24 hours, using a measurement interval of 30 min. Sediment
respiration was corrected for planktonic respiration and calculated as follows:

H%+M =

∆NOPQP 9∆NORSTUVPQU ∗WXYTZ[\]

H%+M =

∆NOPQP
^_9∆NORSTUVPQU ∗WXYTZ[\]
XYTZ[\]

^_XYTZ[\]

(1)

Where Rsed is the sediment respiration rate (g O2 m-2 d-1); ΔDOtot is the total
respiration rate inside the chamber (g O2 L-1 d-1), calculated as the average
change in dissolved O2 during the incubation period; ΔDOplankton is the
planktonic respiration rate (g O2 L-1 d-1), determined as described above; Vchamber
is the sediment chamber volume (L), calculated as chamber height above the
sediment (dm) multiplied by chamber surface area (dm2); and SAchamber is the
surface area of the sediment covered by the sediment chamber (m2).
Periphyton respiration

Respiration of wall periphyton was typically quantified every one 1–2 weeks
using custom-made, transparent wall chambers with a height, length, and
width of 7.65, 18, and 13 cm, respectively. Wall chambers were equipped with a
special opening at the bottom that fit miniDOT® dissolved O2 loggers (PME, CA,
USA). For each measurement, wall chambers were carefully placed on the wall
using an extendable horizontal pole that firmly presses the chamber against
the wall. The front end of the wall chamber was slightly curved to match the
angle of the wall curvature. Further, it contained a 6 mm thick, polystyrene
foam layer to ensure isolation of chamber contents upon deployment. During
measurements, chambers were typically deployed at a depth of 70 cm for 24
to up to 96 hours. MiniDOT® loggers were set to a measurement interval of 30
minutes. Periphyton respiration
was corrected
for planktonic
respiration and
∆NOPQP 9∆NO
^_aTSS
RSTUVPQU ∗WXYTZ[\]
H
=
∗
)$``
calculated as follows:
^_XYTZ[\]
^_SbZUQP]QU

H)$`` =

∆NOPQP 9∆NORSTUVPQU ∗WXYTZ[\]
^_XYTZ[\]

∗

^_aTSS

^_SbZUQP]QU

(2)
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Where Rwall is the wall periphyton respiration (g O2 m-2 d-1); ΔDOtot is the total
respiration rate in the wall chamber (g O2 L-1 d-1), calculated as the average
change in dissolved O2 during the dark part of the incubation period; ΔDOplankton
is the planktonic respiration (g O2 L-1 d-1), determined as described above; V is
wall chamber volume (L); SAchamber is the surface area of the wall covered by the
wall chamber (m2); SAwall is the wall surface area surrounding the water column
(m2); and SAlimnotron is the limnotron surface area (m2).
Method comparison

In theory, the sum of compartmental respiration rates (Rplankton, Rsed, and
Rwall) should match open-water dissolved O2 technique-derived ecosystem
respiration. To assess whether this is indeed the case, we compared ecosystem
respiration estimates as the sum of compartmental respiration (hereafter
referred to as R∑comp) with ecosystem respiration estimates from the openwater dissolved O2 technique (hereafter referred to as Ropen-water). Furthermore,
we assess the relative contribution of each compartment to the R∑comp and the
sources of bias that can explain discrepancy between Ropen-water and R∑comp. To
deal with mismatching measurement dates of the different compartmental and
ecosystem respiration measurements, we only used data that were obtained
within 9 days (median: 3 days) from each other. When possible, cases of
missing or erroneous data were resolved by interpolating data from the closest
preceding and succeeding measurements, only if those measurements were
not conducted more than 14 days apart. All data were obtained in the period
between 10-7-2014 and 21-8-2014, and originate from different limnotrons
across two warming treatments (Aben et al. 2017).

4

Plant cover and floating algae beds

Cover of floating algae beds (FLAB) was determined by visual inspection. Plant
volume infested (PVI) of filamentous algae was calculated as the percentage
of filamentous algae cover multiplied by the filamentous algae height divided
by the water depth (Canfield Jr et al. 1984). On a few occasions we noticed
submerged plant growth on the sediment. These were removed immediately.
Kendall rank correlations

Kendall’s tau rank correlations were carried out in R (version 3.5.1) using the
function ‘cor.test’.
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Sensitivity analyses: effects of uncertainties in piston velocity, oxygen saturation,
and chamber height

To evaluate the effect of an imprecise estimation of piston velocity (k) and O2
saturation (O2 sat) on Ropen-water, we manually altered k by 1, 5, and 10% and O2 sat
by 10, 25, 50 and 75% for all of our measurements. Subsequently, we calculated
the deviation of the altered Ropen-water values with the original ones. Similarly,
we tested the effect of misjudging the water volume in sediment chambers
on Rsed for all measurements. To this end, we altered the measured chamber
height above the sediment by 1 cm, and calculated how much the resulting Rsed
deviated from the original Rsed.
Potential effects of ebullition on open-water, ecosystem respiration estimates

To estimate how ebullition (release of bubbles from sediments) impacted our
open-water respiration estimates, we modelled the bubble removal of dissolved
O2 in our mesocosms. To this end, we used volumetric ebullition rates at the time
of open-water O2 measurements, a bubble size distribution of bubbles evolved
from a similar pond sediment (Liu et al. 2016), and a single bubble dissolution
model to calculate O2 stripping for each bubble size using air pressure, water
depth, temperature, bubble gas composition, and concentrations of dissolved
gases as model input parameters (Greinert and McGinnis 2009).

Results and discussion
Similarity of integrated ecosystem respiration and summed compartmental
respiration

Rates of Ropen-water varied between 3.2 and 7.0 (median: 4.3) g O2 m2 d-1, while
rates of R∑comp ranged between 2.4 and 7.0 (median: 4.2) g O2 m2 d-1. Respiration
rates for individual compartments varied between 0.7–3.8 (median: 1.8),
0.2–3.7 (median: 1.6), and 0.3–1.0 (median: 0.5) g O2 m2 d-1 for Rwall, Rsed, and
Rplankton, respectively (Fig. 2). Rwall overall was the dominant source of respiration,
forming 21–73% (median: 49%) of R∑comp. Rsed and Rplankton respectively accounted
for 10–70% (median: 31%) and 7–32% (median: 14%) of R∑comp. For the majority
of measurements, R∑comp and Ropen-water were quite similar, though significant
outliers were observed (Fig. 1). Linear regression (using an intercept of zero)
was significant (P < 0.001) and gave a slope of 1.028, which is close to the
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theoretically expected 1:1 relationship. Seven out of nineteen measurements
are outside the regression’s 95% confidence limits, with five data points
showing relatively high and two data points showing relatively low Ropen-water
compared to R∑comp. The correction for Rplankton in measurements of Rwall and
Rsed (see Methods) appeared to be necessary, as Rplankton accounted for 3–39%
(median: 12%) of total O2 consumption in wall chambers and 1–20% (median:
12%) in sediment chambers.

4
Figure 1. Relation between ecosystem respiration determined as the sum of compartmental
respiration (R∑comp) and ecosystem respiration determined using the open-water dissolved oxygen
(O2) technique (Ropen-water). Dashed red line represents 1:1 line. Blue line denotes regression line (intercept
= 0). Shaded area represents 95% confidence interval. Blue symbols represent low sediment respiration
rates (< 1 mg O2 m2 d-1) and orange symbols high sediment respiration rates (> 1 mg O2 m2 d-1); Triangles
represent sediment respiration measurements with a starting O2 concentration of < 3 mg L-1.

Factors potentially causing biased sediment respiration measurements

Though R∑comp and Ropen-water were often similar, strong discrepancies also
occurred (Fig. 1 & 2). The five outliers above the 1:1 line in Figure 1 are all
characterized by having the lowest observed rates of R∑comp as well as
having sediment respiration rates < 1 g O2 m2 d-1, possibly indicating that
underestimated sediment respiration is the source of discrepancy (Fig. 1a).
Two of the five outliers above the 1:1 line were measured a week apart. They
contain different data for Ropen-water, Rwall, and Rplankton, but the same data for
Rsed, pointing at sediment respiration as the source of discrepancy. Different
factors can lead to an under- or overestimated Rsed. First, differences in
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Figure 2. Rates of wall, sediment, and planktonic respiration rates for each of the 19 measurements.
Filled circles denote open-water dissolved oxygen technique-based ecosystem respiration
measurements. Squares denote compartmental respiration measurements.

water movement between inside and outside the sediment chamber can
result in biased Rsed. Water overlying sediment in cores or benthic chambers
is often artificially set in motion (e.g. using stirrers, impellers, or pumps) to
mimic water movement as under in situ conditions (Campbell and Rigler
1986, Sweerts et al. 1989). Increased turbulence through water movement
decreases the thickness of the diffusive boundary layer, thereby enhancing
O2 supply to the sediment (Campbell and Rigler 1986, Bryant et al. 2010, Lorke
et al. 2012) and increasing sediment respiration. The stirring velocity has to
be carefully adjusted to establish O2 profiles similar to those measured in situ
(Sweerts et al. (1989)). Although absence of stirring may reduce O2 uptake,
O2 penetration depth in the sediment, and sediment respiration, this likely
played a minor role in our systems as turbulent mixing directly above the
sediment surface was low.
Second, erroneous estimations of the water volume in the chamber, e.g. due
to misjudging chamber height above the sediment or due to the sediment
relief (Supplementary Photo 1) can under- or overestimate respiration rates.
However, for our measurements, misjudging chamber height above the
sediment by 1 cm would only result in a 11–17% difference in respiration rate,
making it unlikely that this alone caused the strong discrepancies between
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Ropen-water and R∑comp. Possibly, water and O2 exchange between the chamber
and the surrounding water at the edge of the chamber also resulted in biased
Rsed estimates. As the O2 concentration of water in sediment chambers was
usually lower than that of the surrounding water, this would generally lead to
underestimated Rsed.
Third, it is known that Rsed can be inhibited when O2 concentrations in overlying
water are below 2–3 mg L-1 (Granéli 1979, Cornett and Rigler 1984, Anderson et
al. 1986, Campbell and Rigler 1986). The three data points indicated by triangles
in Figure 1 represent measurements where O2 content of water inside the
sediment chambers was below 3 mg L-1 at the start of chamber incubation. The
triangle on the 1:1 line was the only measurement where the O2 concentration
of the surrounding water was low as well (± 1 mg L-1), possibly explaining the
agreement between Ropen-water and R∑comp, as Rsed inside and outside the chamber
were likely inhibited to a similar degree. For the two data points indicated by
triangles far from the 1:1 line, the O2 concentration of the surrounding water
(> 5.5 mg L-1) was much higher than that of water inside the chamber. Hence,
here Rsed likely was O2 limited inside the chamber, but not outside, possibly
explaining the discrepancy between Ropen-water and R∑comp. The low initial O2
concentrations in the chambers may have been caused by artifacts of chamber
deployment, such as sediment resuspension and enhanced pore water mixing
through triggered bubble release, both of which can induce rapid consumption
of O2 (Hargrave 1969b, 1975, Hunding 1979, Haeckel et al. 2007).

4

Fourth, we argue that spatial heterogeneity of sediment respiration (and wallrespiration, see below)—even in our controlled mesocosm experiment—is
likely the major cause of the discrepancy between Ropen-water and R∑comp. Spatially
heterogeneous sedimentation of detritus, especially from walls, or patches
of floating algae, could have caused local differences in the availability of
labile organic matter and hence, respiration rates. Videos by an underwater
camera support this hypothesis, as they reveal spatial differences in sediment
color (Supplementary Photo 2). Furthermore, videos also reveal hotspots of
annelid activity, mostly comprising tubificid worms (Oligochaeta, Tubificidae)
(Supplementary Video 1). These worms are known to enhance O2 uptake, both
through their community respiration and by increasing microbial sediment
respiration via bioturbation (Mermillod-Blondin et al. 2008, Lagauzère et
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al. 2009, Baranov et al. 2016). Large spatial differences in benthic O2 uptake
observed in another study were also attributed to heterogeneous distribution
of benthic invertebrates (Hargrave 1969a). Finally, as R∑comp and Ropen-water were in
close agreement for the majority of measurements (Fig. 1), there is no indication
that sediment respiration was systematically underestimated.
Factors potentially causing biased wall periphyton respiration measurements

Overall, Rwall was the dominant contributor to R∑comp which implies that biases
in measurements of Rwall can potentially result in strong discrepancies between
R∑comp and Ropen-water. Rwall in our experiment could have been biased in multiple
ways. First, leakage of chambers presents a potential source of biased Rwall
estimates. However, as the chambers were tightly sealed and strongly pressed
against the wall and the difference between O2 concentration of water inside
and outside the chamber was generally small, the potential error introduced by
this is likely small as well. Second, the interpretation of Rwall measurements often
was complicated by excessive growth of filamentous algae (Supplementary
Video 2). Walls containing a thin layer of periphyton mostly showed textbook—
linearly increasing and decreasing—diel O2 dynamics, while O2 dynamics of
walls with periphyton containing long filamentous algae did not show such
clear patterns, instead showing sudden drops and rises in O2 concentration
(Fig. 3). Patches of filamentous algae possibly caused spatial differences in
O2 production and consumption, and may have restricted homogeneous
distribution of O2 in the chamber by altering advective and diffusive transport.
This may have caused spatial differences in O2 concentrations at the microscale
(pockets of O2) that are responsible for the aforementioned unexpected drops
and rises in O2 which likely biased Rwall estimates (Fig. 3). Third, heterogeneity
of wall periphyton abundance could have biased estimates of Rwall. Based
on visual inspection of the wall, we selected representative parts of the wall
periphyton for our measurements as well as possible. However, heterogeneity
in periphyton abundance was often large (Supplementary Video 2) and likely
contributed to mismatching rates of R∑comp and Ropen-water.
Other factors potentially causing discrepancy between open-water respiration and
the sum of compartmental respiration

Discrepancies between R∑comp and Ropen-water could also have arisen from
respiration that was not taken into account by compartmental measurements,
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such as respiration by floating algae beds (FLAB). FLAB influences O2 fluxes in
various ways. For one, it produces and consumes O2, although a large share
of the gas exchange likely occurs between FLAB and the atmosphere, rather
than with the underlying water. Secondly, FLAB cover likely affected the piston
velocity (also termed gas exchange coefficient). The piston velocity in our
mesocosms was experimentally determined in a mesocosm without FLAB and

Dissolved oxygen (mg O2 L-1)

7
6
5
4
3
21:00

15:00

9:00

3:00

4

21:00

Time of day (h)

Figure 3. Examples of daily dissolved oxygen dynamics for wall periphyton. Blue line represents a
wall containing a thin layer of periphyton, red line represents a wall containing periphyton with long
filamentous algae. White and shaded areas depict day and night time, respectively.

used to calculated Ropen-water. We assumed this piston velocity to be constant
but, in fact, it may have been reduced by the FLAB by hampering wateratmosphere gas exchange (Kosten et al. 2016). FLAB cover on mesocosms
varied between 0 and 27% (median: 8%) and correlated positively with the
difference between Ropen-water and R∑comp, but strong discrepancies between both
estimates of R occurred both at high and low FLAB cover (Supplementary Fig.
1). Similarly, filamentous algae in the water column (PVI: 0–7%; median: 2%)
may have influenced the piston velocity by clogging pumps and restricting
water mixing. Since the O2 concentrations in the mesocosms were generally
below air-saturated O2 concentration (O2sat), a reduced piston velocity implies
overestimated Ropen-water rates. The severity of this overestimation depends on
the size of the respiration rate, degree of reduction of the piston velocity, and
the degree of O2 undersaturation relative to O2sat (Staehr et al. 2010). A possibly
overestimated piston velocity thus may have contributed in some cases to the
deviation between Ropen-water and R∑comp of which the potential error is shown in
Table 1. However, similar to results for FLAB, the relationship between PVI of
filamentous algae and the difference between Ropen-water and R∑comp was rather
weak (Supplementary Fig. 1).
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Ropen-water may also be biased by an inaccuracy in estimating O2sat (Staehr et
al. 2010). This bias is, however, much smaller than that potentially caused
by deviations in the piston velocity (Table 1). Furthermore, mismatching
measurement dates may affect the similarity between Ropen-water and R∑comp,
but we did not find indications that this was the case (Supplementary Fig. 1).
Finally, ebullition was relatively high during our midsummer measurements
(Aben et al. 2017). Ebullition can strip O2 from the water column, potentially
causing overestimation of respiration (Koschorreck et al. 2017, Howard et al.
2018). However, we estimated that ebullition only would have stripped about
2.4 µg O2 L-1 d-1 in our systems, which is less than 0.01% of Ropen-water.
Table 1. Sensitivity of ecosystem respiration determined with the open-water dissolved oxygen (O2)
technique (Ropen-water) to inaccuracy in estimation of air-saturated O2 concentration (O2sat) and piston
velocity (k). Values denote the change in Ropen-water estimates relative to the original values resulting from
altering the original O2sat and k values by the given percentages. Numbers in parentheses denote the
median.
% change in O2sat
1
5
10
% change in k
10
25
50
75

% change in Ropen-water
0.6–1.2 (0.9)
2.9–6.2 (4.6)
5.8–12.4 (9.3)
0.6–6.4 (2.8)
1.5–16.0 (7.1)
2.9–32 (14.2)
4.4–48.0 (21.2)

Conclusion
For the majority of measurements R∑comp was in good agreement with Ropen-water.
However, our results also show that even in controlled mesocosm experiments
compartmental and open-water respiration measurements can contain
substantial error. Although we cannot pinpoint the sources of the observed
discrepancies between R∑comp and Ropen-water, the most likely causes involve
spatial heterogeneity of sediment respiration and wall periphyton abundance,
different effects related to floating and filamentous algae abundance, and
underestimated sediment respiration via artifacts of chamber deployment.
Possible solutions to obtain more accurate compartmental respiration rates
include multiple measurements over time in order to reduce the error caused
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by spatial heterogeneity of sediment and wall respiration. Using the average
of these measurements will produce more representative compartmental
respiration estimates as well as their relative contribution to whole-ecosystem
respiration over a longer period of time. In addition, other sources of uncertainty
discussed earlier (e.g. parameters used in calculations) should be taken into
account.

4
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SUPPLEMENTARY INFORMATION

Supplementary Photo 1. Snapshot from video showing sediment relief.
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4
Supplementary Photo 2. Snapshot from video showing differences in sediment color, possibly
originating from spatial differences in sedimentation of organic matter.

Supplementary Video 1. https://vimeo.com/339581751
Supplementary Video 2. https://vimeo.com/339579788
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Supplementary Figure 1. Kendall’s tau correlations between floating algae beds (FLAB) cover, plant
volume infested (PVI) of filamentous algae, and the maximum number of days between the different
respiration measurements, and the absolute and relative difference between open-water dissolved
oxygen technique-based -ecosystem respiration (Ropen-water) and the sum of compartmental respiration
(R∑comp).
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Abstract
Organismal metabolism in aquatic ecosystems plays a key role in the global
carbon cycle, thereby modulating climate change. Previous research has shown
that direct effects of warming on metabolic rates can enhance ecosystem
respiration more than primary production, reducing carbon sequestration
in aquatic ecosystems, thereby presenting a potential positive feedback to
climate change. However, indirect responses of aquatic ecosystems to warming,
for instance through reduced sediment bioturbation, may mask the direct
temperature effects on ecosystem metabolism. Here, we used a mesocosm
experiment to unravel effects of climate warming (+4 °C) on ecosystem
metabolism throughout the year. We found no differences in the temperature
sensitivity of gross primary production (GPP) and ecosystem respiration (ER)
between treatments. However, temperature-normalized ER (i.e. the ER rate
at a given temperature) was lower in the warm treatment, resulting in similar
NEP between treatments. Our data suggest that the reduction in temperaturenormalized ER results from warming-induced decreases in benthic oligochaete
population densities, which may have drastically lowered bioturbation and
microbial sediment respiration rates. Indirect effects of climate warming
through shifts in macroinvertebrate densities may thus override direct effects
of warming on ecosystem-scale metabolic rates in shallow lakes and ponds.
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Introduction
Small lakes and ponds are the most abundant inland waters globally (Verpoorter
et al. 2014, Holgerson and Raymond 2016) and comprise disproportionately
large sources of CO2 to the atmosphere (Holgerson and Raymond 2016,
DelSontro et al. 2018). As small lakes and ponds generally have shallow waters
and a high perimeter to surface area ratio, they often receive relatively large
inputs of terrestrial organic carbon from the surrounding watershed that
fuel substantial CO2 production through mineralization (Tranvik et al. 2009,
Holgerson and Raymond 2016). Because of the relatively small water volume
in these systems and the relatively high temperature of shallow sediments as
compared to deep sediments, a large part of ecosystem respiration in small
lakes and ponds is driven by temperature-dependent, sediment respiratory
processes (Del Giorgio and Williams 2005, Holgerson and Raymond 2016). In
lakes and ponds with low inorganic carbon inputs, net CO2 fluxes are primarily
driven by the balance between gross primary production (GPP) and ecosystem
respiration (ER) (Tranvik et al. 2009, Weyhenmeyer et al. 2015). For this reason, it
is important to unravel how projected climate warming may alter this delicate
balance (IPCC 2013, O’Reilly et al. 2015).

5

The theoretical framework of the metabolic theory of ecology (MTE) can be
used to study the temperature dependence of metabolic rates (Brown et al.
2004). Based on first principles of biology, physics, and chemistry, the MTE can
be used to predict how ecosystem-scale metabolic rates can be predicted from
individual metabolic rates (Allen et al. 2005, Yvon-Durocher et al. 2010b). When
controlled for effects of temperature, ecosystem-scale metabolic rates mainly
depend on the size and abundance of the organisms present in the system.
Regardless of size, the temperature dependence of an organism’s metabolism,
as well as that of a whole ecosystem, is ultimately determined by biochemical
reactions at the cellular level (Gillooly et al. 2001, Allen et al. 2005). The
temperature sensitivity of ER in aquatic ecosystems in general is very similar
to that of ATP synthesis in the respiratory complex, with an activation energy
of approximately 0.65 eV (Allen et al. 2005, Yvon-Durocher et al. 2012). The
temperature dependence of GPP often follows that of Rubisco carboxylation in
chloroplasts, with an activation energy of approximately 0.32 eV (Gillooly et al.
2001, Allen et al. 2005). Based on the different activation energies of GPP and
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ER, the MTE predicts that climate warming will disproportionally enhance ER,
thereby reducing net carbon production or even resulting in net heterotrophy
as long as sufficient carbon sources are available (Yvon-Durocher et al. 2010a).
The effect of temperature increase on the ratio of GPP to ER not only depends
on the temperature sensitivities of these processes, but also on the relative size
of GPP compared to ER. For example, a system with high GPP relative to ER at a
given temperature, would require more warming to switch to net heterotrophy
than a system that exhibits weak net autotrophy.
Experimental warming demonstrated disproportional increases in ER in
some systems (Yvon-Durocher et al. 2010b), but not in others (Davidson et
al. 2015), which is likely explained by indirect effects of temperature increase
interacting with direct temperature effects on metabolic rates. These indirect
effects of temperature increase may cause deviations from expected changes
in GPP and ER based on the temperature dependencies of photosynthesis
and ATP synthesis, respectively. Indirect effects of temperature on ecosystem
metabolism may include acclimation and adaptation of species, and changes
in food web dynamics, community structure, species abundance, resource
availability, and biotic interactions (Dossena et al. 2012, Shurin et al. 2012,
Davidson et al. 2015, Yvon-Durocher et al. 2015, Padfield et al. 2016, Kraemer
et al. 2017, Padfield et al. 2017, Schaum et al. 2017, Hood et al. 2018, Padfield et
al. 2018). As a consequence, CO2 emissions from aquatic ecosystems have also
found to be lower under elevated temperatures (Davidson et al. 2015).
Since a variety of direct and indirect factors are involved, there remains a large
uncertainty regarding the effects of climate warming on aquatic metabolism
as well as on how indirect effects of temperature can cause deviations from
predictions based on the metabolic theory of ecology. To measure the effects
of climate warming on aquatic ecosystem metabolism in a replicated way,
but still close to in-situ conditions, we carried out a controlled mesocosm
experiment with natural sediments and benthic as well as pelagic communities.
We determined rates of GPP and ER throughout the year at weekly intervals in
1000 L mesocosms that followed a temperate-climate temperature regime and
a warming (+ 4 °C) scenario. Additionally, we monitored a range of variables (e.g.
pelagic and benthic macroinvertebrate composition and density, planktonic
metabolism, stoichiometry of sedimented material, and sedimentation rates)
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that may change with warming (Velthuis et al. 2017b, Velthuis et al. 2018)
and thereby indirectly alter GPP and/or ER (Dossena et al. 2012, Chen et al.
2014). The use of mesocosms enables us to study the effect of warming on
ecosystem-scale metabolic rates in systems with near-identical organic carbon
and nutrient stocks, thereby avoiding confounding effects of differences in
terrestrial loading which are inherent to natural systems.

Methods
Experimental setup

The experiment was carried out in eight metal, cylindrical indoor mesocosms
called limnotrons, with a volume of ca. 1000 L, an average depth of 1.34 m,
and an inner diameter of 0.97 m. More information on these systems can be
found in Verschoor et al. (2003). In February 2014, empty limnotrons were filled
with approximately 75 L of pre-sieved (5 mm mesh size), homogenized, soft,
muddy sediment of a nearby mesotrophic shallow pond in Wageningen, the
Netherlands (51°59’16.3”N 5°40’06.0”E). Subsequently, the limnotrons were
filled with copper-free (<0.1 µmol L-1) tap water, which was circulated manually
between all limnotrons for 2 days to promote similar starting conditions.
An aquarium pump (EHEIM compact 300; EHEIM GmbH & Co. KG, Deizisau,
Germany) and two compact axial fans (AC axial compact fan 4850 Z; EBM-papst
St. Georgen GmbH & Co. KG, Georgen, Germany) with an air flow of 100 m3
h-1 were installed above each limnotron to promote a gas exchange velocity
typical of small lakes and ponds (see below for details). Finally, limnotrons
were supplied with a phytoplankton inoculum and additional nutrients [to
final concentrations of 86 ± 19, 2.4 ± 0.8, and 152 ± 37 µmol L-1 (mean ± SD)
of NO3-, PO43-, and Si, respectively] to mimic shallow, algae-dominated, fishless
freshwater ponds. Four of nine limnotrons served as a control treatment, with
water temperature (e.g. see Figure 3 for temperature dynamics) and day length
(by lamps; 17 hours of daylight in midsummer, and 8 hours of daylight in
midwinter) following typical seasonal patterns of the temperate region. Four
other limnotrons served as a warming treatment, with water temperatures
4 °C warmer than in the control, following projected temperature increases
in North and Central Europe by the end of this century under intermediate
anthropogenic GHG emissions [IPCC scenario RCP6.0 (IPCC 2013)]. Heating
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and cooling were applied on the outside of the stainless steel limnotrons and
was spatially homogeneous (Verschoor et al. 2003). Limnotrons were randomly
arranged to avoid spatial bias on warming treatments. The experiment ran
for a full year (March 2014-February 2015) and included a midsummer 7-day
heat wave (+4 °C) in both the control and warmed treatment, according to the
prediction of increased heat wave incidence in our future climate (IPCC 2013).
Throughout the experiment, limnotrons were gently filled with demineralized
water once or twice per week to compensate for evaporative losses.
Ecosystem metabolism

Rates of GPP and ER were determined using the open-water, diel oxygen (O2)
technique (Odum 1956, Staehr et al. 2010). This method may yield inaccurate
estimates of integrated GPP and ER in natural lakes, particularly in sheltered
ones, where wind-induced mixing is limited and spatial heterogeneity of
metabolism (e.g. littoral vs pelagic) is high (Brothers et al. 2017), and in deeper
lakes where the depth of the mixed layer excludes the benthic zone (Van de
Bogert et al. 2007). However, since our systems are small, horizontal spatial
heterogeneity is limited, and complete mixing is artificially stimulated and
constant (see above), the diel O2 method is supposed to give reliable results.
Dissolved O2 and temperature were measured every 15 minutes for 24 hours
at a depth of approximately 40 cm, using a multi-parameter meter (HQ40d,
Hach, Loveland, CO, USA) equipped with a luminescent/optical dissolved O2
(LDO) probe (IntelliCAL LDO101). Probes contain a factory calibration of which
its accuracy was checked each week by measurements of 0 and 100% O2saturated water as well as by comparing readings of the two O2 probes in a
single limnotron to ensure consistency of measurements. Measurement were
conducted from 5 March 2014 until 30 January 2015 in each limnotron every
week, with the exception of the last six weeks of the experiment, during which
all limnotrons were measured twice. GPP, ER, and net ecosystem production
(NEP) were calculated following the equations in Table 2 of Staehr et al. (2010),
in which the air-water gas exchange coefficient, also known as piston velocity,
(kO2) was determined in deoxygenated water at water temperatures of 8, 16,
and 24 °C using a ninth limnotron [see Aben et al. (2017)]. kO2 was adjusted for
the water temperature at the time of O2 measurement to determine the wateratmosphere O2 flux (Cole et al. 2010, Wanninkhof 2014). The magnitude of our
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piston velocity (normalized as k600) was 0.44 ± 0.03 (mean ± s.d.) m d-1, which
corresponds to piston velocities typical for small lakes and ponds (i.e. surface
areas of 0.001–0.01 km2) (Holgerson and Raymond (2016). Day- and night light
cycles followed seasonal variation regulated by a timer. Start (light on) and end
(light off ) of daytime usually coincided with minimum and maximum dissolved
O2 concentrations, respectively. Measurements that were strongly influenced
by unexpected changes in O2 (e.g. increasing O2 at night) were excluded (15%
of all measurements) and may have been caused by random mixing of pockets
of O2 (Brothers et al. 2017), even in our small systems.
Planktonic respiration

Planktonic respiration rates were typically determined every 1–2 weeks
between 29 April 2014 and 29 October 2014. To this end, depth-integrated
water samples of 3.5 L were collected in the center of each limnotron using a
sampling tube of 1 m length. For each limnotron, three 120 mL infusion bottles
were completely filled with sampled water. This was done in a gentle way as
turbulent flow of water can alter the O2 concentration due to exchange with
the atmosphere. Infusion bottles were pre-wrapped in aluminium foil to avoid
light exposure during incubations. Screw caps of infusion bottles contained
a 1 cm diameter opening and were fitted with butyl rubber septa to ensure
gas tight enclosure of the bottles. In each limnotron, infusion bottles were
incubated at 40 cm depth for approximately 24 hours. The O2 concentration
in each bottle was measured at the start and end of the incubation period
by piercing the bottle’s screw cap septum with a needle-type O2 microsensor
(until halfway in the bottle) connected to a micro-fiber optic O2 meter (Microx
TX3; Pre-Sens, Regensburg, Germany). The microsensor contained a factory
calibration of which its accuracy was regularly checked by measuring airsaturated as well as O2 depleted (N2 flushed) water. Planktonic respiration
rates were determined as the difference between the initial and final
concentration of O2, divided by the incubation time. Planktonic respiration
rates for individual limnotrons were obtained by averaging respiration
rates (in g O2 L-1 d-1) of triplicate measurements and converted to areal rates
through multiplying by the water volume and dividing by surface area of the
limnotron.

5
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Carbon sedimentation

Carbon sedimentation was calculated using fortnightly (until heat wave)
and monthly (after heat wave) measurements of sedimentation rates.
Sedimentation measurements were performed by hanging sedimentation
traps (9 cm diameter, 18 cm height, 1.1 L volume) in the center of each
limnotron, at a depth of 1 m, for periods of 3 days. Measurements were carried
out between 5 May 2014 and 26 January 2015. The contents of the sediment
trap were filtered over pre-washed GF/F filters (Whatman, Maidstone, UK),
dried at 60 °C overnight and analyzed for carbon as described below. To correct
for seston particulate organic carbon (POC) in the overlaying water of the
sedimentation traps, water samples were taken with the same sampling tube
as mentioned earlier in the middle of each limnotron on the same day as the
sedimentation traps were collected. These seston samples were handled and
analyzed in the same manner as the sedimentation samples. Sedimentation
rates were calculated by subtracting seston POC from the total amount of POC
captured in the sediment trap.
Analysis of elemental composition

The carbon (C), nitrogen (N), and phosphorus (P) content of the material on the
sedimentation filters was analyzed. To this end, subsamples of approximately
13% (surface area) were taken with a hole puncher from the respective GF/F
filters and analyzed on a FLASH 2000 NC elemental analyzer (Brechbuehler
Incorporated, Interscience B.V., Breda, The Netherlands). P content was
determined according to Murphy and Riley (1962) by combusting the
remainder of the GF/F filters (sedimentation) in a Pyrex glass tube at 550°C
for 30 min. Subsequently, 5 ml of persulfate (2.5%) was added and samples
were autoclaved for 30 min at 121°C. Digested P (as orthophosphate) was
measured colorimetrically on a QuAAtro39 Auto‐Analyzer (SEAL Analytical Ltd.,
Southampton, UK). Blanc filters were also included in the analyses to correct
sample data for any C, N and P on the filters.
Analysis of sediment organic matter, carbon, and nitrogen content

To analyze the sediment organic matter, carbon and nitrogen content, samples
from homogenized (stirred) sediments were collected from each limnotron at
the start (just before filling the limnotrons) and end (after removal of limnotron
water) of the experiment. Duplicate samples were oven-dried for 48 hours at
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70 °C. One of the duplicate dried samples was subsequently used to determine
sediment organic matter content via loss on ignition at 550 °C for 4 hours (Heiri
et al. 2001). The other dried sample was ground using a Mixer Mill MM 400
(Retsch GmbH). Afterwards, approximately 25 µg of finely ground sediment was
weighed in tin capsules and subsequently analyzed for carbon and nitrogen
content using an NA 1500 elemental analyzer (Carlo Erba).
Non-destructive macroinvertebrate sampling

Multiplates and gravels baskets (Brock et al. 1992) were used for collecting
macroinvertebrates. On 13 May 2014, the gravel baskets (for benthic
macroinvertebrates) were placed on the sediment while the multiplates (for
pelagic macroinvertebrates), each consisting of 10 layered hardboard plates
(7.5 × 7.5 cm) with interspaces ranging from 0.5–1.5 cm, were hung halfway
the water column against the walls of the limnotrons. On 25 June 2014, 9
September 2014, and 15 January 2015, each multiplate and gravel basket was
carefully removed and extensively washed under running tap water over a sieve
of 500 μm to remove the invertebrates. All macroinvertebrates were identified
alive to the lowest taxonomic level possible and counted. After identification,
they were released in their respective limnotrons again.

5

Periphyton cover

The percentage of periphyton cover on limnotron walls (as a proxy for wall
metabolism) was determined by visual inspection every week to two weeks
during the first half of the experiment (pre-heat wave period) and every three
to six weeks during the second half of the experiment (post-heat wave period).
Additional factors

To identify drivers of potential warming-induced differences in apparent
activation energies and temperature-normalized ER and GPP, we checked for
differences in sedimentation rates, quality of sedimented matter (as per C:N:P
stoichiometry), planktonic respiration rates, periphyton cover on limnotron
walls, and (pelagic and benthic) macroinvertebrate densities.
Sediment reworking rates

Sediment reworking rates of benthic oligochaetes (worms) exhibit an
exponential temperature dependence (White et al. 1987). We multiplied areal
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benthic oligochaete counts [mainly tubificids (detritus worms)] by the per
capita sediment reworking rate of Tubifex tubifex (O. F. Müller, 1774) calculated
for the water temperatures during sampling [after Fig. 3 in White et al. (1987)],
which results in total sediment reworking rates (cm yr-1 m-2). These upscaled
absolute numbers have to be interpreted with caution, as we do not know
whether the gravel baskets, used for sampling invertebrates, attracted or
repelled invertebrate species.
Calculations and statistical analyses

Activation energies of metabolic processes are given by the slope of an
Arrhenius plot, consisting of the relationship between ln(metabolic rate) and 1/
kT, where k is the Boltzmann’s constant (8.62 x 10-5 eV K-1) and T is the absolute
temperature in Kelvin (K). Apparent activation energies for GPP and ER were
determined with linear mixed-effects models in R (R Core Team 2018) using the
lmer function of the ‘lme4’ package (Bates et al. 2015). In the models, natural
log-transformed rates of the metabolic process of interest, ln(GPP) or ln(ER),
were used as the response variable, with the inverse water temperature data
(1/kT) as the fixed effect (details below). The water temperature data used in
the models was normalized by subtracting 1/kT from 1/kTC, where TC represents
a temperature of 15 °C. This results in a more biologically meaningful intercept,
representing the metabolic rate (GPP or ER) at 15 °C.
Between-treatment differences in slopes and intercepts of ln(metabolic rate)–
1/kT relationships were analyzed using ln(metabolic rate) as the dependent
variable, temperature (1/kT) as the covariate, and treatment (warmed or
control) as the independent variable. When no significant interaction between
temperature (1/kT) and treatment was present, a model without the interaction
(single slope) was used to test for treatment effects on the intercept of the
ln(metabolic rate)–1/kT relationship. In this case, the intercept represents the
average difference in metabolic rate between temperature treatments across
all measured water temperatures (i.e. the difference in temperature-normalized
metabolic rate). For each temperature treatment, we also assessed whether the
slope and intercept of the ln(metabolic rate)–1/kT relationship differed between
the first half of the experiment—when temperatures were rising and day-length
increased—and the second half of the experiment—when the temperatures
and the day-length decreased. Here, we used metabolic rate as the dependent
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variable, temperature (1/kT) as the covariate, and period (first and second half
of the experiment) as the independent variable. Differences between slopes
and intercepts of the temperature–GPP and temperature–ER relationships
were determined using metabolic rate as dependent variable, temperature (1/
kT) as covariate, and metabolic rate ID (GPP or ER) as independent variable.
For all models involving GPP, we used GPP per hour of daylight (i.e. GPP per
day divided by the hours of daylight) rather than per day in order to allow the
comparison of activation energies with those of photosynthesis.
The effect of 4 °C warming on rates of GPP, ER, NEP, sedimentation, planktonic
respiration, and periphyton cover was tested using temperature treatment as
independent variable. For models concerning individual treatments, limnotron
ID and sampling week were treated as crossed random effects on the intercept to
deal with non-independence in the data (repeated measurements for individual
limnotrons). For models that include the full dataset (i.e. both treatments) the
same random effects structure was used, except that limnotron ID was nested
in treatment. We used type-III ANOVAs to test the significance of fixed effects,
with degrees of freedom and P-values calculated using the Kenward-Roger
approximation (Kenward and Roger 1997) (‘lmerTest’ and ‘pbkrtest’ packages;
Halekoh and Højsgaard 2014, Kuznetsova et al. 2017). The ‘confint’ function from
the ‘lme4’ package was used to compute 95% confidence intervals (CI) through
parametric bootstrapping. Model fits were assessed by marginal (variance
explained by fixed factors) and conditional (variance explained by fixed and
random factors) coefficients of determination (R2), which were calculated using
the r.squaredGLMM function of the ‘MuMIn’ package (Bartoń 2018). Betweentreatment differences on a single date were tested with exact Wilcoxon-MannWhitney tests, using the ‘wilcox_test’ function of the ‘coin’ package (Hothorn et
al. 2008). Two-sided Kendall’s tau rank correlations were calculated using the
‘cor.test’ function.

5

Results
Temperature sensitivity of GPP and ER

GPP and ER were strongly related to temperature, both across and within
treatments and seasons (Fig. 1 & 2, Table 1 & 2). The overall apparent activation
energy (both treatments combined) of GPP was 0.36 (95% CI: 0.24–0.48 eV). The
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overall apparent activation energy of ER was 0.71 (95% CI: 0.64–0.77). In addition,
the apparent activation energies of GPP and ER in our experiment did not differ
between the control and the warm treatment (Fig. 1 & Table 1), indicating that
warming did not alter the temperature sensitivity of these processes over a full
year. The apparent activation energy of ER, being significantly higher than that
of GPP, both across and within treatments (Table 1), shows that ER responds
stronger to seasonal temperature changes than GPP.
Effects of warming on GPP, ER, and NEP

At first sight, the absence of a treatment difference in apparent activation
energies suggests that GPP and ER should both be elevated in the warm
treatment relative to the control. This is indeed the case for GPP as during most
of the year, average GPP was higher in the warm treatment (Fig. 3a). Hence,

Figure 1. Temperature dependence of ecosystem gross primary production (GPP) (a) and ecosystem
respiration (ER) (b) for the control (black) and warm treatment (red). Marginal coefficients of
determination (variance explained by fixed factors) are 0.28 (control) and 0.24 (warm treatment) for the
1/kT vs. ln(GPP) relationship, and 0.75 (control) and 0.69 (warm treatment) for the 1/kT vs. ln(ER)
relationship. Conditional coefficients of determination (variance explained by fixed and random factors)
are 0.70 (control) and 0.52 (warm treatment) for the 1/kT vs. ln(GPP) relationship, and 0.86 (control) and
0.71 (warm treatment) for the 1/kT vs. ln(ER) relationship. Apparent activation energies across treatments
were 0.36 (0.24–0.48) for GPP and 0.71 (0.64–0.77) eV (95% confidence intervals) for ER. See Table 1 for
additional statistical information.
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Figure 2. Temperature dependence of ecosystem respiration (ER) for the control (a; black) and warm
treatment (b; red) split by first and second half of the experiment. Open circles and dashed line denote
first half of the experiment (H1), closed circles and solid lines denote second half of the experiment (H2).
The midsummer 7-day heat wave period was excluded to produce a similar temperature range for both
half of the experiments. See Table 2 for additional statistical information. Marginal (variance explained
by fixed factors) and conditional (variance explained by fixed and random factors) coefficients of
determination are respectively: 0.8 and 0.9 for H1 control, 0.7 and 0.81 for H2 control, 0.71 and 0.78 for
H1 warm treatment, and 0.65 and 0.79 for H2 warm treatment.
Table 1. Summary of analysis of Co-Variance on the relationships between ln(GPP) and ln(ER) vs.
1/kT, and ln(GPP) vs. ln(ER), with degrees of freedom (d.f.), and the F- and P-values.
Relationship
d.f.
F-value
P-value
All data (pooled)
ln(GPP) vs. 1/kT
15.15
19.13
0.0005
Difference in slope of ln(GPP) vs. 1/kT between treatments
252.70
1.07
0.30
Difference in intercept of ln(GPP) vs. 1/kT between treatments
8.61
0.02
0.90
ln(ER) vs. 1/kT
42.45
457.5
< 0.0001
Difference in slope of ln(ER) vs. 1/kT between treatments
255.65
2.67
0.10
Difference in intercept of ln(ER) vs. 1/kT between treatments
6.92
25.71
0.0015
Difference in slope between ln(GPP) vs. 1/kT and ln(ER) vs. 1/kT
545.05
56.89
< 0.0001
Difference in intercept between ln(GPP) vs. 1/kT and ln(ER) vs.
545.05
105.94
< 0.0001
1/kT
Control
ln(GPP) vs. 1/kT
41.88
25.49
< 0.0001
ln(ER) vs. 1/kT
41.77
257.08
< 0.0001
Difference in slope between ln(GPP) vs. 1/kT and ln(ER) vs. 1/kT
249.37
49.22
< 0.0001
Difference in intercept between ln(GPP) vs. 1/kT and ln(ER) vs.
249.37
8.08
0.0049
1/kT
Warm treatment
ln(GPP) vs. 1/kT
41.56
25.58
< 0.0001
ln(ER) vs. 1/kT
40.66
296.35
< 0.0001
Difference in slope between ln(GPP) vs. 1/kT and ln(ER) vs. 1/kT
251.60
40.22
< 0.0001
Difference in intercept between ln(GPP) vs. 1/kT and ln(ER) vs.
251.60
117.07
< 0.0001
1/kT
Significant slopes between parameters and temperature (as 1/kT), and significant differences between
slopes and intercepts are indicated in bold. See Methods for details on the statistical analyses.
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Table 2. Summary of analysis of Co-Variance for the relationships between ln(ER) and ln(GPP) vs. 1/kT
split by first and second half of the experiment, with degrees of freedom (d.f.) and the F- and P-values.
Relationship
d.f.
F-value
P-value
Control
ln(GPP) vs. 1/kT (first half of the experiment)
20.49
10.57
0.0039
ln(GPP) vs. 1/kT (second half of the experiment)
20.76
18.95
0.0003
Difference in slope of ln(GPP) vs. 1/kT between first and
39.44
0.80
0.38
second half of the experiment
Difference in intercept of ln(GPP) vs. 1/kT between first
40.32
0.05
0.82
and second half of the experiment
ln(ER) vs. 1/kT (first half of the experiment)
20.21
219.73
< 0.0001
ln(ER) vs. 1/kT (second half of the experiment)
20.41
136.38
< 0.0001
Difference in slope of ln(ER) vs. 1/kT between first and
40.75
0.27
0.61
second half of the experiment
Difference in intercept of ln(ER) vs. 1/kT between first and
40.76
22.46
< 0.0001
second half of the experiment
Warm treatment
ln(GPP) vs. 1/kT (first half of the experiment)
20.38
14.87
0.001
ln(GPP) vs. 1/kT (second half of the experiment)
19.84
17.94
0.0004
Difference in slope of ln(GPP) vs. 1/kT between first and
39.50
0.81
0.37
second half of the experiment
Difference in intercept of ln(GPP) vs. 1/kT between first
40.08
0.05
0.82
and second half of the experiment
ln(ER) vs. 1/kT (first half of the experiment)
19.49
231.55
< 0.0001
ln(ER) vs. 1/kT (second half of the experiment)
19.74
114.17
< 0.0001
Difference in slope of ln(ER) vs. 1/kT between first and
39.45
7.70
0.0084
second half of the experiment
Difference in intercept of ln(ER) vs. 1/kT between first and
39.44
1.93
0.17
second half of the experiment
First half of the experiment
ln(GPP) vs. 1/kT (pooled treatment data)
23.54
19.65
0.0002
Difference in slope of ln(GPP) vs. 1/kT between treatments
136.20
0.08
0.78
Difference in intercept of ln(GPP) vs. 1/kT between
15.09
0.02
0.89
treatments
ln(ER) vs. 1/kT (pooled treatment data)
20.69
383.22
< 0.0001
Difference in slope of ln(ER) vs. 1/kT between treatments
134.91
0.01
0.93
Difference in intercept of ln(ER) vs. 1/kT between
6.30
3.43
0.11
treatments
Second half of the experiment
ln(GPP) vs. 1/kT (pooled treatment data)
18.46
28.01
< 0.0001
Difference in slope of ln(GPP) vs. 1/kT between treatments
111.88
0.00
0.96
Difference in intercept of ln(GPP) vs. 1/kT between
6.89
0.23
0.65
treatments
ln(ER) vs. 1/kT (pooled treatment data)
20.34
169.34
< 0.0001
Difference in slope of ln(ER) vs. 1/kT between treatments
106.85
3.85
0.052
Difference in intercept of ln(ER) vs. 1/kT between
6.53
11.57
0.013
treatments
Significant slopes between parameters and temperature (as 1/kT), and significant differences between
slopes and intercepts are indicated in bold. See Methods for details on the statistical analyses.
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Effects of warming on GPP, ER, and NEP

At first sight, the absence of a treatment difference in apparent activation
energies suggests that GPP and ER should both be elevated in the warm
treatment relative to the control. This is indeed the case for GPP as during
most of the year, average GPP was higher in the warm treatment (Fig. 3a).
Hence, annual GPP was significantly higher in the warm treatment than in
the control treatment (Table 3). For ER, however, results were very different.
During most of the first half of the experiment ER was higher in the warm
treatment (Fig. 3b). However, the reverse was true for the second half of the
experiment (Fig. 3b). Therefore, the lower ER and higher GPP relative to the
control treatment caused NEP to be higher in the warm treatment during
late summer and autumn (Fig. 3c). The contrasting effect of warming on ER
between half of the experiments canceled each other out over the course of a
year. Hence, although both treatments had similar apparent activation energies
(Fig. 1b & Table 1), suggesting a similar temperature dependency of ER in both
treatments, annual ER was not significantly affected by +4 °C warming (Table
3). This paradox is explained by the Arrhenius plots (Fig. 1). In contrast to rates
of GPP (Fig. 1a), rates of ER in the control are on average higher for any given
temperature than in the warm treatment (Fig. 1b), resulting in a significantly
higher intercept of the ER–temperature relationship (Table 1). Thus, although
the temperature sensitivity of ER was similar in both treatments, temperaturenormalized ER was significantly higher in the control.

5

Separating the data by the midpoint of the experiment reveals that for the
first half of the experiment the slopes and intercepts of the temperature–ER
relationships were statistically indistinguishable between treatments (Fig. 2
& Table 2). However, for the second half of the experiment the temperature–
ER relationship had a significantly higher intercept in the control and a nearsignificantly lower slope in the warm treatment (Fig. 2 & Table 2). The deviation
of the second half of the experiment compared to the first is also observed
within treatments: for the control, the intercept of the temperature–ER
relationship was significantly elevated in the second half of the experiment
compared to the first, while for the warm treatment a significantly lower slope
was observed (Fig. 2 & Table 2). None of these differences were observed for
GPP (Table 2).
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Both treatments had a negative annual NEP, indicating net production of CO2
(Fig. 3c). In addition, annual NEP was on average lower in the control, though not
significantly different from the warm treatment (Table 3). These findings agree
with the observed net emission of CO2 to the atmosphere, which was similar
for the two temperature treatments (Aben et al. (submitted)). Thus, contrary
to what may be expected based on the different temperature sensitivities of
GPP and ER, warming did not affect annual NEP in our experiment, due to the
higher temperature-normalized ER in the control treatment.
Table 3. Linear mixed effects model analysis of the effect of treatment (warmed vs control) on rates of
ecosystem respiration [ln(ER)], gross primary production [ln(GPP)], and net ecosystem production
[ln(NEP)].
Variable
d.f.
ln(ER)
6.02
ln(GPP)
6.02
ln(NEP)
5.83
Significant P-values are given in bold.

F-value
0.11
6.11
2.16

P-value
0.75
0.048
0.19

Drivers of warming-induced differences in temperature-normalized ER

Lower temperature-normalized ER in the warm treatment may originate
from differences in carbon sedimentation. However, sedimentation data
do not support this, as no significant differences between treatments were
observed (Supplementary Fig. 1 & Supplementary Table 1). Also, stoichiometry
of sedimented matter did not significantly differ between temperature
treatments at any of the sampling occasions (Supplementary Table 2). These
observations thus make it unlikely that the quantity and quality of sedimented
material has caused the observed differences in temperature-normalized ER
between treatments.
Planktonic respiration rates represented only a minor share of ER (on average
29% and 11% in the first and second half of the experiment, respectively)
and were not significantly affected by 4 °C warming (Supplementary Fig. 2 &
Supplementary Table 1). Periphyton cover on limnotron walls was significantly
higher in the warm treatment in the first half of the experiment. However,
there was no treatment difference in the second half of the experiment
(Supplementary Fig. 3 & Supplementary Table 1).
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Figure 3. (a) Gross primary production (GPP), (b) ecosystem respiration (ER), and (c) net ecosystem
production (NEP) throughout the year for the control (black) and warm treatment (red). Dots denote
values of individual limnotrons, lines denote arithmetic mean of each treatment. Transparent dotted
lines in the background denote the water temperature for the control (black) and warm treatment (red).
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Biogeochemical processes in the sediment are a likely source for the different
temperature-normalized ER between the temperature treatments. While we
observed no effect of temperature treatment on the pelagic macroinvertebrate
community (not shown), we did detect effects on the abundance of some
taxa of benthic macroinvertebrates. Though the benthic macroinvertebrate
community was similar between treatments in the first half of the experiment,
this strongly changed in the second half of the experiment especially in the
number of Oligochaeta (Fig. 4). In the control, benthic oligochaete density
(mainly Tubifex spp.) strongly increased, while in the warm treatment the
oligochaete density decreased (Fig. 4a).
To further assess the potential effect of a change in density of oligochaetes on
ER, we related changes in ER with changes in oligochaete density and associated
sediment reworking rates at the end of the first half of the experiment (25 June)
and the beginning of the second half of the experiment (9 September) within
individual limnotrons. Water temperatures during these two moments were
nearly identical (Fig. 4), hence we were able to assess the within-treatment
temperature-controlled effect of changes in oligochaete densities on changes
in ER. We found that the change in oligochaete density and associated sediment
reworking rates was positively correlated with temperature-controlled changes
in ER (Fig. 5).
Although oligochaete density further increased towards the end of the second
half of the experiment (Fig. 4a) the temperature-dependent community
sediment reworking rate did not (Table 4). Furthermore, the highest sediment
reworking rates by the oligochaete community coincided with hypoxic
conditions (< 30% O2 saturation) in the water column. Hypoxia occurred in
three out of four limnotrons of the control treatment, with an average duration
of 44 days (range: 42–49 days). In the warm treatment only one limnotron
experienced hypoxia, with a duration of 28 days. We did not observe water
column anoxia during the experiment. Furthermore, there were no significant
differences in sediment organic matter, carbon and nitrogen content, and C:N
ratio between treatments, neither at the start, nor at the end of the experiment
(Supplementary Table 3).
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Figure 4. Densities of Oligochaeta (a) and Erpobella (b) taxa determined three times during the year for
the control (black) and warm treatment (red). Dots denote values of individual limnotrons, lines denote
arithmetic mean of each treatment. Transparent dotted lines in the background denote the water
temperature for the control (black) and warm treatment (red). Asterisks denote significant treatment
differences (P < 0.05; Exact Mann-Whitney U test). Note the logarithmic scale of the upper graph’s y-axis.

Table 4. Calculated sediment reworking rates by Oligochaeta (mainly T. tubifex) per sampling date and
treatment (mean ± SD).
Date

Control
Warm
Sediment reworking rate (cm yr-1 m-2)
25-6-2014
1.3 ± 0.8
3.6 ± 0.9
19-9-2014
9.4 ± 13.7
1.4 ± 0.2
15-1-2015
4.2 ± 3.3
0.5 ± 0.6
Sediment reworking rates for T. tubifex were calculated after the per capita temperature-sediment
reworking relationship described in White et al. (1987) multiplied by the observed number of T. tubifex
per square meter at each date.
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Figure 5. Change in the density of oligochaetes (a), associated sediment reworking rates (b) and
ecosystem respiration (ER) rates observed at 25 June and 9 September, 2014 in 6 individual limnotrons.
Water temperatures at these two dates were nearly identical for each treatment, which allows for a
temperature-controlled assessment of effects of oligochaetes on rates of ER. Positive and negative
values represent increase and decrease in oligochaete density and ER, respectively. Convergence of
dashed lines indicates origin of the graph. ER data of 2 mesocosms was missing on either of the two
dates and therefore excluded from the graph. Black and red dots denote control and warm treatment,
respectively.

Discussion
Our results demonstrated a similar temperature dependence of ER in the control
and a +4 °C warming treatment of experimental freshwater ecosystems over the
course of one year. Seasonally contrasting effects of experimental warming on
ER, however, led to a lower temperature-normalized ER in the warmed treatment.
Hence, no significant effect of warming on annual ER was observed. This contrasts
with our findings for GPP, which was significantly higher in the warm treatment.
Our data suggest that differences in ER between treatments are to a large extent
related to warming-induced reductions in densities of benthic oligochaetes
(mainly Tubifex spp.) that may strongly control sediment O2 uptake through
sediment reworking and organic matter processing (as explained below).
Ecosystem-scale metabolic rates in our experiment had temperature
dependencies which were statistically indistinguishable from those at the cellular
level (Allen et al. 2005) and from those observed in other aquatic ecosystems
(Yvon-Durocher et al. 2010b, Yvon-Durocher et al. 2012, Scharfenberger et al.
2018). Furthermore, our rates of GPP and ER at normalized temperature (15 °C;
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Fig. 1) fall in the range of values observed at the same temperature in a panEuropean mesocosm experiment, comprising mesotrophic and eutrophic
shallow systems (Scharfenberger et al. 2018). While experimental warming
increased GPP in our experiment, it did not increase ER. This contrasts the
prediction, based on metabolic theory, that warming will increase ER more than
GPP (Allen et al. 2005, Yvon-Durocher et al. 2010b). Our results also contrast with
empirical data of another mesocosm experiment, where warming increased
both GPP and ER, with a stronger increase in the latter (Yvon-Durocher et al.
2010b). However, our observed differences in temperature-normalized ER
between treatments did not occur in other mesocosm experiments and are
not predicted by predictions based on metabolic theory.
The strong deviation in ER between half of the experiments (Fig. 3b)—with
generally higher ER in the warm treatment in the first half of the experiment,
and higher ER in the control in the second half of the experiment— was
unexpected, as similar mesocosm experiments did not find a higher ER in
cooler systems during any time of the year (Yvon-Durocher et al. 2010b,
Davidson et al. 2015, Yvon-Durocher et al. 2017). The differences in ER between
the two experimental periods cannot be explained by differences in quantity
and stoichiometry of sedimented matter nor by planktonic respiration rates
(Supplementary Table 1 & Supplementary Fig. 1 & 2). Although periphyton
cover on limnotron walls differed significantly between treatments in the
first half of the experiment, this was not the case in the second half of the
experiment (Supplementary Table 1 & Supplementary Fig. 3). As we do not
have data on periphyton respiration throughout the year we cannot rule out
its effect on the observed differences in ER. Although periphyton cover and
biomass (as chlorophyll-a) differed significantly between treatments in the first
half of the experiment, biomass of total primary producers (phytoplankton,
periphyton, and epipelon) was similar between treatments (Kazanjian et al.
2018b), suggesting a different source is responsible for the observed differences
in ER. In shallow lakes sediment microbial communities usually contribute
most to ecosystem respiration (Lischke et al. 2017, Żbikowski et al. 2019). Our
data show that warming-induced reductions in benthic oligochaete densities
(mainly tubificids) are a likely explanation for the observed differences in ER.

5

127

58159 Ralf Aben F.indd 127

02-09-19 14:57

Chapter 5

Growth rate of ectotherms like oligochaetes is strongly driven by temperature
and warming will thus result in a faster growth as long as the optimal
temperature is not exceeded. Recruitment of T. tubifex has been shown to
decrease at temperatures above 21 °C (Oplinger et al. 2011), a threshold
that was passed in the warm treatment at the end of June. Besides, we also
observed higher densities of a predatory leech (Erpobdella spp.) that feeds
on tubificid worms (Kutschera 2003) at the end of the second half of the
experiment (Fig. 4b) and noted the presence of a few very large specimens in
the warm treatments. This indicates that besides the direct effects of warming
on species, which are dependent on the species’ life histories, indirect effects of
warming on top-down forcing may have contributed to the observed shifts in
the dominant macroinvertebrate densities (Winder and Schindler 2004, Gilg et
al. 2009, Gilman et al. 2010, Shurin et al. 2012, Kazanjian et al. 2018b).
Oligochaetes (including tubificids) are an important group of bioturbators that
strongly affect organic matter processing in sediments (McCall and Fisher 1980,
Mermillod-Blondin et al. 2001). It is therefore possible that increased density
of these worms in late summer and autumn strongly increased sediment
respiration in the control, both through their community respiration and by
increasing microbial sediment respiration via bioturbation (Mermillod-Blondin
et al. 2008, Lagauzère et al. 2009, Hölker et al. 2015, Baranov et al. 2016). In
the warm treatment, the different slope of the temperature–ER relationship
between half of the experiments (Table 2) indicates a seemingly opposite
effect: at high temperatures, rates of ER were lower in the second half of the
experiment (Fig. 2b) which may relate to decreased oligochaete numbers and
related sediment reworking rates at the beginning of the second half of the
experiment (Fig. 4a & Table 4). Unfortunately, we lack sediment respiration data
to confirm this hypothesis.
The presumed oligochaete-induced elevation of ER in the control treatment
starts at the beginning of the second half of the experiment and fades
somewhere in November (Fig. 3b). This seemingly contrasts with the
oligochaete data, that show a further increase in density in the control and
a significant difference with the warm treatment up until the end of the
experiment in January (Fig. 4a). This might be explained by the temperaturedependent sediment reworking rates of the oligochaetes. Despite the even
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bigger treatment difference in oligochaete densities in January (Fig. 4a), the
difference in average sediment reworking rates between treatments was
highest in September (Table 4) when water temperatures were much higher
than in January (Fig. 4). The larger treatment difference in sediment reworking
rates in September combined with the exponential temperature dependence
of aerobic sediment respiration (Sobek et al. 2017), likely explain the higher
absolute and temperature-normalized ER in the control treatment during late
summer and autumn, and the fading of a treatment difference on ER hereafter
(Fig. 3b). Moreover, the higher absolute ER in the control treatment may
explain the water column hypoxia observed during late summer and autumn,
which—in line with higher ER—was most severe in the control. This means
that, contrary to predictions, climate warming may not necessarily promote
water column hypoxia in shallow systems (Moss et al. 2011). The absence of a
treatment difference in sediment organic matter, carbon and nitrogen content,
and C:N ratio at the start and end of the experiment (Supplementary Table
3) indicates that substrate availability for sediment respiration was similar
between treatments and likely did not affect the observed differences in
ER. However, we do not know whether there were differences in the relative
availabilities of recalcitrant versus labile organic carbon that may affect ER.

5

The correlation between changes in oligochaete densities and associated
sediment reworking rates, and temperature-controlled changes in ER (Fig. 5)
provides further support that differences in temperature-controlled ER may
be linked to the worms’ bioturbation-related effects on O2 consumption: The
stronger the reduction in oligochaete density and sediment reworking rates
the stronger the decrease in temperature-controlled ER. The opposite is
also true: an increase in oligochaete reworking rates resulted in an increase
in temperature-controlled ER (Fig. 5). However, for the latter, the extreme
increase in oligochaete density and reworking rate coincides with a relatively
small increase in temperature-controlled ER. This may be explained by densitydependent suppression of oligochaete activities at high numbers, reducing
the per-capita effect on aerobic microbial sediment respiration [as observed
for chironomids by Baranov et al. (2016)].
Our finding that oligochaete density may strongly affect benthic O2 uptake and,
through that, rates of ER concur with a study that found a strong increase in benthic
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O2 uptake in a treatment with T. tubifex densities of 12,000 individuals m-2, similar
to densities observed in the control treatment of our experiment, compared to a
control treatment without T. tubifex (Mermillod-Blondin et al. 2008). Lagauzère et
al. (2009) also reports increased O2 uptake in T. tubifex inhabited sediments. The
tubificids’ feeding behavior mixes the upper 5–10 cm of the sediment, which
results in a porous, oxidized, pelletized zone at the sediment surface, as the worms
transport O2 demanding materials from deeper sediment layers upwards (McCall
and Fisher 1980) enhancing O2 diffusion and demand (Mermillod-Blondin et al.
2008, Pischedda et al. 2008, Lagauzère et al. 2009).
Interestingly, the moment of change in the seasonally differing treatment
effect on ER coincided with the heat wave (Fig. 3b). The temporary 4 °C rise in
water temperature may have contributed to the observed changes in benthic
invertebrate density and ER. Although experiments with and without heat wave
treatments are needed to pinpoint a heat wave as the determining factor, studies in
natural systems confirm the high impact heat waves can have on the invertebrate
community composition (Mouthon and Daufresne 2006, Sorte et al. 2010).
If indeed pulse disturbances such as heat waves—that are hard to predict with
respect to timing and severity—are of major influence on longer-term ER, then
this implies that long-term predictions of the effect of warming on aquatic
metabolism [e.g. Yvon-Durocher et al. (2017)] come with high uncertainty.
In addition, effects of warming on ecosystem metabolism may differ per
system, which may depend on different factors such as the abundance and
composition of primary producers and the system’s trophic state (Davidson et
al. 2015, Kraemer et al. 2017). Furthermore, long-term effects of warming on
ecosystem metabolism may differ from short-term effects if warming induces
(evolutionary) changes in photosynthetic capacity, resource-use efficiency and
resource availability (Jeppesen et al. 2009, Jeppesen et al. 2011, Padfield et al.
2016, Schaum et al. 2017, Hood et al. 2018), continues to alter the structure of
communities (Yvon-Durocher et al. 2015) and their trophic interactions (Shurin
et al. 2012) selects on photosynthetic traits (Padfield et al. 2017), depletes organic
carbon pools (Yvon-Durocher et al. 2012), and causes shifts in alternative states
(Mooij et al. 2007, Kosten et al. 2009, Peeters et al. 2013, Hilt et al. 2017).
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Overall, our results show that warming doesn’t necessarily increase ER more
than GPP, since ER, despite being temperature-dependent, is offset by a
reduction in temperature-normalized ER. The latter is possibly related to
changes in macroinvertebrate community composition and abundances that
strongly drive sediment respiration. These changes may develop gradually but
may also occur suddenly. Sudden changes in ER and NEP are likely to increase
as their drivers are strongly influenced by extreme events such as heat waves
and storms which occurrences are predicted to increase in the near future.
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Supplementary Figure 1. Rates of carbon (C) sedimentation throughout the year for the control (black)
and warm treatment (red). Dots denote values of individual limnotrons, lines denote arithmetic mean of
each treatment. Transparent dotted lines in the background denote the water temperature for the
control (black) and warm treatment (red).

Supplementary Table 1. Linear mixed effects model analysis of the effect of treatment (warmed vs
control) on rates of sedimentation [ln(sedimentation)], planktonic respiration [ln(planktonic R)], and
periphyton wall cover.
Variable
d.f.
F-value
P-value
ln(sedimentation)
5.55
0.02
0.89
ln(sedimentation S1)
5.55
0.08
0.79
ln(sedimentation S2)
5.63
0.00
0.96
ln(planktonic R)
5.99
4.44
0.08
ln(planktonic R S1)
5.97
2.67
0.15
ln(planktonic R S2)
6
2.45
0.17
Periphyton wall cover
6
1.10
0.33
Periphyton wall cover S1
6
13.47
0.01
Periphyton wall cover S2
6
0.25
0.63
S1 and S2 denote first and second semester, respectively. Significant P-values are given in bold.
Supplementary Table 2. Stoichiometry of sedimented material.
Date

C:N
C:P
N:P
control
warm
control
warm
control
warm
14 Mar
16 ± 5
18 ± 3
527 ± 200
597 ± 182
33 ± 5
34 ± 11
26 Apr
10 ± 1
10 ± 1
166 ± 22
163 ± 28
16 ± 2
16 ± 4
11 Jul
13 ± 5
15 ± 5
237 ± 169
287 ± 75
18 ± 9
19 ± 2
12 Sept
13 ± 5
15 ± 7
749 ± 1663
293 ± 174
69 ± 171
22 ± 15
24 Oct
14 ± 5
23 ± 16
341 ± 206
285 ± 285
26 ± 26
12 ± 4
Stoichiometry of sedimented material. Mean ± 95% Confidence Intervals. No significant differences
between treatments were observed at any point in time (Exact Mann-Whitney-Tests).
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Supplementary Figure 2. Rates of planktonic respiration throughout the year for the control (black) and
warm treatment (red). Dots denote values of individual limnotrons, lines denote arithmetic mean of
each treatment. Transparent dotted lines in the background denote the water temperature for the
control (black) and warm treatment (red).
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Supplementary Figure 3. Periphyton wall cover throughout the year for the control (black) and warm
treatment (red). Dots denote values of individual limnotrons, lines denote arithmetic mean of each
treatment. Transparent dotted lines in the background denote the water temperature for the control
(black) and warm treatment (red).

Supplementary Table 3. Sediment organic matter, carbon and nitrogen content, and C:N ratio at the
start and end of the experiment for the control and warm treatment.

Organic matter content (%dry weight)
Carbon content (% dry weight)
Nitrogen content (%dry weight)
Sediment C:N (atomic)

Start
Control
Warm
6.0 ± 0.4
6.2 ± 0.5
4.2 ± 0.3
4.9 ± 1
6.0 ± 0.4
6.2 ± 0.5
17.3 ± 0.2
16.7 ± 0.6

End
Control
7.5 ± 2.1
5.9 ± 1.5
7.5 ± 2.1
11.5 ± 1.4

Warm
6.8 ± 0.1
5.4 ± 0.6
6.8 ± 0.1
11.6 ± 0.2

Values denote mean ± standard deviation. No significant differences between treatments were
observed (Exact Mann-Whitney-Tests).
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Abstract
Severe eutrophication threatens freshwater systems around the world. The
application of aquatic buffer zones with plants, for example around agricultural
lands, can increase nutrient retention and thereby reduce nutrient loading to
downstream systems. However, not much is known about greenhouse gas
(GHG) emissions from these buffer zones and how they are affected by nutrient
loading and dominating plant species. Here, using a full-factorial mesocosm
experiment with different nutrient loadings and plant types (e.g. submerged
and free-floating species), we show that emissions of methane (CH4) and
nitrous oxide (N2O) in a mesocosm experiment were strongly related to nutrient
loading. Overall, total GHG emission (as the sum of CH4 and N2O emission
in CO2 equivalents) was not significantly affected by plant species. Only CH4
ebullition, which represented a minor emission pathway, was significantly
lower in experimental units with submerged plants that rooted in the sediment
as compared to non-rooted plants, presumably due to enhanced microbial CH4
consumption in the sediment fueled by radial oxygen loss. We conclude that
aquatic buffer zones can be GHG emission hotspots and recommend careful
consideration of environmental conditions (e.g. soil structure and organic
carbon content), expected nutrient loadings, and alternatives, prior to their
construction.
Key Points
•
The effect of nutrient loading and plant species on the emission of N2O
and CH4 was determined in a mesocosm experiment
•
Diffusive emissions of CH4 and N2O, as well as CH4 ebullition were
significantly positively affected by nutrient loading
•
In contrast with diffusive emissions, CH4 ebullition was significantly
affected by plant species, being lowest in systems with rooted plants
(Myriophyllum spicatum and Elodea canadensis) and highest in systems
with non-rooted plants (Azolla filiculoides and Ceratophyllum demersum)
•
Agricultural buffer zones can be strong hotspots of greenhouse
gas emissions, particularly N2O. Their application demands careful
assessment of environmental conditions (e.g. soil and vegetation type)
and expected nutrient loadings.
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Introduction
Many freshwaters are suffering from eutrophication due to high input of
phosphorus (P) and nitrogen (N) (Galloway et al. 1995, Vitousek et al. 1997,
Smith et al. 1999). Consequences of increased land and water use, such as
leaching of wastewater effluent and increased use and runoff of fertilizers
(Tilman et al. 2001, Silvino and Barbosa 2015, Mateo-Sagasta et al. 2017) are
important causes of eutrophication of freshwater ecosystems. Besides the
negative effects of eutrophication on water quality [e.g. harmful algal blooms
(Heisler et al. 2008), hypoxia (Rabalais et al. 2010)] and loss of biodiversity
(Jeppesen et al. 2000)], eutrophication generally results in increased emission
of methane (CH4) and nitrous oxide (N2O) (Deemer et al. 2016, DelSontro et
al. 2018), two of the major greenhouse gases (GHG) emitted from aquatic
ecosystems (DelSontro et al. 2018). Eutrophication generally stimulates primary
production, which can lead to net CO2 uptake (Pacheco et al. 2014). However,
this also increases sedimentation of organic matter that fuels CH4 formation
in anaerobic environments (e.g. sediments) (West et al. 2015a, Grasset et al.
2016). Eutrophication may affect emission of N2O both directly and indirectly.
Increased availability of ammonium (NH4+) and nitrate (NO3-), can enhance
microbial nitrification and denitrification rates, respectively. Both processes are
potential sources of N2O (Firestone and Davidson 1989). Accumulation of N2O,
an intermediate in the denitrification process, can occur when NO3- (electron
acceptor) availability greatly exceeds the availability of organic carbon
(electron donor) (Firestone and Davidson 1989). Furthermore, eutrophicationinduced increases in organic carbon production and sedimentation may
strongly increase O2 consumption through aerobic mineralization. This can
cause hypoxia (Del Giorgio and Williams 2005), which favours production of
N2O, both via nitrification and denitrification (Betlach and Tiedje 1981, Poth
and Focht 1985, Tallec et al. 2006, Garnier et al. 2007, Ji et al. 2015). Increased
fertilizer use, manure excretion, and atmospheric nitrogen deposition therefore
are important contributors of the rise in N2O emission from aquatic ecosystems
(Syakila and Kroeze 2011). Moreover, climate change may intensify N loading
from land to streams due to higher rainfall and changes in cropping patterns
(Jeppesen et al. 2011).

6
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The use of fast growing plant species with a high eutrophication tolerance in
constructed wetlands can help to combat eutrophication and improve water
quality (Tang et al. 2017). However, plants can also affect CH4 and N2O emissions
from shallow freshwater ecosystems. The effects depend on plant type and
can directly or indirectly alter the biochemistry of the plants surroundings
(Hilt et al. 2017). Floating plant dominance, for instance, often reduces oxygen
(O2) concentrations in the surface water and sediment due to the low-light
conditions in the water column impeding photosynthesis and due to the
dense cover severely limiting intrusion of atmospheric O2 into the water layer
(de Tezanos Pinto and O’Farrell 2014, Oliveira-Junior et al. 2018). These low O2
conditions in combination with high availability of sedimented organic matter
stimulate the microbial production of CH4 and inhibit its oxidation (Bastviken
2009). This may result in substantial CH4 emission, though certain floating plant
species can strongly promote CH4 oxidation in the rhizosphere due to root O2
loss (Kosten et al. 2016). Similarly, rooted, submerged and emergent plant
species can exhibit root O2 loss to different degrees (Colmer 2003, Laskov et
al. 2006, Lemoine et al. 2012), thereby potentially decreasing methanogenesis
and increasing methanotrophy (Calhoun and King 1997) thereby lowering CH4
emission (Dullo et al. 2017). Rooted floating and submerged plants can also act
as a chimney, as CH4 in sediments may enter the plant through the root system
and subsequently leave the plant through stem and leaf tissue (Hartman and
Brown 1966, Dacey and Klug 1979, Heilman and Carlton 2001b, a, Sanders et
al. 2007). Part of the CH4 that leaves plant tissues through diffusion can be
consumed by CH4 oxidizing microbes living on stem and leaf tissues (Heilman
and Carlton 2001b, Yoshida et al. 2014). Depending on the plant type and the
environmental conditions, plants may thus either enhance or decrease CH4
emission. A comparitive study in experimental ponds under mesotrophic
conditions indicated that the dominance by free-floating plants resulted in
much higher CH4 emissions than dominance by rooted, submerged plants
(Chapter 7).
The effect of eutrophication on GHG emissions from systems with different
types of plants is largely unknown, which is partially caused by a lack of data
and studies focusing on GHG emissions from vegetated aquatic systems. The
few studies that have been conducted often ignore N2O fluxes and ebullitive
(bubble) CH4 fluxes (Hilt et al. 2017). One of the few studies that looked into the
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effect of eutrophication and plant effects (though the latter not experimentally
controlled for) found that plant abundance negatively affected diffusive CH4
and N2O emissions from experimental ponds in low nutrient conditions, while
there was no effect at high nutrient concentrations (Davidson et al. 2015). A
study using the same mesocosm experiment, recently demonstrated that
across temperature and nutrient treatments, plant abundance was strongly
negatively related to CH4 ebullition (Davidson et al. 2018). This suggests that
effects of plants on CH4 ebullition may override effects of temperature (Aben et
al. 2017 and Chapter 7) and eutrophication (DelSontro et al. 2016, Harrison et
al. 2017) on this important emission pathway (Bastviken 2009).
The large-scale eutrophication of surface waters isn’t a problem that is going to
disappear soon. Worldwide, lakes are increasingly becoming eutrophic (Smith
et al. 2014) and despite actions to combat eutrophication this trend is not
expected to stop in the near future. Increasing human population (Cole et al.
1993, Caraco and Cole 1999, Cordell et al. 2009, Kc and Lutz 2017) (e.g. sewage
production and fertilizer use) and the expected increase in extreme weather
events (IPCC 2013) (e.g. storms and downpours) that transport terrestrial
organic matter and nutrients into aquatic ecosystems (Jeppesen et al. 2009,
Moss et al. 2011, Dhillon and Inamdar 2013, Sinha et al. 2017) act together in
worsening eutrophication and its symptoms. One of the measures that are
proposed to mitigate downstream eutrophication is the creation of buffer
zones around agricultural areas to limit nutrient runoff from reaching other
surface waters (Uusi-Kämppä et al. 2000). However, little is known about GHG
emissions from those systems. Hence, it is important to investigate how these
agricultural buffer zones as well as other strongly eutrofied systems (e.g. due
to sewage input) may affect CH4 and N2O emissions, and how these emissions
may differ under dominance of different functional plant groups. To this end,
we used a full factorial outdoor mesocosm experiment with three treatments
of high nutrient loading and four different plant types. We hypothesize that
CH4 and N2O emission will increase with nutrient input. Furthermore, we expect
CH4 ebullition to be lower in systems where plants root in the sediment, due to
radial oxygen loss related increases in microbial CH4 oxidation.

6
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Methods
The mesocosms

We conducted an experiment using mesocosms (1.85 m Ø, 0.9 m deep, volume
of 2400 litres) containing 20 cm (135 L) of peat (originating from Ilperveld,
the Netherlands, 52°27’ N, 4°56’ E) and 50 cm of (potable) tap water (for more
information see Tang et al. (2017)). The mesocosms were dug into the ground
for isolation, preventing large temperature fluctuations, and were located at
the greenhouse facilities of Radboud University (Nijmegen, the Netherlands,
51°49’21”N 5°52’26”E). The experiment lasted for 4 months, from September
to December (2015). Transparent carbon fibre plates were used to seal the
mesocosm edge (using rubber sheets) creating four isolated experimental units
with one dominant plant species in each (Fig. 1): Azolla filiculoides, Ceratophyllum
demersum, Elodea Canadensis and Myriophyllum spicatum. The choice for these
species was based on the wide nutrient range in which they occur (Schneider
and Melzer 2003, Tracy et al. 2003, Chase and Knight 2006, Topuzović et
al. 2016, Tang et al. 2017) and their different growth forms. A. filiculoides is a
free-floating fern with N-fixing cyanobacteria as endosymbionts and roots
trailing in the water (Tochner and Likens 2009). They can quickly colonize P-rich
waters and form dense mats. C. demersum is a non-rooted, submerged plant

Figure 1. Scheme of a mesocosm with 4 experimental units differing in plant species as well as the
instruments used for ebullitive and diffusive GHG flux measurements.
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species, floating in the water column. Like A. filiculoides, it mainly takes up
nutrients directly from the water column, though it can still take up some
nutrients from sediments by forming modified leaves (rhizoids) (Toetz 1974,
Keskinkan et al. 2004). E. canadensis and M. spicatum are submerged, rooted
species that can take up nutrients both from sediments and the water column
(Tochner and Likens 2009). All three submerged plant species are able to use
HCO3- in addition to CO2 (Maberly and Madsen 1998).
Nutrient loading

We used three different nutrient treatments, where each mesocosm was
enriched with N and P in the form of NH4NO3 and Na2HPO4. The lowest (1 mg P
m-2 d-1; 20 mg N m-2 d-1), intermediate (50 mg P m-2 d-1; 1000 mg N m-2 d-1), and
highest (200 mg P m-2 d-1; 4000 mg N m-2 d-1) nutrient loadings represent eutrophic
to hypertrophic freshwaters. The N:P molar ratio of the added nutrients was
ca. 40, a ratio regularly found in nutrient-rich Dutch agricultural ditches (see
Supplementary Fig. 1). The loading in the highest nutrient treatment resulted
in nutrient concentrations that surpass those generally found in agricultural
ditches. This treatment was included as an extreme future scenario combining
intense precipitation events [expected to increase in frequency; IPCC (2013)]
with intense agriculture leading to extreme runoff and nutrient loading.
Dissolved oxygen and temperature depth profiles

Depth profiles of dissolved oxygen (O2) and temperature were recorded at
depths of 5, 15 and 45 cm once a month (from October to December 2015)
in each experimental unit, using an IntelliCAL™ LDO101 Rugged Luminescent/
Optical Dissolved Oxygen (LDO) Probe connected to an HQ40d portable meter
(HACH, Loveland, CO, USA).

6

Water chemistry

Surface water samples were collected from each experimental unit at the end
of the experiment (December 2015). From each sample, one subsample was
directly acidified to keep metals in solution and was stored in a refrigerator at
4 °C for elemental analysis. The other subsample was directly frozen for further
analysis with auto analyzers. The subsample for elemental analysis was analysed
for Na, K, Ca, Mg, Al, Fe, Mn, P, S, Si and Zn, using an Inductively Coupled Plasma
Spectrophotometer (ICP-OES Thermo Electron corporation IRIS Intrepid II XDL,
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Franklin, MA). In the other subsample, concentrations of phosphate (PO43-), nitrate
(NO3-), ammonium (NH4+), and chloride (Cl-) were measured colorimetrically
with an auto analyzer 3 system (Bran+Luebbe, Norderstredt, Germany), using
ammonium molybdate (Henriksen 1965), hydrazine sulphate (Kamphake et al.
1967), salicylate (Grasshoff and Johannsen 1972), and ferriammonium sulphate
(O’Brien 1962), respectively.
Plant cover and PVI

Throughout the experiment plant cover and height of the submerged plants
were monitored each month. Plant Volume Infested (PVI) of submerged plant
species was calculated as the percentage of plant cover multiplied by the plant
height divided by the water depth (Canfield Jr et al. 1984). Plant mortality (as a
percentage) was visually inspected each month and noted down by the same
person throughout the experiment.
Greenhouse gases
Sediment CH4 and N2O fluxes
Once a month sediment samples were collected by pushing Plexiglas
transparent cylinders (Ø 63 mm x 1.8 mm x 400 mm height) into the sediment
of each experimental unit. Sediment in the cylinders formed no more than half
of the cylinder height, whereas the other part was filled with surface water from
the experimental unit. While still submerged in the mesocosm, the cylinders
were closed with rubber stoppers at both ends and then carefully removed
from the mesocosm. Subsequently they were incubated in a water bath in the
laboratory at in situ temperature. GHG emissions from incubated sediments
were measured maximum 3 days after sediment sampling. Before starting the
measurement, overlying water was carefully removed without disturbing the
sediment. Subsequently, the cylinder was then closed using a thick rubber
stopper with an inlet and outlet which were connected to a greenhouse gas
analyzer (model G2508 CRDS Analyzer, Picarro, Santa Clara, CA, USA) to measure
the change in N2O and CH4 concentration over time (Fig. 2). Concentrations
were measured over a 3-to-5-minute period and fluxes calculated according to
Almeida et al. (2016):

A=

'
G ∗ A1 ∗ A2
∗ slope ∗
/
H∗I

(1)

142

58159 Ralf Aben F.indd 142

02-09-19 14:57

Impact of plant species and nutrient loading on CH4 and N2O fluxes from nutrient-rich waters: an experimental approach

Where F is the gas flux (g m-2 d-1), V is the volume of the headspace in the cylinder
(m3), A is the sediment surface area (m2), slope is the slope of the relationship
between the CH4 or N2O concentration and the time (ppm second-1); P is
atmospheric pressure (Pa); F1 is the molar mass of N2O (44) or CH4 (16) (g mole1
); F2 is the conversion factor of seconds to days; R is the ideal gas constant
8.3145 (m3 Pa K-1 mol-1); T is the sediment and water temperature (K).

Figure 2. Schematic illustration of measurement of CH4 and N2O fluxes from incubated sediment cores.

6

Water-atmosphere diffusion of CH4 and N2O

Diffusive water-atmosphere fluxes of CH4 and N2O were measured during
daylight once a month using a transparent floating chamber (ID 29.2 cm;
volume: 14.7 L) connected in a closed loop to the greenhouse gas analyzer
mentioned above. CO2 fluxes were also measured, but not analyzed since reliable
estimates of diel CO2 fluxes require the inclusion of nighttime measurements
(Yvon-Durocher et al. 2017). Fluxes were calculated as described above, where
V is chamber headspace volume (m3; measured during the measurement) and
A is chamber surface area (m2). Changes in concentration were measured in
each experimental unit for 3 to 5 minutes. In case of disturbance by ebullition
[visible as a sudden increase in CH4 concentration, see e.g. Grasset et al. (2016)],
the chamber was removed, aerated and the measurement was repeated.
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Ebullition

Ebullition (gas bubbles from the sediment) was continuously collected using
bubble traps consisting of inverted funnels (Ø 122 mm diameter) directly
connected to 120 ml glass infusion bottles. Bubble traps were installed by
attaching them to horizontal metal bars on top of the mesocosms (Fig 1).
Before placement, each bubble trap was completely filled with water in order
to enable bubble collection through displacement of the water inside the
bubble trap. Once a month, infusion bottles were collected (and immediately
replaced). Subsequently, gas volume was determined by subtracting the
weight of each bottle by their predetermined full (water filled) weight. Ebullitive
gas was analyzed for CH4 concentration using a HP 5890 gas chromatograph
equipped with a Porapak Q column (80/100 mesh) and a flame ionization
detector (Hewlett Packard, USA). The CH4 concentration of ebullitive gas was
subsequently multiplied by gas volume and divided by funnel surface and
time to determine the flux of CH4 ebullition (in mg m-2 d-1). Ebullitive fluxes
are possibly underestimated due to dissolution and potential subsequent
oxidation of headspace CH4 during the month-long deployment of bubble
traps. During the experiment, ebullitive gas was analysed once for N2O. Here, a
modified setup of the GHG analyzer mentioned above was used. The analyzer
in its default setup (no closed loop) was supplied with a custom injection port.
Collected ebullitive gas was directly injected (0.1 ml) into the greenhouse gas
analyzer using a gas tight 100 µL syringe (Model 1710 TLL, Hamilton, Bonaduz,
GR, Switzerland), after which the area under the curve (AUC) was calculated.
N2O reference gas was used to convert AUCs to N2O concentrations.
Total GHG emission

We made a weighted sum of total GHG emissions as CO2 equivalents based
on the radiative forcing of each of the biogenic gas species. To this end, fluxes
of CH4 and N2O were multiplied by 34 and 298, respectively, corresponding to
their global warming potential (GWP) on a 100-year time horizon (IPCC 2013).
Statistics

All statistical analyses were performed using R (version 3.5.0). Statistical
significance was determined at P < 0.05. The effect of nutrient treatment and
plant species on sediment and water-atmosphere emission of CH4 and N2O,
and on the fraction of total CH4 flux emitted as ebullition were tested using
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linear mixed-effects models (LMM) using the ‘lme4’ package (Bates et al. 2015).
Likewise, we tested the effects of nutrient treatment and plant species on the
average plant cover, average PVI, and final (end of experiment) surface water
nutrient concentrations. Nutrient treatment and plant species were treated
as fixed effects with pond ID as a random effect on the intercept. We also
included the interaction between nutrient treatment and plant species to test
whether the effect of nutrient treatment was affected by plant type. A similar
analysis was done for O2 and temperature data measured each month. Here,
‘month’ was included as an additional random effect. Model assumptions of
linearity, homoscedasticity, normality of residuals, and absence of collinearity
were checked using residual plots, histograms and Q-Q plots of residuals,
Shapiro-Wilk’s test (function shapiro.test), and a fixed effects correlation table.
When necessary, data were log-, square-root-, cube-root- or logit-transformed
to meet assumptions. The latter transformation was only used for proportion
data. We used type-III ANOVAs to test the significance of fixed factors and
their interactions, with degrees of freedom and P-values calculated using
the Kenward-Roger approximation (Kenward and Roger 1997) through the
‘lmerTest’ and ‘pbkrtest’ packages (Halekoh and Højsgaard 2014, Kuznetsova
et al. 2017). Least-square means (classical Yates contrasts) as well as pairwise
differences were computed by the ls_means function (‘lmerTest’ package).
Coefficients and P-values for Spearman correlations were obtained using the
rcorr function from the ‘Hmisc’ package (Harrell 2010).

6

Results
Effects of plant and nutrient treatment on surface water nutrients concentrations

The interaction between plant and nutrient treatment significantly affected
NO3- concentrations in the water column (Supplementary Table 1; LMM: F6,18
= 5.25; P = 0.003). In the intermediate nutrient treatment, NO3- concentrations
were lowest when A. filiculoides or M. spicatum were present (Supplementary
Table 1). In case of A. filiculoides, the relatively low NO3- concentrations coincided
with relatively high NH4+ concentrations. This was not the case for M. spicatum
(Supplementary Table 2), which had relatively low dissolved inorganic nitrogen
concentrations (NO3- + NH4+) compared to the other species in the intermediate
nutrient treatment. The NH4+ concentration was, overall, also significantly
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related to the plant-nutrient interaction (Supplementary Table 2; LMM: F6,18
= 3.86; P = 0.01). There was no significant plant-nutrient interaction for PO43concentrations in the water column (LMM: F6,18 = 1.19; P = 0.35), but there was
a significant effect of plant treatment (LMM: F3,24 = 4.36; P = 0.014). Overall,
PO43- concentrations were highest in treatments with A. filiculoides and lowest
in treatments with E. canadensis (Supplementary Table 3). PO43- concentrations
in experimental units with E. canadensis were significantly lower than in those
with A. filiculoides (t = -3.25; P = 0.003) and those with M. spicatum (t = -2.97; P
= 0.007).
Effects of plant and nutrient treatment on plant cover, PVI & mortality

Plant cover ranged from 50 to 100% (median: 87%) and differed significantly
between plant treatments (Supplementary Fig. 2; LMM: F3,24 = 13.05; P < 0.001).
A. filiculoides had the highest mean cover, which was significantly higher than
the cover of C. demersum (t = 6.08; P < 0.001), E. canadensis (t = 4.31; P < 0.001),
and M. spicatum (t = 3.72; P = 0.001). Plant cover in treatments with C. demersum
was the lowest and was significantly lower than in treatment with M. spicatum
(t = -2.36; P < 0.05). No significant plant-nutrient interaction (LMM: F6,18 = 1.16; P
= 0.37) and nutrient effect (LMM: F2,6 = 1.97; P = 0.22) on plant cover was found.
Also, no significant correlations were found between plant cover and any of the
measured GHG fluxes.
PVI of the submerged plants ranged from 23 to 100 (median: 75) and differed
significantly between species (Supplementary Fig. 2; LMM: F2,16 = 5.68; P =
0.014). Experimental units with C. demersum had a significantly lower PVI than
those with M. spicatum (t = -3.23; P = 0.005) and E. canadensis (t = -2.44; P =
0.027). PVI was not significantly affected by nutrient treatment (LMM: F2,6 =
1.91; P = 0.23), nor by a plant-nutrient interaction (LMM: F4,12 = 1.59; P = 0.24).
PVI did not correlate significantly with any of the measured GHG fluxes.
By the end of the experiment, severe plant mortality was observed in the
highest nutrient treatment. Here, plants in 8 out of 12 experimental units were
coloured dark and classified as dying. All plants of the species C. demersum, E.
canadensis and M. spicatum were dying (except for 1 experimental unit with M.
spicatum), while A. filiculoides was still alive in all three experimental units and
clearly performed best under the extremely high nutrient concentrations. In
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the intermediate nutrient treatment, one experimental unit with C. demersum
had dying plants, whereas in the lowest nutrient treatment all plants were still
alive by the end of the experiment.
Effects of plant and nutrient treatment on oxygen and temperature depth profiles

Water temperature varied between 4.6 and 14.1 °C at the surface during the
experimental period and between 5.6 and 12.5 °C at 45 cm depth. Water
temperature was not significantly affected by nutrient treatment (LMM: F2,6
< 3.54; P > 0.09) and plant species (LMM: F3,94 < 2.13; P > 0.10) at any of the
measured depths.
O2 concentrations varied between 0.53 and 21.03 mg L-1 at the surface and
between 0.11 and 15.04 mg L-1 at 45 cm depth. O2 concentrations were not
significantly affected by nutrient treatment at any of the measured depths
(LMM: F2,6 < 1.84; P > 0.23). However, for all depths O2 was significantly affected
by plant species (Fig. 3). The most pronounced difference between plant species
was found at 5 cm depth (LMM: F3,94 = 30.29; P < 0.001) where experimental
units with A. filiculoides overall (across months and nutrient treatments) had
a significantly lower O2 concentration compared to experimental units with
C. demersum (t = -8.12; P < 0.001), E. canadensis (t = -7.82; P < 0.001), and M.
spicatum (t = -7.32; P < 0.001) (Fig. 3; Supplementary Table 4). The differences at
greater depth tended to be less pronounced but still highly significant in some
cases (Fig. 3; Supplementary Table 4).
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Figure 3. Dissolved oxygen (DO) depth profiles per month for each plant species. Data are pooled across
nutrient treatments. Values denote mean ± SE; n = 9.
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Effects of plant and nutrient treatment on sediment CH4 and N2O emission

CH4 emission from incubated sediment ranged from 0.23 to 203 (median:
19) mg CH4 m-2 d-1, with no significant effect of plant (LMM: F3,24 = 0.47; P =
0.71) and nutrient treatment (Supplementary Fig. 3; LMM: F2,6 = 2.17; P = 0.20).
Sediment N2O emission ranged from 0 to 702 (median: 34) mg N2O m-2 d-1,
and was significantly affected by nutrient treatment (LMM: F2,6 = 54.68; P <
0.001), but not by plant species (Fig. 4; LMM: F3,24 = 1.17; P = 0.34). Sediment
N2O emission in the highest nutrient treatment was significantly higher than
that in the intermediate (t = 3.24; P = 0.018) and low nutrient treatment (t =
10.23; P < 0.001). Sediment N2O emission in the lowest nutrient treatment was
significantly lower than that of the intermediate nutrient treatment (t = -6.99;
P = 0.001). Sediment N2O emissions correlated significantly with surface water
nutrient concentrations (Spearman rho = 0.88, 0.83, and 0.84 for NO3-, NH4+,
and PO43-; P < 0.001 in all instances).

Figure 4. Sediment N2O emission for each of the nutrient treatments (n = 12 experimental units) and
plant species (n = 3 for each plant * nutrient treatment). The box spans the interquartile range (25–75
percentiles), whiskers correspond to minimum and maximum values, and horizontal solid line to
median. Red and blue symbols denote rooted and non-rooted plants, respectively.

Effects of plant and nutrient treatment on CH4 and N2O emission to the atmosphere

Diffusive emission of CH4 and N2O
Diffusive CH4 emission from water to the atmosphere ranged from 0.40 to 293
mg CH4 m-2 day-1 (Fig. 5a), and was significantly affected by the nutrient treatment
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(LMM: F2,6 = 14.58; P = 0.005), but not by plant species (LMM: F3,24 = 0.56; P = 0.65).
The high nutrient treatment showed significantly higher diffusive CH4 emissions
than the lowest (t = 5.22; P = 0.002) and intermediate (t = 3.80; P = 0.009) nutrient
treatment (Fig. 5a). Water-atmosphere diffusion of CH4 did not significantly
correlate with sediment CH4 emission (rho = 0.23, P = 0.17), but was significantly
correlated to surface water nutrient concentrations (rho = 0.63, 0.65, and 0.67 for
NO3-, NH4+, and PO43-, respectively; P < 0.001 in all instances).
Diffusive emissions of N2O from water to the atmosphere ranged from 0 to 588
(Fig. 5b) mg N2O m-2 day-1 and were significantly affected by nutrient treatment
(LMM: F2,6 = 96.21; P < 0.001), but not by plant species (LMM: F3,24 = 0.69; P =
0.50). Fluxes in the lowest nutrient treatment were significantly lower than
those in the intermediate (t = -8.74; P < 0.001) and highest nutrient treatment (t
= -13.70; P < 0.001). Fluxes in the highest nutrient treatment were significantly
higher than in the intermediate nutrient treatment (t = 4.96; P = 0.0026).
Water-atmosphere fluxes of N2O significantly correlated with N2O fluxes from
incubated sediments (rho = 0.83, P < 0.001). Similar to sediment N2O fluxes,
water-atmosphere N2O fluxes also significantly correlated with surface water
nutrient concentrations (rho = 0.83, 0.82, and 0.84 for NO3-, NH4+, and PO43-,
respectively; P < 0.001 in all instances), (Supplementary Fig. 4).
a

6

b

Figure 5. a) Diffusive water-atmosphere CH4 and b) N2O emission for each of the nutrient treatments (n
= 12 experimental units) and plant species (n = 3 for each plant * nutrient treatment). The box spans the
interquartile range (25–75 percentiles), whiskers correspond to minimum and maximum values, and
horizontal solid line to median. Red and blue symbols denote rooted and non-rooted plants, respectively.
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Effects of plant and nutrient treatment on ebullition

Total ebullition (total volume of gases emitted as bubbles; in ml gas m-2 d-1)
ranged from 1.5 to 180.3 ml m-2 d-1 (Fig. 6a) and was significantly affected by
nutrient treatment (LMM: F2,6 = 14.81; P = 0.005), but not by plant species (LMM:
F3,24 = 1.18; P = 0.34). Total ebullition in the highest nutrient treatment was
significantly higher than in the intermediate (t = 4.14; P = 0.006) and lowest (t =
5.13; P = 0.002) nutrient treatment.
In contrast, CH4 ebullition was significantly affected by both nutrient (LMM:
F2,6 = 24.61; P = 0.001) and plant treatment (LMM: F3,24 = 12.24; P < 0.001), and
ranged from 0 to 6.43 mg CH4 m-2 d-1 (Fig. 6b). Significantly higher CH4 ebullition
was observed in the highest nutrient treatment relative to the intermediate
(t = 6.07; P < 0.001) and lowest (t = 6.08; P < 0.001) nutrient treatment. CH4
ebullition was highest in treatments with A. filiculoides and C. demersum (Fig.
6b). In treatments with M. spicatum, CH4 ebullition was significantly lower than
in treatments with A. filiculoides (t = -4.54; P < 0.001) and C. demersum (t = -5.35;
P < 0.001). Similarly, although less extreme, CH4 ebullition in treatments with
E. canadensis was significantly lower than in treatments with A. filiculoides (t =
-2.77; P = 0.011) and C. demersum (t = -3.58; P = 0.002). The CH4 percentage of
the captured ebullitive gas ranged from 0 to 19.71% (median: 0.94%).
a

b

Figure 6. a) Total ebullition and b) CH4 ebullition for each of the nutrient treatments (n = 12 experimental
units) and plant species (n = 3 for each plant * nutrient treatment). The box spans the interquartile range
(25–75 percentiles), whiskers correspond to minimum and maximum values, and horizontal solid line to
median. Red and blue symbols denote rooted and non-rooted plants, respectively.
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Both total ebullition and CH4 ebullition correlated significantly with surface
water nutrient concentrations, though these correlations were stronger for total
ebullition (rho = 0.79, 0.80, and 0.77 for NO3-, NH4+, and PO43-, respectively; P <
0.001 in all instances; Supplementary Fig. 4), than for CH4 ebullition (rho = 0.72,
0.68, and 0.62 for NO3-, NH4+, and PO43-, respectively; P < 0.001 in all instances).
The CH4 flux from incubated sediments was not significantly related to CH4
ebullition (rho = 0.32; P = 0.06). The contribution of CH4 ebullition to total CH4
emission varied from 0.18 to 74.03% (median: 5.08%) and was not significantly
affected by plant (LMM: F3,24 = 2.78; P = 0.06) and nutrient treatment (LMM: F2,6
= 0.89; P = 0.46).
N2O was detected in ebullitive gas samples from 15 out of 36 experimental units.
Out of these 15 samples, 1, 8 and 6 samples were from the lowest, intermediate
and highest nutrient treatment, respectively. N2O gas content varied between
0.01 and 4.46% (median 0.43%). Extrapolating the N2O content of the ebullitive
gas to the total volume emitted during the experimental period revealed that
the contribution of ebullition to the total N2O flux (diffusion + ebullition) was
minor and ranged from < 0.01 to 5.01% (median: 0.49%).
a

b

6

Figure 7. a) Total CH4 emission (ebullition + water-atmosphere diffusion) and b) total GHG emission (as
CO2 equivalents, see main text) for each of the nutrient treatments (n = 12 experimental units) and plant
species (n = 3 for each plant * nutrient treatment). The box spans the interquartile range (25–75
percentiles), whiskers correspond to minimum and maximum values, and horizontal solid line to
median. Red and blue symbols denote rooted and non-rooted plants, respectively.
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Total CH4 emission

Total CH4 emission to the atmosphere (diffusive + ebullitive) ranged from 0.4 to
299.4 mg CH4 m-2 d-1 (Fig. 7a) and was significantly affected by nutrient (LMM:
F2,6 = 15.01; P = 0.005), but not by plant treatment (LMM: F3,24 = 1.00; P = 0.41).
Total CH4 emission in the highest nutrient treatment was significantly higher
than in the intermediate (t = 3.98; P = 0.007) and lowest nutrient treatment (t =
5.25; P = 0.002). Similar to diffusive CH4 emission and ebullition separately, total
CH4 emission was not significantly correlated to CH4 emission from incubated
sediments (rho = 0.26; P = 0.13), but correlated significantly with surface water
nutrient concentrations (rho = 0.66, 0.68, and 0.68 for NO3-, NH4+, and PO43-,
respectively; P < 0.001 in all instances).
Total GHG emission

Total GHG emission ranged from 0.01 to 177.84 g CO2-eq m-2 d-1 (Fig. 7b) and was
significantly affected by nutrient treatment (LMM: F2,6 = 55.03; P < 0.001), but
not by plant species (LMM: F3,24 = 1.34; P = 0.28). The lowest nutrient treatment
had significantly lower total GHG emissions than the intermediate (t = -7.86; P
< 0.001) and highest (t = -9.95; P < 0.001) nutrient treatment (Fig. 7b).
N2O was the dominant GHG (in terms of CO2 equivalents) in the highest and
intermediate nutrient treatments (representing on average 95.7 and 98.6%
of total GHG emissions, respectively), while CH4 diffusion and ebullition were
only minor contributors (4.2 and 1.3%, and 0.2 and 0.1%, respectively, for
the highest and intermediate nutrient treatment) (Supplementary Table 5).
Although we observed no N2O emission in 9 out of 12 experimental units of
the lowest nutrient treatment, emission from the remaining 3 units were so
high that the mean relative contribution of N2O to total GHG emission was
44.8% (Supplementary Table 5). Diffusive CH4 emission was the dominant GHG
emission pathway in the lowest nutrient treatment, making up 50.3% of total
emission, while ebullition contributed 4.9% (Supplementary Table 7).
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Discussion
Our results show that hypertrophic systems can be hotspots of GHG emissions.
The intensity of the GHG emissions is strongly, positively related to nutrient
loading. The type of plants that dominate the system are of no or only minor
importance for the total GHG emissions, even though they notably influenced
the biogeochemistry in the water column.
For one, the plants strongly influenced O2 depth profiles in the water column
(Fig. 3). Particularly the O2 depth profiles of A. filiculoides deviated strongly
from those of the other plants (Supplementary Table 4). Dense mats of A.
filiculoides and other free-floating plant species are known to cause low O2
concentrations in the underlying water column, due to limiting the intrusion
of atmospheric O2, decreasing O2 production in the water column due to
shading, and increasing respiration through plant decomposition (de Tezanos
Pinto and O’Farrell 2014).
In addition, the plants influenced the water column nutrient concentrations
(i.e. significant plant or plant-nutrient interactions were found for the different
nutrient loadings). The effects of the plant species on nutrient concentrations
were most pronounced in the intermediate nutrient treatment (Supplementary
Table 1–3). The relatively high NH4+ concentrations in experimental units with
A. filiculoides are likely the result of the low dissolved O2 concentrations in this
treatment, which can inhibit the microbial oxidation of NH4+ to NO3- (Firestone
and Davidson 1989). The latter may also explain the relatively low NO3concentrations in experimental units with A. filiculoides. In addition, the low O2
concentrations induced by A. filiculoides, likely enhanced the microbial removal
of NO3-, as a low O2 concentration is obligatory for denitrification (Firestone and
Davidson 1989).

6

Among our plant species, A. filiculoides likely had the strongest PO43- uptake
(Tang et al. 2017). However, concentrations of PO43- in the intermediate and
highest nutrient treatment were actually highest in experimental units with
A. filiculoides, though they were not significantly different from units with
other species in most cases (Supplementary Table 3). The low surface water
O2 concentrations in experimental units with A. filiculoides may have caused
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internal eutrophication by promoting release of redox-sensitive PO43- from
the sediments (Smolders et al. 2006), neutralizing the effect of the potential
stronger PO43- uptake by this species.
Tang et al. (2017) found that aquatic macrophytes (C. demersum, M. spicatum,
and A. filiculoides) can show high nutrient uptake relative to loading when
loadings are low, but small nutrient uptake relative to loading when loadings
are high, like the ones used in our experiment. Thus, the observed plant effects
on surface water nutrient concentrations in our experiment were likely the
result of plant-related effects on biogeochemistry (nitrification, denitrification,
and redox-sensitive PO43-) rather than differences in uptake rates between the
plant species.
Nutrient loadings in the intermediate and, particularly, the highest nutrient
treatment were so high that they likely were toxic to most of the plant species
(Best 1980, Zhong et al. 2013) as indicated by the severe mortality in the
highest nutrient treatment and, to a lesser degree, in the intermediate nutrient
treatment. High nutrient loadings can induce stress in different ways, including
NH4+ toxicity and osmotic (salt) stress (Zhong et al. 2013, Thouvenot et al. 2015).
The good performance of A. filiculoides compared to the other species likely
derives from its tolerance to both of these types of stress (Maejima et al. 2001,
van Kempen et al. 2013).
Nutrient loading was positively related to the total water-atmosphere emission
of CH4, as well as the individual diffusive and ebullitive pathways. High primary
production fueled by high nutrient loadings, and subsequent senescence of
plant parts or the entire plant may, in turn, drive CH4 emission by promoting
substrate formation for methanogenesis (West et al. 2015a, DelSontro et al.
2016, Grutters et al. 2017).
The diffusive water-atmosphere emissions of CH4 in our experiment were in the
normal range observed for freshwater ecosystems (Fig. 5a) (Deemer et al. 2016,
Holgerson and Raymond 2016, Wik et al. 2016b). However, CH4 ebullition was
very low compared to what is usually observed (Fig. 6b) (Deemer et al. 2016, Wik
et al. 2016b), which may be related to the sediment CH4 production rate as well
as to the structure (e.g. porosity) of our sediment (peat) that may have favored
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diffusive over ebullitive emission (Chen and Slater 2015, Flury et al. 2015,
Ramirez et al. 2015). The significant positive effect of nutrient loading on CH4
emission was most clear going from the intermediate to the highest nutrient
treatment (Fig. 5–7), where surface water concentrations of NH4+ in the latter
exceeded 10 mmol L-1 and were 6–10 times higher than in the intermediate
nutrient treatment (Supplementary Table 2). Our results are consistent with
the observation of strongly increased sediment CH4 emission at pore water
NH4+ concentrations above 4 mmol L-1, after addition of NH4+ to the overlying
water of sediment cores (Bosse et al. 1993). High NH4+ concentrations strongly
suppress CH4 oxidation by methanotrophs via competition between CH4 and
NH4+ for the active site of methane monooxygenase, a key enzyme involved
in CH4 oxidation (O’neill and Wilkinson 1977). Furthermore, products of NH4+
oxidation (e.g. hydroxylamine and nitrite) are known inhibitors of CH4 oxidation
activity (Hubley et al. 1975, King and Schnell 1994). The high nutrient loadings
may also have negatively affected CH4 oxidation due to the physiological stress
of high salinity. However, this effect is likely minor compared to the specific
inhibitory effects of NH4+ (Schnell and King 1994, King and Schnell 1998). The
positive correlations between nutrients and water-atmosphere CH4 fluxes
therefore likely also reflect the inhibitory effect of NH4+ on CH4 oxidation.
Sediment CH4 fluxes in our experiment were not significantly affected by
nutrient treatment, nor did they correlate with water-atmosphere CH4 fluxes
(Supplementary Fig. 3). This may have various explanations. First, the premeasurement removal of water from the sediment cores may have altered
CH4 oxidation rates and the availability and effects of NH4+ on CH4 oxidation.
Second, factors such as water column CH4 oxidation (Bastviken 2009) and
effects of plants on GHG emission to the atmosphere (e.g. via plant-mediated
transport and radial oxygen loss) (Calhoun and King 1997, Heilman and Carlton
2001a, Kosten et al. 2016, Dullo et al. 2017) can all contribute to a discrepancy
between sediment CH4 and water-atmosphere CH4 fluxes.

6

The only CH4 flux that was significantly affected by plant species was CH4
ebullition (Fig. 6b). While total ebullitive gas release was not affected by plants,
CH4 ebullition was significantly lower in experimental units with rooted plants
(M. spicatum & E. canadensis; Fig. 6). This corroborates findings by Davidson
et al. (2018) and Chapter 7. In the former, ebullition strongly decreased
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with increased abundance of rooted plants (consisting of E. canadensis &
Potamogeton crispus). In the latter, CH4 ebullition under dominance of rooted
plants (M. spicatum) was found to be much lower than under dominance of
algae or free-floating plants. Rooted plants may lower CH4 ebullition in multiple
ways. Submerged plants may act as conduits for free gas in the sediment, in
which the gas enters the internal atmosphere of the plants via the root system
and leaves the plant from aboveground tissues via diffusive or bubble release
(Hartman and Brown 1966, Heilman and Carlton 2001b, a, Sanders et al. 2007).
This may lower ebullition rates by alleviating the build-up of free gas in the
sediments (Oliveira-Junior et al. 2018). However, this may only have played a
minor role in our experiment, since we did not observe a significant plant effect
on diffusive water-atmosphere emission of CH4. Furthermore, radial O2 loss
(ROL) from roots of submerged plants may lower CH4 ebullition via inhibition
of CH4 formation and stimulation of CH4 consumption (Calhoun and King 1997,
Dullo et al. 2017). Although both M. spicatum and E. canadensis exhibit ROL,
the sediment–oxygenating potential for M. spicatum is much higher than that
of E. canadensis (Mermillod-Blondin et al. 2008, Lemoine et al. 2012). This likely
explains why CH4 ebullition in our experiment was lowest in experimental units
with M. spicatum (Fig. 6b).
Although the CH4 content of ebullitive gas in our study was low compared to
that observed in some studies (e.g. Wik et al. 2013, Aben et al. 2017) it coincides
with those of others (Repo et al. 2007). Low bubble CH4 concentrations tend
to be related to low CH4 ebullition rates (Walter et al. 2008). The longer the gas
bubbles remain in the sediment, the higher the N2 concentration in the bubbles
become until an equilibrium with the sediment pore waters and the atmosphere
is reached. Hence, the bubble CH4 content tends to be lowest at low ebullition
rates (Walter et al. 2008). However, even when considering the low ebullition
rates in our experiment, the CH4 content of captured ebullitive gas is notably
low, suggesting that other factors contributed to the low CH4 content as well.
For example, high denitrification rates in high nutrient treatments likely resulted
in substantial production of N2. This N2 likely evolved from sediments through
ebullition, as N2—like CH4—is a sparingly soluble gas (Sander 2015). Hence, most
of the ebullitive gas likely consists of N2 gas. Furthermore, we sometimes observed
release of a continuous stream of small O2 bubbles from submerged plant tissues,
originating from intense photosynthesis. These O2 bubbles may have diluted the
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CH4 concentration of collected ebullitive gas. Finally, CH4 in collected ebullitive
gas may have undergone partial dissolution and subsequent microbial oxidation
during its stay in the gas traps, although oxidation was likely severely restricted
in treatments with high NH4+ concentrations (Bosse et al. 1993).
The presumed effect of denitrification on ebullition is reflected by the
strong correlations found between nutrients and volumetric ebullition
rates (Supplementary Fig. 4), which were stronger than those observed for
CH4 ebullition rates. While NO3- directly contributes to N2 production via
denitrification, NH4+ likely indirectly caused production of N2, for example
through coupled nitrification-denitrification (Mengis et al. 1997) or during
anaerobic oxidation of ammonium (Francis et al. 2007, Kartal et al. 2007).
The high dissolved inorganic nitrogen loadings produced substantial amounts
of N2O, as seen by the significant effect of nutrient treatment on sediment (Fig.
4) and water-atmosphere N2O fluxes (Fig. 5b), and the strong correlation of
these fluxes with nutrient concentrations (Supplementary Fig. 4). Production
of N2O likely took place in both the water column and at the oxic-anoxic
interface of the sediment through a variety of processes, such as nitrification,
denitrification, NH4+ oxidizing methanotrophs, and dissimilatory reduction
of nitrate to ammonium (Smith 1982, Yoshinari 1985, Mengis et al. 1997). The
low concentrations of N2O in ebullitive gas are in line with findings of other
studies (Gao et al. 2013) and are explained by the relatively high solubility of
N2O (Sander 2015), causing diffusion to be its main emission pathway.

6

The intermediate and highest nutrient loading in our experiment lead to
water-atmosphere N2O fluxes similar to those observed in agricultural drains
and canals (Hasegawa et al. 2000, Harrison et al. 2005) and sewage treatment
plants (Søvik and Kløve 2006), and are much higher than those observed in
most natural and constructed nutrient-rich wetlands (Søvik and Kløve 2006).
The strong correlation found between NO3- concentration and N2O emission
(Supplementary Fig. 4) has also been reported in other studies (Beaulieu
et al. 2008, Silvennoinen et al. 2008, Baulch et al. 2011, McCrackin and Elser
2011), although NO3- concentrations and N2O fluxes in our experiment are
generally several orders of magnitude higher. N2O production rates in our
experiment did not seem to approach saturation, as the observed correlations
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between dissolved inorganic nitrogen concentrations (NH4+ and NO3-) and N2O
emission appears to be rather linear up till NO3- concentrations of ca. 9 mmol
L-1 (Supplementary Fig. 4). This contrasts with dose-response experiments
where half-saturation of denitrification already occurred around 0.3 mmol
L-1 NO3- (McCrackin and Elser 2012). The discrepancy with our results may be
related to the availability of organic matter in the sediment (Arango et al. 2007),
which is required as an electron donor for denitrification to occur (Firestone
and Davidson 1989). Our results therefore imply that in organic matter rich
sediments, such as the peaty sediment in our experiment, realistic nitrogen
loadings will likely not saturate N2O production rates.

Conclusion
Our results show that hypertrophic systems, such as aquatic systems receiving
sewage input or agricultural runoff, can act as GHGs hotspots, regardless of the
dominant plant species. This has consequences for the application of buffer
zones: although buffer zones may be beneficial for water quality in receiving
waters, our results show that this will likely go hand in hand with high GHG
emissions. However, accurate predictions of GHG emissions based on nutrient
loading are difficult, as even in our controlled mesocosm experiment withintreatment variation was substantial. Still, under high nutrient loading GHG
emissions (as CO2 equivalents) can be extremely high (Fig. 7b), greatly
exceeding emissions of other freshwater ecosystems (Deemer et al. 2016,
Wik et al. 2016b). The very high N2O emission at high nutrient loading (Fig. 5;
Supplementary Table 5) not only is a concern for climate warming, but also
for ozone depletion, as N2O is the most important ozone-depleting substance
(Ravishankara et al. 2009). This means that installation of buffer zones requires
careful consideration, taking into account the organic matter content of the
soil, vegetation (e.g. rooted vs non-rooted plants, plant nutrient tolerance), and
expected nutrient loadings, as well as alternative measures. The latter includes
strict regulation of fertilizer application, which should not exceed the need of
crops to restrict runoff of surplus nutrients. Future research should investigate
if GHG emissions under high nutrient loads can be restricted by using buffer
zones with low soil organic carbon content and by regular harvest of vegetation
to limit organic carbon sedimentation and maximize growth.
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Supplementary material
Supplementary Table 1. Surface water nitrate (NO3-) concentrations (µmol L-1) measured in the last
month of the end of the experiment.
Plant species
A. filiculoides
C. demersum
E. canadensis
M. spicatum

lowest
48 ± 13
43 ± 18
27 ± 4
21 ± 4

Nutrient treatment
intermediate
2973 ± 150 a
3750 ± 24 b
3580 ± 140 b
2773 ± 226 ac

highest
8608 ± 36
8640 ± 106
8385 ± 200
8474 ± 190

Values denote mean ± SE; n = 3. Superscript letters denote significant differences (P < 0.05).
Supplementary Table 2. Surface water ammonium (NH4+) concentrations (µmol L-1) measured in the last
month of the end of the experiment.
Plant species
A. filiculoides
C. demersum
E. canadensis
M. spicatum

lowest
71 ± 8 a
35 ± 9 b
35 ± 10 b
29 ± 11 b

Nutrient treatment
intermediate
2246 ± 307 a
1782 ± 157 ab
1111 ± 173 bc
1098 ± 290 c

highest
13161 ± 661
12217 ± 678
11276 ± 1073
12578 ± 1071

Values denote mean ± SE; n = 3. Superscript letters denote significant differences (P < 0.05).
Supplementary Table 3. Surface water phosphate (PO43-) concentrations (µmol L-1) measured in the last
month of the experiment.
Nutrient treatment
Plant species

lowest

intermediate

highest

A. filiculoides
C. demersum
E. canadensis
M. spicatum

0.6 ± 0.1
0.3 ± 0.1
0.7 ± 0.2
2.2 ± 1.3

95 ± 10
83 ± 6 a
59 ± 12 b
87 ± 3 ac

550 ± 29
512 ± 39
479 ± 50
528 ± 49

a

Values denote mean ± SE; n = 3. Superscript letters denote significant differences (P < 0.05).
Supplementary Table 4. Surface water dissolved oxygen (DO) concentrations per depth and plant type.
Plant species
A. filiculoides
C. demersum
E. canadensis
M. spicatum

5
4.1 ± 0.7 a
12.7 ± 0.7 b
12.4 ± 0.9 b
11.9 ± 0.9 b

Depth below water surface (cm)
15
45
2.5 ± 0.4 a
1.3 ± 0.3 a
9.5 ± 0.8 b
4.4 ± 0.8 b
9.4 ± 0.9 b
3.5 ± 0.8 b
6.2 ± 1.1 c
1.3 ± 0.3 a

Data are pooled across nutrient treatments and months.
Values denote mean ± SE; n = 27. Superscript letters denote significant differences (P < 0.01).
See main text for exact P values.
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Supplementary Table 5. Relative contribution (in percentages) of each greenhouse gas (GHG) emission
pathway (as CO2 equivalents) to total GHG emission.
Emission pathway
CH4 ebullition
CH4 diffusion
N2O diffusion

Lowest
4.9 (0.2–30.2)
50.3 (1.8–99.8)
44.8 (0.0–93.2)

Nutrient treatment
Intermediate
0.1 (0.0–0.4)
1.3 (0.3–8.9)
98.6 (90.9–99.7)

Highest
0.2 (0.0–0.6)
4.2 (0.3–18.5)
95.7 (81.1–99.3)

CH4 and N2O were converted to CO2 equivalents using global warming potentials of 34 and 298,
respectively, corresponding to a 100-year time horizon (IPCC 2013).

Supplementary Figure 1. Concentrations of phosphate (PO43-), nitrate (NO3-), ammonium (NH4+), and
inorganic molar N:P ratio of the surface water of agricultural ditches in the province of Friesland (the
Netherlands). The box spans the interquartile range (25–75 percentiles), whiskers correspond to 5–95
percentiles, horizontal solid line to median, and circles to outliers.

6

Supplementary Figure 2. a) Average plant cover and b) PVI during the experimental period for each of
the nutrient treatments (n = 12 experimental units) and plant species (n = 3 for each plant * nutrient
treatment). The box spans the interquartile range (25–75 percentiles), whiskers correspond to minimum
and maximum values, and horizontal solid line to median. Red and blue symbols denote rooted and
non-rooted plants, respectively.
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600

N2O emission (mg N2O m-2 d-1)

N2O emission (mg N2O m-2 d-1)

Supplementary Figure 3. Sediment CH4 emission for each of the nutrient treatments (n = 12
experimental units) and plant species (n = 3 for each plant * nutrient treatment). The box spans the
interquartile range (25–75 percentiles), whiskers correspond to minimum and maximum values, and
horizontal solid line to median. Red and blue symbols denote rooted and non-rooted plants, respectively.
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Supplementary Figure 4. Correlations between concentrations of nitrate (NO3-) and ammonium (NH4+),
measured at the end of the experiment, and mean water-atmosphere nitrous oxide (N2O) emission and
total ebullition. Strengths of the correlations are mentioned as Spearman rho (P < 0.001 in all intances).
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Abstract
Greenhouse gas (GHG) emissions from small inland waters are disproportionately
large. Climate warming is expected to enhance their GHG emissions and favour
dominance of algae and free-floating plants at the expense of submerged plants.
The different impacts these functional plant groups have on their environment
may have far-reaching consequences for freshwater GHG emissions. Here, we
show that dominance of different functional plant groups strongly controls
the effect of experimental warming on GHG fluxes, particularly methane (CH4)
ebullition which is often the dominant GHG emission pathway in inland waters
as it largely bypasses microbial CH4 oxidation. Specifically, we demonstrate that
total annual GHG emissions, as well as their response to experimental warming,
are strongest for free-floating and lowest for submerged plant dominated
systems. Anticipated shifts in plant dominance thus may not only increase GHG
emissions from lakes and ponds, but also lead to a stronger emission response
to warming, resulting in a positive climate feedback. Management strategies
aimed at reducing algae and free-floating plant dominance may substantially
mitigate emissions.
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Introduction
Dominance by different functional groups of plants (submerged plants, algae,
free-floating plants), commonly seen as alternative states, affects primary
production and biogeochemical processes in shallow, freshwater ecosystems
(Carpenter and Lodge 1986, de Tezanos Pinto and O’Farrell 2014, Hilt et al.
2017). Dominance by free-floating plants, for instance, typically leads to lower
oxygen concentrations in the water and sediment as compared to submerged
plant and algae dominated states (de Tezanos Pinto and O’Farrell 2014),
thereby potentially promoting methane (CH4) emission. Shifts in dominance
of different types of plants may therefore have far-reaching implications for
freshwater greenhouse gas (GHG) emissions (Hilt et al. 2017). Comparisons
of GHG (carbon dioxide, CO2; CH4; and nitrous oxide, N2O) emissions between
distinct alternative states have so far only been based on a limited number
of field observations, and have been complicated by a range of confounding
factors, lack of standardized methods, and the omission of certain GHGs as well
as their relevant emission pathways—such as CH4 ebullition (bubble flux of CH4
from sediments) (Hilt et al. 2017). Hence, it remains unclear how shifts in plant
dominance will affect GHG emissions.
Based on the temperature dependence of individual metabolic rates it is
expected that higher temperatures will disproportionally increase ecosystem
respiration (ER) relative to gross primary production (GPP) (Allen et al. 2005,
Yvon-Durocher et al. 2010b), which may lead to a reduced net CO2 uptake.
While some studies confirm this effect of warming (Yvon-Durocher et al. 2017),
others do not find such an effect (Davidson et al. 2015), or even find a lower
net CO2 efflux with warming (Davidson et al. 2015). These contrasting results
may be due to differences in the availability of growth-limiting resources (e.g.
nitrogen and phosphorus) and trophic interactions, as well as indirect effects
of temperature. The latter includes effects of temperature on the abundance,
growth strategies, and key traits of the plants and microbes present, which may
override the effects of temperature on the metabolic rates at the subcellular
and individual level (Dossena et al. 2012, Davidson et al. 2015, Kraemer et al.
2017, Hood et al. 2018).
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Similarly, effects of temperature on CH4 emission are ambiguous. Although
CH4 production by methanogenic Archaea (mainly in sediments) tends to
be temperature dependent when sufficient substrate is available (Marotta et
al. 2014, Fuchs et al. 2016), not all CH4 reaches the atmosphere as part of it is
subject to microbial oxidation of CH4 (mainly in sediment-water interface and
water column) (Bastviken 2009), a process which is also temperature dependent
(Lofton et al. 2014, Shelley et al. 2015, Fuchs et al. 2016). Differential temperature
effects on CH4 production and CH4 oxidation (Lofton et al. 2014, Shelley et al.
2015, Fuchs et al. 2016) may explain the varying effects of warming on diffusive
CH4 emissions reported in the literature, including positive effects and the
absence of an effect (Yvon-Durocher et al. 2014, Davidson et al. 2015, Aben et
al. 2017). The effect of warming on CH4 ebullition, however, is unambiguous, as
it always tends to increase strongly with warming – providing substrates for CH4
production are not limiting (DelSontro et al. 2016, Aben et al. 2017, Davidson
et al. 2018). Ebullition largely bypasses microbial CH4 oxidation and is often
found to be the dominant GHG emission pathway in inland waters (Bastviken
2009). Despite this, ebullition is often not measured, or only measured at short
time intervals (minutes to hours), which likely results in an underestimation of
this strongly episodic flux (Saunois et al. 2016, Wik et al. 2016a, Hilt et al. 2017).
Ebullition data are particularly rare for systems dominated by submerged and
free-floating plants, possibly due to methodological difficulties (see Methods).
Yet, these functional groups of plants may strongly modify the intensity of
ebullitive CH4 emission (Sanders et al. 2007, Kosten et al. 2016, Davidson et al.
2018), as discussed below.
Recent mesocosm experiments provide important insights about the effects of
warming on GHG emissions from shallow lakes and ponds (Yvon-Durocher et
al. 2017, Davidson et al. 2018). However, although climate warming has been
shown to increase the chances of shifts from dominance by submerged plants
to dominance by free-floating plants or algae (Mooij et al. 2007, Kosten et al.
2009, Peeters et al. 2013), not much is known about the consequences of these
shifts for GHG emissions (Hilt et al. 2017). The question therefore remains how
dominance of different functional plant groups in shallow lakes and ponds will
affect GHG emissions and the impact of climate warming on these emissions.
To answer this fundamental question, we used 1,000 litre experimental ponds
containing natural lake sediments, and experimentally tested how warming (+4
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°C; n = 4) affects year-round GHG emissions from lakes and ponds with different
functional groups of plants (dominance by submerged plants, Myriophyllum
spicatum; free-floating plants, Lemna minor / Spirodela polyrhiza; or algae) in
the temperate climate zone. We measured emissions of all important GHGs (i.e.
CO2, CH4, and N2O) and the contributions of their relevant emission pathways.

Results and discussion
CH4 ebullition

CH4 ebullition was the most important GHG emission pathway independent
of the dominant plant group when considering both CO2 and CH4 emissions
in CO2-equivalents. Considering CH4 alone (diffusion and ebullition) the share
of ebullition was 52% to almost 100% (Supplementary Table 1). Experimental
warming significantly increased CH4 ebullition in the algae and free-floating
plant dominated states (Fig. 1a). In contrast, when submerged plants were
dominant we found no temperature effect on CH4 ebullition (Fig. 1a). Also,
the relation between seasonal water temperature and ebullition was much
stronger under dominance by either algae or free-floating plants than by
submerged plants (Fig. 2 & Supplementary Fig. 1). Our findings thus suggest
that dominance by free-floating plants or algae exacerbates the effect of
warming on ebullition. In addition, the ebullitive flux was generally low when
submerged plants dominated as compared to other types of plants (Fig. 1a).
The reduced effect of warming on ebullition is in line with an earlier mesocosm
experiment, where ebullition decreased with an increase in submerged plant
abundance (Davidson et al. 2018). The much lower ebullition rates in systems
dominated by submerged plants may be explained by several mechanisms.
First, radial oxygen loss (ROL) by the roots of submerged plants can oxidize
the rhizosphere and thereby curtail CH4 emission by stimulating CH4 oxidation
and inhibiting CH4 production (Calhoun and King 1997, Dullo et al. 2017). M.
spicatum, the species used in our experiment, has a high sediment-oxygenating
potential (Mermillod-Blondin et al. 2008), with the intensity of its ROL mainly
determined by oxygen concentration in the water column and redox condition
and microbial oxygen demand in the sediment (Laskov et al. 2006). Indeed,
our analyses show that both water column oxygen concentration and plant
abundance (as PVI) were selected as important predictors that negatively
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Figure 1. The effect of 4 °C warming on annual (a) CH4 ebullition and (b) water-atmosphere CH4
diffusion, and (c) CO2 diffusion, under dominance of different types of plants. Black and red bars
denote arithmetic mean of control and warm treatment. Left, middle, and right panels represent data
from submerged plant, free-floating plant, and algae dominated states. Dots represent independent
values from the different mesocosms. Positive and negative values denote emission to the atmosphere
and uptake by the system, respectively. All values are expressed as CO2 equivalents (CO2 eq.; see
Methods for details). Asterisks denote significant differences between temperature treatments within
the different plant states (P = 0.01; nonparametric pooled bootstrap t-test). For the free-floating plant
state, diffusive and ebullitive CH4 emissions were corrected for effects of plant-related bubble trapping
(see Methods for details). N2O emission was only observed on day 196 of the experiment in a control
mesocosm of the algae dominated state (4.8 mg N2O m-2 d-1). See Supplementary Table 2 for full
statistical results.

affect ebullition (Supplementary Table 3). Second, transport of CH4 through
roots and shoots may limit ebullition by alleviating the build-up of gaseous
CH4 in the sediment (Dacey and Klug 1979, Heilman and Carlton 2001a,
Sanders et al. 2007). The occurrence of plant mediated transport in our study
was substantiated by the presence of CH4 inside the plants. The highest CH4
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Figure 2. Ebullitive CH4 emissions expressed against water temperature. Brown, orange, and green
dots represent ebullition from free-floating plant, algae, and submerged plant dominated states. The
dashed vertical line represents the onset of strongly increased ebullition. Regression lines represent a
fitted modified Arrhenius expression; see Eq. (5) in Methods. E20 represents the modelled CH4 ebullition
at 20 °C and θs the overall system temperature coefficient. In the free-floating plant state, ebullition was
adjusted downwards by 20% to account for the fraction of bubbles trapped under the dense plant mats
(see Methods for details).

ebullition was observed when free-floating plants were dominant (Fig. 1a).
This can likely be attributed to anaerobic mineralization of fresh organic
matter sedimented at high rates (Supplementary Table 1). The dense mats
of free-floating plants, and the high sediment oxygen demand associated
with the sedimentation rates, led to oxygen poor and even anoxic waters
(Supplementary Table 1). Moreover, by covering the water surface, these plants
also diminished intrusion of oxygen into the water column (de Tezanos Pinto
and O’Farrell 2014). Water column anoxia is a common phenomenon during
dominance by floating plants in natural systems (de Tezanos Pinto and O’Farrell
2014). Such anoxic conditions promote CH4 production and hamper aerobic
CH4 oxidation (Bastviken 2009). Surface water oxygen concentration was
therefore also shown to be an important predictor for ebullition when floating
plants were dominant (Supplementary Table 3).

7

Diffusive CH4 emissions

Diffusive CH4 emissions correlated positively with seasonal changes in water
temperature in both the warmed treatment and the ambient controls of all
three plant states (Supplementary Fig. 2). However, cumulative annual diffusive
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CH4 emissions were not significantly affected by the 4 °C warming treatment
(Fig. 1b). Diffusive CH4 fluxes were particularly high when free-floating plants
dominated (Fig. 1b), which is likely associated with the aforementioned water
column hypoxia that promotes CH4 production and hampers aerobic CH4
oxidation. In combination with the reduced water-atmosphere gas exchange
(Kosten et al. 2016), this likely also explains the high CH4 concentrations in the
water column (Supplementary Table 1). Dense free-floating plant coverage
may reduce the water-atmosphere gas exchange by up to 90% (Kosten et al.
2016). Yet, despite this reduced gas exchange, the measured diffusive CH4 fluxes
strongly exceeded the calculated diffusive fluxes (based on CH4 concentrations
and air-water gas exchange) during the warmer periods in our experiment
(Supplementary Fig. 3). This is very likely explained by diffusive release of CH4
bubbles trapped underneath the free-floating plant mats when ebullition is
high (Supplementary Fig. 3 & 4).
Diffusive CO2 fluxes

Diffusive CO2 fluxes were not affected by warming treatment in any of the plant
states (Fig. 1c). There were, however, quite large differences in fluxes between
the different plant states. While the submerged plant dominated systems
showed net CO2 uptake, the algae dominated systems were net emitters of
CO2 (Fig. 1c) as a result of the relatively low primary production (Kazanjian et
al. 2018b) due to nutrient limitation. Concentrations of dissolved nutrients in
the water layer were very low throughout most of the year (Supplementary
Table 1) and sediment incubations demonstrated low phosphorus (P) release
(Kazanjian et al. 2018b). In contrast, the submerged plants take up most of their
P and nitrogen (N) directly from the sediment via their root system (Barko et al.
1991). Indeed, N and P concentrations in sediment pore waters were an order
of magnitude higher than in the water column. Moreover, both N (3.4 ± 0.7%)
and P (0.46 ± 0.17%) contents of plant shoots (mean ± s.d.) were relatively
high (Gerloff 1975), indicating that primary production under dominance by
submerged plants was likely not limited by N and P availability, explaining the
observed net CO2 uptake. The free-floating plant state shows large variation
in CO2 fluxes among replicates within both temperature treatments (Fig. 1c
& Supplementary Fig. 5). This may result from the variability in duration of
anoxic events between replicates. Pronounced periods of anoxia limit aerobic
mineralization of organic matter and can strongly promote P release from
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sediments to the water column (Patrick and Khalid 1974, de Tezanos Pinto and
O’Farrell 2014), which enables higher growth rates and consequent CO2 uptake
by free-floating plants. In contrast to CO2 and CH4, fluxes of N2O were of very
minor importance, as emission of this gas was only observed once during the
experiment (Fig. 1 legend).
Total GHG emissions

Total GHG emissions (as CO2 equivalents; see Methods) reveal that the effect
of warming is greatest under dominance by free-floating plants and smallest
when submerged plants dominate (Fig. 3). In addition, the total emissions
declined going from free-floating plants, to algae, to submerged plants. These
results have major implications, as climate warming strongly enhances CH4
production and induces regime shifts of dominance by submerged plants to
dominance by free-floating plants or algae in shallow aquatic ecosystems.
The combined effect exacerbates the increase in GHG emissions. This reveals
a positive feed-back loop, as enhanced GHG emissions will accelerate climate
warming (Fig. 4).
Conclusions

The fact that GHG emissions from the submerged plant dominated state
were lowest and least susceptible to warming (Fig. 3), also has a major
applied implication. Across the world, water managers target dominance by
submerged plants as it generally coincides with higher water quality, clear
water, and higher biodiversity. This generally requires a combination of costly
management strategies (e.g. external and internal nutrient load reduction, fish
community manipulation and/or harvesting free-floating plants) (Smolders
et al. 2006, Hilt et al. 2018). The benefits of mitigating GHG emissions by the
restoration of submerged vegetation (Fig. 4) can thus provide additional
leverage, as the measures may eventually result in a situation beneficial from
an ecological and climate change perspective.
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Figure 3. Effect of climate warming and dominance of different types of plants on year-round
greenhouse gas (GHG) emissions. Green, orange, and red dots represent submerged plant, algae, and
free-floating plant dominated states. Effect sizes as Hedges’ g (Lakens 2013) are visualized with arrows.
Shaded areas encompass range of observed emissions. The common language effect size (McGraw and
Wong 1992)—interpreted as the probability that a randomly sampled mesocosm from the warm
treatment will have a higher emission than a randomly sampled mesocosm from the control—is 75%,
85%, and 93% under dominance by submerged plants, algae, and free-floating plants, respectively.
Testing for temperature treatment differences returned P values of 0.032, 0.077, and 0.225 for the freefloating plant, algae, and submerged plant dominated states, respectively (nonparametric pooled
bootstrap t-tests). Emissions were significantly affected by the dominating type of plant (F2,20 = 123; P <
0.0001; Two-way ANOVA). Total GHG emissions are expressed as CO2 equivalents (CO2 eq.; see Methods
for details).

Methods
Experimental setup

The experiment was conducted in eight cylindrical, stainless steel, indoor
mesocosms called limnotrons, with a volume of 988 L, a depth of 1.34 m,
and situated at the Netherlands Institute of Ecology (see Verschoor et al.
(2003)). For this study, limnotrons were set up to mimic shallow, temperate
latitude ponds and lakes with moderate nutrient concentrations: systems
where alternative states are possible (Scheffer and van Nes 2007). Between
2014 and 2017, three states with dominance of different type of plants were
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Figure 4. Interactions between climate change, regime shifts, and GHG emissions. Climate change
favours dominance by phytoplankton and floating plants at the expense of submerged plants.
Restoration measures establishing dominance by submerged plants in shallow aquatic ecosystems can
moderate the positive feed-back loop between climate change and aquatic GHG emissions. Plus (+) and
minus (-) symbols denote stimulating and inhibiting effects, respectively. Each dominant plant group
self-stabilizes their state through a variety of feedback mechanisms, thereby inhibiting a shift to
dominance of other functional plant groups.

studied consecutively, each for a full year: an algae, submerged plant, and freefloating plant-dominated state. Temperature treatments consisted of a control
(n = 4), with water temperatures typical for Dutch lakes, and a warm (+ 4 °C)
treatment, consistent with predicted warming by the end of the 21st century in
North and Central Europe under intermediate anthropogenic GHG emissions
(scenario RCP6.0 (IPCC 2013)). Both temperature treatments included a fiveday midsummer heat wave (+ 4 °C), as heat waves are expected to occur more
often in the future (IPCC 2013). The light/dark cycle followed Dutch seasonality,
with 17 hours of daylight in midsummer, and 8 hours of daylight in midwinter.
The limnotrons were emptied and cleaned for each plant state: soft, muddy
sediment was collected from a nearby mesotrophic pond (51°59’16.0”N
5°40’06.1”E), sieved over a 5 mm mesh and homogenized, and approximately
75 L of sediment was added to each limnotron. Limnotrons were then filled to
the top with tap water. Water was circulated manually between all limnotrons
for 2 days to promote similar starting conditions. An aquarium pump (EHEIM
compact 300; EHEIM GmbH & Co. KG, Deizisau, Germany) and two compact
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axial fans (AC axial compact fan 4850 Z; EBM-papst St. Georgen GmbH & Co.
KG, Georgen, Germany) with an air flow of 100 m3 h-1 were installed above
each limnotron to promote a gas exchange velocity typical of small lakes and
ponds (see below for details). Finally, limnotrons were spiked with nutrients
and the different types of plants were introduced according to the desired
state (see below for details). Throughout the experiment, limnotrons were
gently filled with demineralized water once or twice per week to compensate
for evaporative losses.
Plant characteristics

For the algae-dominated state, limnotrons were inoculated with a phytoplankton
community from the same mesotrophic pond where the sediment was
collected, and supplemented with a small portion (< 15% inoculum volume)
from a nearby eutrophic pond (51°59’16.3” N 5°40’06.0” E). For the submerged
plant state, the species Myriophyllum spicatum (Eurasian watermilfoil) was
used, as this plant is a common native or naturalized species in most temperate
climate regions (GRIN database [https://www.ars-grin.gov/npgs; verified 23
January 2018]). After collecting, the plants were carefully washed to remove
macroinvertebrates and their eggs. Subsequently, we introduced five plants to
each mesocosm by tying a pebble just above their roots in order to sink them to
the sediment. Due to limited initial growth of the plants, four and six additional
plants were added to each limnotron in the same way at seven and sixteen
weeks after the start of the experiment, respectively. For the free-floating plant
state, a community of duckweed species (species from the genera Lemna &
Spirodela) was introduced to the limnotrons, as these duckweed species are
native and common free-floating plants in most temperate climate regions
(Hussner (2012) & GRIN database [https://www.ars-grin.gov/npgs; verified 23
January 2018]). After collecting, the duckweed was carefully sieved (mesh size
0.85 mm) and washed to remove litter as well as macroinvertebrates and their
eggs. Throughout the year, the community was dominated by either Lemna
minor or Spirodela polyrhiza. We introduced 500 grams (FW) of duckweed,
which resulted in 100% surface cover to each limnotron. To compensate for a
large die-off of free-floating plants, we added extra biomass on two occasions.
Throughout the experiment, duckweed covered on average 89 (65–100)% of
the surface in the control and 89 (70–100)% in the warm treatment (mean
± s.d.). Both M. spicatum and duckweed species were collected from nearby
aquatic ecosystems.
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Temperature, light & nutrients

Water temperature was directly thermostat-regulated (± 0.2 °C), using a custom
made climate control system running on SpecView software (SpecView 32/859,
SpecView Ltd.), and containing active heating and cooling elements, and PT100
temperature sensors at depths of 0.5 and 1.0 m. Water temperature was logged
at intervals of 1 min by the climate control system and was additionally checked
throughout the experiment during regular depth profile measurements of
oxygen, light, temperature, and pH. Here, oxygen, temperature, and pH were
measured using a multi-parameter meter (HQ40d, Hach, Loveland, CO, USA)
equipped with a luminescent/optical dissolved oxygen (LDO) probe (IntelliCAL
LDO101) and a pH probe (PHC10105). Light intensity was measured using a UW
Quantum light sensor (LI-COR Environmental GmbH, Bad Homburg, Germany).
For each limnotron light was provided by two HPS/MS lamps (CDM-TP Elite MW
315–400 W, AGRILIGHT B.V.), resulting in a constant incident light intensity of
160 ± 40 (PAR; mean ± s.d.) µmol photons m-2 s-1. Limnotrons were spiked with
nutrients at the start of the experiment, to reach start concentrations of 4.2
± 0.8, 0.2 ± 0.1, and 4.3 ± 1.0 mg L-1 of NO3-, PO43-, and Si, respectively. Minor
nutrient losses through sampling were recorded and compensated for by
weekly nutrient additions. To determine concentrations of dissolved nutrients,
10 mL of water sample was filtered over a prewashed (100 mL distilled water)
glass microfiber filter (Whatman GF/F, Maidstone, UK) and stored at -20 °C until
analysis. Prior to analysis, samples were slowly thawed at 5 °C. Concentrations
of ammonium (NH4+), nitrate (NO3-), and phosphate (PO43-) were measured on a
QuAAtro39 AutoAnalyzer (SEAL Analytical Ltd., Southampton, UK).
Dried plant biomass was ground to a fine powder on a microfine grinder (MF
10 basic; IKAwerke, Staufen, Germany). C and N content of dried, ground plant
biomass was analyzed on a FLASH 2000 NC elemental analyzer (Brechbuehler
Incorporated, Interscience B.V., Breda, The Netherlands). Phosphorus content
was determined by combusting dried, ground plant biomass in a Pyrex glass
tube at 550 °C for 30 min (Murphy and Riley 1962). Subsequently, 5 mL of
persulfate (2.5%) was added and samples were autoclaved for 30 min at 121 °C.
Digested P (as orthophosphate) was measured colorimetrically on a QuAAtro39
Auto‐Analyzer (SEAL Analytical Ltd., Southampton, UK).
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Ebullitive fluxes

Throughout the experiment, CH4 release via ebullition was determined by
continuous collection of gas bubbles from the sediment, using custom made
bubble traps. Bubble traps consist of an inverted funnel (ID 15.2 cm) connected
to a water-filled glass container via an 80 cm long tube (ID 10 mm). Each
limnotron contained two bubble traps, with funnels being approximately 50
cm under the water surface. Gas filled glass containers were collected (and
immediately replaced by new ones) a total of 12, 13, and 13 times during the
submerged plant, free-floating plant, and algae dominated states, respectively,
always before being completely filled with gas. The deployment time of glass
containers before being replaced depended on the ebullition rate and ranged
from 11 to 89 (median: 25), 7 to 64 (median: 18), and 8 to 65 (median: 21)
days in the submerged plant, free-floating plant, and algae dominated states,
respectively. After collection, the volume of gas was determined by subtracting
the weight of each bottle from the pre-determined full filled-weight (i.e.
completely filled with water) of the bottle. CH4 concentrations in the gas were
measured on an HP 5890 gas chromatograph equipped with a Porapak Q
column (80/100 mesh) and a flame ionization detector (Hewlett Packard, Palo
Alto, CA, USA). The amount of gaseous CH4 in each bottle was determined by
multiplying the CH4 concentration (Cgas) by the volume of gas (Vgas). The CH4
in the bottles was assumed to be in equilibrium with the water phase. Hence,
the amount of CH4 dissolved in the water (Cwater * Vwater) was calculated using
Henry’s law and its solubility constant for CH4, taking the respective water
temperature into account (Sander 2015). The total amount of CH4 in each bottle
was calculated by summing the aqueous and gaseous content and divided by
funnel surface (A) and time (Δt) to calculate CH4 ebullition per square meter:

"#$% ∗ '#$% + ")$*+, ∗ ')$*+,

(1)

∆. ∗ /

The CH4 content of collected ebullitive gas was on average 45 ± 4%, 76
± 2%, and 57 ± 3% (mean ± 95% CI) for the submerged plant, free-floating
plant, and algae dominated states, and ranged from 0–91%, 0–99%, and
0–95%, respectively. Gas volume in glass containers was checked on several
occasions before and after diffusive flux measurements to assess whether
measurements triggered bubble release. We observed no effect. Prior to the
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harvest of submerged plants, random plant stems were broken and evolving
gas bubbles were captured by enclosing the stem with inverted, water-filled
12 mL exetainers (Labco, Lampeter, UK). Subsequently, CH4 concentrations of
captured gas were determined as described above. Estimating CH4 ebullition
in free-floating plant dominated systems is not straightforward, as part of the
evolved bubbles are trapped under dense free-floating plant mats. Based on
plant cover and the empirical relationship reported in Kosten et al. (2016) we
assumed that in our systems 20% of measured ebullition was trapped. We
therefore reduced the ebullitive flux measured below the free-floating plants
with 20% to get an estimate of the ebullitive emission to the atmosphere. CH4
from trapped bubbles may partially dissolve and can be consumed by microbes
in the aerobic rhizosphere of the free-floating plants (Kosten et al. 2016).
Diffusive greenhouse gas fluxes

Diffusive fluxes of CH4 and CO2 were measured using an acrylic, cylindrical,
transparent chamber (ID 29.2 cm) connected in a close loop to a greenhouse
gas analyser (GGA). During the first six months of the algae dominated state,
CH4 fluxes were measured using a Los Gatos Research GGA (model GGA24EP), while CO2 fluxes were determined from pH, temperature, and dissolved
inorganic carbon measurements (see next paragraph). All measurements
thereafter were conducted using a Picarro GGA (model G2508 CRDS Analyser).
Both devices measured at 1 Hz intervals and yielded similar results in a postexperiment comparative test, ensuring no analyser related bias. Measurements
of 3–5 minutes were performed in triplicate and were repeated when influenced
by ebullition (evidenced as an abrupt concentration increase). Diffusive fluxes
were typically measured every 2–4 weeks (dominance by submerged and freefloating plants) and every 2 weeks (dominance by algae) during the pre-heat
wave period, and every 4–5 weeks during the post-heat wave period. In all cases,
additional measurements were performed in the week before, during, and
after the heat wave. The slope of the relationship between gas concentration
and time was used to calculate fluxes, as described by ref. (Almeida et al. 2016):

A=

'
G ∗ A1 ∗ A2
∗ slope ∗
/
H∗I

7

(2)

Where F is the gas flux (g m-2 d-1), V is chamber headspace volume (m3; measured
during the measurement) and A is chamber surface area (m2), slope is the slope
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of the relationship between the CH4 or N2O concentration and the time (ppm
second-1); P is atmospheric pressure (Pa); F1 is the molar mass of CO2 (44.01), N2O
(44.01) or CH4 (16.04) (g mole-1); F2 is the conversion factor of seconds to days; R
is the ideal gas constant 8.3145 (m3 Pa K-1 mol-1); T is the water temperature (K).
In the free-floating plant state, deployment of the floating chamber during
warm periods with high ebullition led to an initial peak in CH4 concentration
(even in replicates) followed by a strong, linear increase over the following
minutes. Only the latter was used to calculate the diffusive flux. Both the initial
peak as well as the large magnitude of the diffusive flux are likely caused by the
release of CH4 from trapped bubbles under the plant mats (as described above).
Although part of this gaseous CH4 may have diffused to the atmosphere also
without the disturbance of the floating chamber deployment we subtracted
the fraction of ebullition estimated to be retained under the plant mats
(described above) from the measured diffusive flux. We argue that we hereby
obtained a conservative estimate of the diffusive CH4 flux, as under natural
conditions wind and animals (e.g. birds & fish) can displace floating plant mats,
which would further enhance CH4 emissions to the atmosphere.
Diffusive fluxes were always measured at the end of the day as well as at the
end of the night period to capture expected minimum and maximum fluxes
of CO2, respectively. Mean diel fluxes of CH4 and CO2 were calculated as a
weighted average of the light and dark period fluxes, based on day- and nighttime length. Limnotrons were always measured in random order to avoid
potential bias by time or order related effects. A leakage test was performed
at each measurement day to ensure no leakage was present in the closedloop system. To this end, the chamber base was sealed to a flat surface using
Terostat IX (Teroson). The opening at the top of the chamber was then closed
with a cap containing a septum through which methane was injected. A CH4
concentration of approximately 15 ppm was then used to check for leakages
over a 20–30 min period. No leakages were detected.
Calculated CO2 water-atmosphere fluxes

Though the majority of diffusive CO2 fluxes were measured using a GGA (as
discussed above), this was not possible during the first six months of the
experiment, due to a malfunctioning CO2 sensor in the Los Gatos GGA. During
this period, we determined CO2 fluxes as follows:
180

58159 Ralf Aben F.indd 180

02-09-19 14:58

Impact of global warming on aquatic greenhouse gas emissions strongly depends on plant dominance

A = l "%p, − "+q

(3)

Where F is the flux (mg CO2 m–2 d–1), k is the piston velocity (m d–1), and Csur and
Ceq are surface water and air-equilibrium CO2 concentrations (mg CO2 m-3) (Cole
et al. 2010), respectively. Piston velocity (as kO2) was empirically determined at
temperatures of 8, 16 and 24 °C in an additional limnotron that did not contain
sediment, using deoxygenated water (after Tribe et al. 1995). Standardizing
these k measurements (by respective Schmidt numbers (Cole et al. 2010,
Wanninkhof 2014)) resulted in a k600 of 0.43 ± 0.03 m d−1 (mean ± s.d.), which is
typical for small lakes and ponds (Holgerson and Raymond 2016). Csur was
calculated from measurements of dissolved inorganic carbon (DIC), pH,
temperature, and carbonic acid equilibrium constants (Dickson and Millero
1987) according to the equations in Table 4.2 of ref (Stumm and Morgan 2012).
Samples for DIC were carefully collected (to prevent gas exchange) once a
week and stored in 3 mL non-evacuated exetainers (Labco, Lampeter, UK) at
4°C. DIC was measured on an AO2020 Continuous Gas Analyser (ABB, Zürich,
Switzerland) within 24 h after sampling. Ceq was calculated using Henry’s law
and its solubility constant for CO2 (after ref. (Sander 2015)), taking the respective
water temperatures into account and assuming an atmospheric CO2 fraction of
400 ppm. At high pH the chemical reaction of CO2 with OH- can significantly
increase the mass transfer of CO2 between air and water (Bade and Cole 2006).
Hence, in case of CO2 uptake, k was multiplied by a chemical enhancement
factor (β) to include chemically enhanced diffusion, following equations 4–6 in
ref. (Bade and Cole 2006). Also, for each calculation of F, k was adjusted for
water temperature at time of DIC sampling (Cole et al. 2010, Wanninkhof 2014).
Minimum and maximum CO2 fluxes were calculated using pH measurements at
the end of the light and end of the dark period. Mean diel flux of CO2 was
calculated as a weighted average of the light and dark period fluxes, based on
day- and night-time length. The reliability of this method was verified later in
the experiment, when CO2 fluxes measured by the Picarro GGA were compared
with fluxes calculated from 10 cm deep DIC, temperature, and pH measurements,
taken directly after the Picarro GGA measurements. There was a strong
relationship between data of the two methods (R2 = 0.96) with a slope
statistically similar to 1 (Supplementary Fig. 6).
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Dissolved CH4

For each plant state, depth profiles of dissolved CH4 concentrations were
determined multiple times a year. Using a 60 mL syringe connected to a tube,
we collected triplicate water samples at depths of 10, 35, 60, 85, and 110 cm.
At each depth interval, we cleaned the tube and syringe with demineralized
water, and subsequently sampled and discarded 15 mL of water in order to
remove all air present in the tube and syringe. After sampling, syringes were
supplied with needles to transfer each sample to evacuated exetainers (Labco,
Lampeter, UK), hence avoiding exposing the sample to air. Before evacuation,
exetainers were supplied with 30 µL 2.5 M H2SO4 to halt microbial activity. After
sampling, exetainers were provided with a 2 mL N2 headspace via a two-way
needle method to release excess water. Exetainers were then shaken for 30
seconds and left to equilibrate for 30 minutes. Subsequently, the concentration
of CH4 in headspace gas was analysed as described above for ebullition. The
amount of gaseous CH4 in each exetainer was determined by multiplying the
CH4 concentration in the headspace gas by the volume of gas in the exetainer
headspace. CH4 in the exetainers’ headspace was assumed to be in equilibrium
with the water phase. Hence, the amount of CH4 dissolved in the water phase
was calculated using Henry’s law and its solubility constant for CH4, taking the
respective water temperature into account (Sander 2015). The total amount of
CH4 in each exetainer was calculated by summing the aqueous and gaseous
CH4 content, as described in the numerator of Equation (1). Finally, the original
dissolved CH4 concentration of the water sample was calculated by dividing
the total amount of CH4 by the volume of water in the exetainer.
Sediment analyses

Homogenized sediment samples were oven dried for 2 days at 70 °C.
Subsequently, a Mixer Mill MM 400 (Retsch GmbH) was used to grind the dried
sediment samples. 25 mg of fine grind sediment was weighed in silver capsules
and exposed to repeated additions of 10 µl of 25% HCl to remove carbonates
(Nieuwenhuize et al. 1994). Samples were then analysed for organic carbon and
nitrogen content using an NA 1500 elemental analyser (Carlo Erba). Sediment
C:N ratios are shown in Supplementary Table 1 and are similar to sediment C:N
ratios of shallow tropical and boreal lakes with a similar trophic state (Marotta
et al. 2014).
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Plant abundance

Submerged plant abundance was measured by weekly PVI (Percent Volume
Infested) estimates, where plant height was measured with a ruler and cover
% was visually estimated. PVI of Myriophyllum spicatum was then calculated
according to ref. (Canfield Jr et al. 1984):
PVI =

plant cover ∗ plant height
water colum depth

(4)

Duckweed cover % was estimated by eye, typically every 4 weeks.
Statistical analyses

All statistical analyses were carried out using the R software environment (R
Core Team 2018). To estimate
emissions
planttotal
coverGHG
∗ plant
height for each plant state, we
PVI =
water colum
depth
water-atmosphere
CH4 and CO2 fluxes
summed CH4 ebullition and diffusive
as CO2 equivalents, using a global warming potential (GWP) of 34 for CH4
fluxes, corresponding to the radiative forcing over a 100-year time horizon
(IPCC 2013). Effects of temperature treatment on cumulative, annual flux data
were tested using a nonparametric bootstrap t-test with pooled resampling
method (Kumar et al. 2017). We used two-tailed tests with 1,000,000 bootstrap
replicates. Hedges’ g effect sizes (Lakens 2013) were calculated using the
function pes from the package compute.es (Del Re
2013). Common language
34 = 367 ∗ 8% 4967
effect sizes (McGraw and Wong 1992) were calculated using the spreadsheet
provided by Lakens (2013).
To describe the temperature dependency of CH4 ebullition for each system, we
used a modified Arrhenius equation:
34 = 367 ∗ 8%

4967

(5)

7

Where ET is the ebullition rate in mg CH4 m-2 d-1, at temperature T (°C), E20 is the
ebullition rate in mg CH4 m-2 d-1 at 20°C, and θs is the overall system temperature
coefficient (dimensionless) (Kadlec and Reddy 2001, Veraart et al. 2011).
The modified Arrhenius expression was fitted on the data using the LevenbergMarquardt nonlinear least-squares algorithm (function nlsLM from the
minpack.lm package (Elzhov et al. 2010)). Despite its limitations at the lower
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and upper end of the temperature range, the modified Arrhenius expression is
a useful and often applied method of determining temperature dependencies
of ecological and microbiological processes (Kadlec and Reddy 2001, Veraart et
al. 2011, Aben et al. 2017).
We used linear mixed-effects models (LMMs) with limnotron and sampling
date as crossed random effects on the intercept to investigate the effect of
different sets of predictors on water-atmosphere greenhouse gas fluxes.
To rank the models, we used an information-theoretic approach based on
the second-order Akaike’s information criterion corrected for small sample
size (AICc) (Burnham and Anderson 2007). Models were fitted with the lmer
function from the lme4 package (Bates et al. 2015), using maximum likelihood
(ML). We used the dredge function (MuMIn package (Bartoń 2018)) to test
models with all possible predictor combinations and ranked them by AICcbased model weight (Burnham and Anderson 2007). Only meaningful variables
were included as model predictors to reduce the chances of biased results. To
meet assumptions of linearity, homoscedasticity, and normality of residuals,
diffusive CH4 fluxes were log transformed, whereas CH4 ebullition and diffusive
CO2 fluxes were square root transformed. To deal with mismatching predictor
data due to different sampling dates, we linearly interpolated data using the
na.approx function of the zoo package (Zeileis and Grothendieck 2005), to
obtain predictor data at dates of gas flux measurement. Values for ebullition
represent average emissions of specific periods of bubble trap deployment
(as explained earlier). To obtain predictor data that that match these ebullition
measurements, we averaged the interpolated predictor data for each period
of bubble trap deployment. Finally, we tested the difference between plant
states using a two-way ANOVA (function anova) with temperature treatment
as blocking factor and plant state as fixed effect. The outcome should be
interpreted with some care as the different plant treatments were not run in
parallel. Although the conditions (light, temperature, sediment source, etc.)
in the different years were (near) identical we cannot rule out undetected
systematic differences.
Data availability

The data that support the findings of this study are available from the
corresponding author upon reasonable request.
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Supplementary information
Supplementary Table 1. Mean ± 95% confidence intervals of ebullition as percentage of total CH4
flux, oxygen, oxygen saturation, dissolved CH4, major nutrients, sediment C:N, and sedimentation
for each of the three plant states. Data are separated by treatment only when a significant difference
between temperature treatments was detected in one or more plant states.
State

Ebullition as
% of total CH4
flux
(control)

Submerged
plant
Free-floating
plant
Algae
State

Oxygen
(mg L-1)a

Oxygen
saturation (%)
(control)

Oxygen
saturation (%)
(+4 °C
warmed)

57.8 ± 9.9

Ebullition as
% of total CH4
flux
(+4 °C
warmed)
72.8 ± 9.3

9.14 ± 0.89

81.9 ± 10.2

87.5 ± 7.5

80.7 ± 19.2

93.6 ± 8.5

1.59 ± 0.47

15.7 ± 6.8

15.5 ± 4.0

90.1 ± 4.5

94.8 ± 1.3

8.55 ± 0.36

74.7 ± 4.4

85.5 ± 3.8
Sedimentation
(g C m-2 d-1)d

CH4
(µg L-1)b

Submerged
18.1 ± 2.6
plant
Free-floating 131.1 ± 57.4
plant
Algae
14.9 ± 3.7

NH4
(µg L-1)

NO3
(µg L-1)

PO4
(µg L-1)

70 ± 18

397 ± 118

76 ± 0

Sediment
C:N
(atomic)c
13.7 ± 1.6

717 ± 152

2577 ± 1834

364 ± 8

12.8 ± 0.4

0.63 ± 0.12

247 ± 36

893 ± 118

19 ± 0

12.8 ± 0.3

0.15 ± 0.03

0.49 ± 0.15

Values represent averages of depth profile measurements taken throughout the year around noon
b
Concentrations correspond to the upper 10 cm of the water column measured multiple times per year
c
Sediment was sampled at the start of each experiment
d
Assessed during the first 6 months of the experiments
a

Supplementary Table 2. The effect of 4 °C warming on total greenhouse gas emission, CH4 ebullition,
and diffusive-water atmosphere fluxes of CH4 and CO2 in each of the three plant states. Results were
obtained using nonparametric pooled bootstrap t-tests. All tests were two-tailed and run with 1,000,000
bootstrap replicates. n = 4 in all instances. Significant P-values are given in bold.
State

CH4 ebullition

Submerged plant
Free-floating plant
Algae

0.068
0.010
0.012

Diffusive CH4 flux
P-values
0.902
0.194
0.154

Diffusive CO2 flux
0.730
0.170
0.947
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Supplementary Figure 1. Mean CH4 ebullition for the control and the warm (+4°C) mesocosms under
dominance of submerged plants, free-floating plants, and algae, respectively. Red circles and lines
(arithmetic mean) denote warm treatment, black ones denote control. Upper lines denote water
temperature for the control (black) and warm treatment (red). Peak temperatures represent a heat wave
(+4°C) that was applied to both treatments. Ebullition for the free-floating plant state represents raw
data, not corrected for effects of plant related bubble trapping (see Methods for details).
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Supplementary Table 3. Best fitting linear mixed effects models of water-atmosphere fluxes of CH4 and
CO2.
Model No. Fixed effects
df n
AICc
ΔAICc AICc Wt
CH4 ebullition – submerged plant dominance
Full model temp + PVI + oxygen
EBU-0
temp (+)
5 88
325.8 0.00
0.392
EBU-1
temp (+) + oxygen (-)
6 88
325.8 0.01
0.391
EBU-2
temp (+) + PVI (-) + oxygen (-)
7 88
327.0 1.18
0.217
CH4 ebullition – free-floating plant dominance
Full model temp + oxygen
EBU-0
temp (+) + oxygen (-)
6 104 422.9 0.00
1.000
CH4 ebullition – algae dominance
Full model temp + oxygen
EBU-0
temp (+)
5 88
324.7 0.00
1.000
CH4 diffusion – submerged plant dominance
Full model temp + oxygen + pH + PVI + light
CH4DIF-0 temp (+)
5 128 328.4 0.00
1.000
CH4 diffusion – free-floating plant dominance
Full model temp + oxygen + pH + % plant cover
CH4DIF-0 temp (+) + pH (-)
6 96
309.9 0.00
0.482
CH4DIF-1 temp (+) + oxygen (-) + pH (-)
7 96
310.7 0.77
0.328
CH4DIF-2 temp (+) + oxygen (-)
6 96
311.7 1.85
0.191
CH4 diffusion – algae dominance
Full model temp + oxygen + pH + light
CH4DIF-0 temp (+) + oxygen (-) + pH (+)
7 136 252.3 0.00
1.000
CO2 diffusion – submerged plant dominance
Full model temp + oxygen + pH + DOC + light + PVI
CO2DIF-0 oxygen (-) + pH (-) + PVI (-)
7 128 997.0 0.00
0.659
CO2DIF-1 light (+) + oxygen (-) + pH (-) + PVI (-)
8 128 998.3 1.31
0.341
CO2 diffusion – free-floating plant dominance
Full model temp + oxygen + pH + % plant cover + DOC
CO2DIF-0 temp (+) + pH (+) + % plant cover (-)
7 80
723.2 0.00
0.335
CO2DIF-1 temp (+) + % plant cover (-)
6 80
724.1 0.81
0.223
CO2DIF-2 DOC (+) + temp (+) + pH + % plant cover (-)
8 80
724.8 1.51
0.157
CO2DIF-3 DOC (+) + temp (+) + % plant cover (-)
7 80
724.9 1.69
0.144
CO2DIF-4 temp (+) + oxygen (+) + % plant cover (-)
7 80
725.0 1.73
0.141
CO2 diffusion – algae dominance
Full model temp + oxygen + pH + NEP + DOC + light
CO2DIF-0 pH (-)
5 214 1350.2 0.00
0.421
CO2DIF-1 DOC (+) + pH (-)
6 214 1351.2 0.96
0.261
CO2DIF-2 light (+) + pH (-)
6 214 1352.1 1.94
0.160
CO2DIF-3 NEP (-) + pH (-)
6 214 1352.2 1.95
0.159
Full (in italics) and reduced models were fitted with a range of predictors for each flux and dominating
plant type. Light denotes light availability (at 40 cm deep), DOC dissolved organic carbon, PVI percentage
volume infested, and NEP net ecosystem production. Models were compared via the small sample-size
corrected Akaike Information Criterion (AICc). Delta AICc is the difference in AICc score relative to the
model with the lowest value (most parsimonious model). AICc Weight (Wt) is the relative support for the
model. Models are ordered by ascending AICc score. Best fitting models are characterized by having the
lowest AICc score and the highest AICc weight. The table contains all models with substantial support
(ΔAICc < 2). Plus (+) and minus (-) symbols represent the direction of the predictor effect. DOC and NEP
were determined as described by Oliveira-Junior et al. 2018 and Staehr et al. 2010, Aben et al. 2017,
respectively. See Methods for details on the analysis.
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Supplementary Figure 2. Mean diffusive CH4 emissions for the control and the warm (+4°C)
mesocosms under dominance of submerged plants, free-floating plants, and algae, respectively.
Red circles and lines (arithmetic mean) denote warm treatment, black ones denote control. Red shading
represents a heat wave (+4°C) that was applied to both treatments. Top right scatter plots show the
correlation between temperature and diffusive CH4 emission in the control and warm treatment of each
alternative state. All Spearman correlations (ρ) were significant (P < 0.001). Diffusive CH4 emissions for
the free-floating plant state represent raw data, not corrected for effects of plant related bubble
trapping (see Methods for details).
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Supplementary Figure 3. Potentially enhanced diffusive CH4 emissions by trapped CH4 bubbles
under free-floating plant mats. Black and red symbols and lines denote control and warm treatment,
respectively, for CH4 ebullition, measured CH4 diffusive emission (measured CH4 dif ), and calculated
CH4 diffusive emission (calculated CH4 dif ). Calculated diffusive CH4 emissions were determined using
equation (3) (see Methods), where Csur represents CH4 concentrations in the upper 10 cm of the water
column (measured 4 times during the experiment). Ceq for CH4 was calculated in a similar way as
described for CO2. The empirically determined open water-air gas exchange (k) was adjusted for water
temperature at time of sampling (see Methods) and corrected for a reduction due to floating plant
coverage by applying a correction factor of 0.09–0.11 (based on equation (8) in Kosten et al. 2016).

Supplementary Figure 4. An example of a bulge in the duckweed mat observed during warm periods
when ebullition was high.
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Supplementary Figure 5. Mean diffusive water-atmosphere CO2 fluxes for the control and the warm
(+4°C) mesocosms under dominance of submerged plants, free-floating plants, and algae,
respectively. Red circles and lines (arithmetic mean) denote warm treatment, black ones denote
control. Red shading represents a heat wave (+4°C) that was applied to both treatments.
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Supplementary Figure 6. Greenhouse gas analyser (GGA) measured CO2 flux versus CO2 flux calculated
after equation (3). The relationship between variables was determined using major axis regression in
R (function ma of smatr package (Warton et al. 2012)). The small, non-significant deviation of the slope
(dotted line) from the 1:1 line (solid line) and high R2 of the regression justifies the comparison of results
obtained by these two different methods.
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SYNTHESIS
Before I synthesize the main findings of my study here, I will first present
additional in-depth analyses linked to the topics discussed in this thesis.
Specifically, I will zoom in on characteristics of CH4 ebullition, drivers of
N2O emission, and the potential effects of shifts in duckweed community
composition on O2 conditions and CH4 emissions. These additional insights will
then be included in a general synthesis of the main results of my research and
a discussion of their implications for our understanding of GHG emissions from
shallow lakes and ponds.

Additional analyses & insights
Methane loss during bubble rise

Even though CH4 is a poorly soluble gas (Sander 2015), diffusion of CH4 into the
water does take place during bubble rise in the water column. Diffusion rates
depend on several factors of which the difference in partial pressure between
the bubble and the surrounding water, initial bubble size, and bubble-water
contact time are the most important ones (McGinnis et al. 2006). CH4 that diffuses
into the surrounding water during bubble rise enriches the dissolved CH4 pool
and faces either oxidation to CO2 or emission to the atmosphere by diffusion.
Thus, the dissolved CH4 pool that may diffuse into the atmosphere originates
from both CH4 diffusion at the sediment-water interface and CH4 dissolution
from rising bubbles, and both fractions may be diminished by CH4 oxidation
in the water column. Although CH4 production in oxic water columns has also
been reported (Bogard et al. 2014, Tang et al. 2016), we did not observe this in
our experiment and therefore consider this source to be negligible here. To get
insight into the fate of CH4 in the limnotron experiment carried out, I calculated
CH4 dissolution during bubble rise for the algae dominated mesocosms and
compared its magnitude to that of ebullition, water-atmosphere diffusive
fluxes, and water column oxidation of CH4.
Dissolution of CH4 from rising gas bubbles was calculated using volumetric
ebullition rates, a bubble size distribution from literature [measured in an
experimental setup using sediment from a shallow pond with a similar organic
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matter content as the sediment in our mesocosms (Liu et al. 2016)], and a
bubble dissolution model to calculate bubble CH4 dissolution for each bubble
size according to water depth, temperature, bubble gas composition, and
concentrations of dissolved gases (Greinert and McGinnis 2009). The fraction
of the total ebullitive CH4 flux that dissolved during bubble rise was relatively
small (ca. 4%). However, compared to the water-atmosphere diffusion of CH4
this is still quite substantial (Fig. 1).
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Figure 1. Estimated enrichment of surface water methane (CH4) content through bubble dissolution
(dotted line) and diffusive water-atmosphere emission of CH4 (solid line) for the a) control and b) warm
treatment. Error bars denote ± 1 SD.

Determinants of bubble CH4 concentration
In shallow waters, where gas exchange between bubbles and the surrounding
water during bubble rise is limited (McGinnis et al. 2006, Ostrovsky et al. 2008),
ebullitive gas is almost completely consisting of CH4 and N2 (Chanton et al. 1989,
Walter et al. 2008). The reason for this is that both gases are very poorly soluble
(Sander 2015) and are produced in anaerobic sediments (Chapter 1). Sediments
can also be enriched with N2 via atmospheric diffusion (see below). CH4 and N2
likely also formed the majority of the ebullitive gas in our experiment: a onetime analysis (in April 2015) of O2, CO2, N2O, and N2 in ebullitive gas showed that
O2 and CO2 each typically formed less than 1% of the total gas volume, while N2O
could not be detected. N2 was the second largest component of the gas, together
with CH4 composing about 99% of the total ebullitive gas volume. The strong
negative relationship between ebullition rates and bubble N2 concentration,
as well as the relationship between bubble N2 and CH4 concentrations often
found in natural systems may be explained by CH4 ebullition stripping N2 from
sediments (Chanton et al. 1989). In winter, when ebullition rates are very low

8
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or even halted (Chapter 2 & 3), gases in sediment pore waters are thought to
approach equilibrium with atmospheric N2 (the most abundant of dissolved
gases at atmospheric equilibrium) through molecular diffusion from aerated
overlying waters (Kipphut and Martens 1982, Chanton et al. 1989). Increasing
CH4 ebullition rates towards summer (Chapter 2 & 3) strip N2 from sediment
pore waters, which outpaces the diffusive supply of N2 and eventually causes
CH4 to comprise the major fraction of bubble partial pressure (Chanton et al.
1989). My data from the algae dominated limnotrons support this hypothesis,
as the estimated bubble N2 concentration [determined as 100% - (CH4% + 1%
other gases)] was strongly negatively related to CH4 ebullition rates (Fig. 2).
The relationship that I found is very similar to the one presented by Walter et
al. (2008) (included as a dashed line in Figure 2), based on data from Alaskan
and Siberian lakes and ponds with maximum depths ranging from 1.3–24.0
(median: 2.8) m. In that study, CH4 and N2 also were found to make up close to
100% of the bubble gas volume. The relationship in the publication by Walter
et al. (2008), however, is fitted on a much higher range of ebullition rates (up to
~ 6,500 mg CH4 m-2 d-1). The data points in the low range of their ebullition rates
(i.e. those in the range of ebullition rates) mostly fall below their regression line,
and are therefore in line with our observations. For a substantial number of
data points of the limnotron experiment, the % N2 was unexpectedly low in the
lower ebullition range (Fig. 2). Most of these data points are from the mesocosms
dominated by free-floating plants. Their deviation may be explained by the low
water-atmosphere gas exchange caused by the dense plant cover (Chapter 7)
inhibiting the water-column and the sediment pore water to equilibrate with
atmospheric N2. Similarly, reduced water-atmosphere gas exchange due to
abundance of floating algae beds (FLAB) may explain some of the deviating
data points from the submerged plant and algae dominated mesocosms, as in
both of these states FLAB cover was substantial at times. Finally, dissolution and
subsequent oxidation of CH4 during its residence in the gas traps (the duration
in traps being negatively related to the ebullition rate) may have affected the
ebullition–% N2 relationship, as the actual CH4 ebullitive fluxes may have been
higher than the estimated ones, particularly in the lower flux range. Similarly,
prolonged residence in the bubble traps also gives more opportunity for water
column N2 to equilibrate with ebullitive gas.
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Figure 2. Presumed bubble N2 content [100% - (CH4% + 1% other gases)] versus methane ebullition
rate of all three plant states. Solid line represents the best fitting two-parameter logarithmic equation
(fitted using the Marquardt-Levenberg algorithm): % N2 = -8.0*ln(CH4 ebullition) + 64, P < 0.0001, R2adj =
0.71, n = 580. Dashed line represents the CH4 ebullition–% N2 relationship presented by Walter et al.
(2008): % N2 = -8.5*ln(CH4 ebullition) + 79.

Spatial heterogeneity of CH4 ebullition

As discussed in the introduction of my thesis, ebullition is known for its
episodic occurrence and spatial variability. To estimate how the latter affected
CH4 ebullition in the limnotrons, I compared CH4 ebullition estimates obtained
with individual funnels to the average estimate obtained by two funnels in
each limnotron.
Although the chance of obtaining a biased estimate due to spatial heterogeneity
decreased with the severity of the bias (Fig. 3), it was still substantial. CH4
ebullition estimates from individual funnels differed on average 29%
(range 0.2–100%) from the average estimate obtained by both funnels. This
demonstrates that even in our controlled mesocosm experiment, which was set
up with homogenized sediment, there is substantial spatial variation in bubble
emissions. This is in agreement with findings of another study (Scandella et al.
2017), where spatial variability of ebullition at the centimeter-scale was found
in reconstituted, soft, CH4-generating, lake sediments.

8

Spatial differences in sedimentation rates may have caused spatial differences
in the CH4 formation rates and mechanical properties of our homogenized
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sediments during the course of the experiment. In addition, it is likely that
fine-scale spatial differences in the physics of CH4 bubble generation and
mobilization within sediments strongly contributed to the heterogeneity
of ebullition (Scandella et al. 2017). Conduits in sediments that were initially
formed during bubble formation can be resupplied with CH4 via diffusion from
surrounding sediments, resulting in the persistence of bubble outlets over time
(Scandella et al. 2017). Reopening of conduits at the centimeter scale likely
results from a drop in tensile strength due to deformation of the sediment
by rising bubbles (Scandella et al. 2017). Furthermore, although we aimed to
install both funnels at a similar distance from the center of the limnotron, a
difference in sediment height, mainly resulting from the slightly conical shape
of the limnotron bottom, may also have contributed to the degree of difference
between yields of two bubble traps.

Figure 3. The probability of a certain degree of bias in CH4 ebullition estimates related to the use of one
funnel relative to two funnels in each mesocosm (as percent difference from two-funnel mean).
Percentages on the x-axis are binned in 10% intervals.

Drivers of N2O emission in the limnotron experiment

As mentioned in Chapter 7, emission of N2O was only observed once in the
limnotron experiment. On 15 and 16 September 2014—when algae dominated
the limnotrons— limnotron 2 showed N2O emission, varying from 3.36 to 6.98
mg N2O m-2 d-1. The observed N2O emission in limnotron 2 coincided with
the highest surface water nitrite (NO2-) concentration (0.365 mg L-1) observed
during the whole experiment across all limnotrons, while concentrations
of NH4+ (0.337 mg L-1) and NO3- (0.398 mg L-1) were in the normal range of
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observations. Also, other variables (e.g. C:N, pH, phytoplankton abundance)
were not deviant. It is likely that the hypoxic conditions in limnotron 2 (Fig. 4)
caused an increased N2O/NO2- production ratio (Ji et al. 2015) and accumulation
of NO2- through incomplete nitrification (see paragraph ‘nitrous oxide’ in
Chapter 1). The hypoxic conditions likely also stimulated reduction of NO3- by
denitrifiers and anammox bacteria, which also contribute to production of NO2(Kartal et al. 2007). Subsequently, part of the accumulated NO2- was likely used
as an alternative electron acceptor by nitrifiers (nitrifier-denitrification) and
denitrifiers, resulting in production and emission of N2O (see Fig. 2 in chapter
1) (Betlach and Tiedje 1981, Poth and Focht 1985, Firestone and Davidson 1989,
Tallec et al. 2006, Garnier et al. 2007, Ji et al. 2015). The amount of NO2- used by
nitrifiers and amount of NO2- and NO3- used by denitrifiers as terminal electron
acceptor likely increased with decreased O2 availability, explaining why the
highest, intermediate, and lowest N2O emissions occurred at dawn, midday,
and dusk, respectively (Fig. 4) (Ji et al. 2015). Thus, in short, the diel O2 gradient
likely induced N2O generation through sequential (incomplete) nitrification
(relatively high O2) and denitrification/anammox (relatively low O2) (Seitzinger
1990). Additionally, other microorganisms adapted to low O2 conditions may
produce N2O as a by-product (Mengis et al. 1997). These include methanotrophs
that oxidize NH4+ (Yoshinari 1985) and DNRA bacteria (Smith 1982).
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Figure 4. Diel oxygen (O2) curve of limnotron 2 in the period of observed N2O emission. O2 was measured
at 40 cm depth from 16 to 17 September, 2014. Gray area denotes nighttime (light off ) period, with net
consumption of O2. White area denotes daytime (light on) period, when atmospheric and
photosynthetically produced O2 input exceeded consumption of O2. Circles denote N2O emissions
measured at 15 and 16 September, 2014. Note the reverse-order of the y-axis for N2O emission.
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Effects of changes in free-floating plant species on CH4 emission
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In the year with free-floating plant dominance in the mesocosms we started out
with a blend of many duckweed species, the dominant one being Lemna minor.
However, later in the year a shift to Spirodela polyrhiza dominance took place
in all mesocosms between August and October. The cause for the shift is not
known. However, it may directly or indirectly be related to water temperature
since the shift first started in the mesocosms of the warm treatment. Possibly
the shift was driven by temperature enhanced release rates of nitrogen from
the sediment. The relationship between temperature and nitrogen release
rates, for which we used pore water ammonium (NH4+) concentrations as a
proxy, was quite strong (Fig. 5). Although both L. minor and S. polyrhiza can
effectively remove nitrogen from the water, S. polyrhiza can achieve higher
nitrogen removal efficiencies and biomass production rates than L. minor when
ample nitrogen is available (Toyama et al. 2018), which may have given them a
competitive advantage.

0

Figure 5. Sediment pore water ammonium (NH4+) concentrations throughout the year. Red circles
and lines (arithmetic mean) denote warm treatment, black ones denote control. Transparent, dotted
lines denote water temperature for the control (black) and warm treatment (red). Peak temperatures
represent a heat wave (+4°C) that was applied to both treatments. One mesocosm of the warm
treatment was not sampled due to a broken pore water sampler.

The shift from L. minor to S. polyrhiza dominance coincided with an increase
in surface water oxygen (O2) concentration, thereby ending the anoxic and
severely hypoxic conditions that reigned during L. minor dominance. Figure
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6a demonstrates the relationship between dominance of S. polyrhiza and
subsurface O2 concentrations observed during the shift in species. Since the
total duckweed cover did not change and stayed (close to) 100% it suggests
that S. polyrhiza is responsible for the increase in O2. The different effects of the
two duckweed species on O2 dynamics was further confirmed by a reverse shift
(from S. polyrhiza to L. minor) in one limnotron at the end of the investigated
period, which coincided with a decrease in O2 concentration from 2.70 to
1.64 mg L-1 (data included in Fig. 6a). The question remains how S. polyrhiza
dominance can cause such contrasting O2 conditions as compared to L. minor
dominance, the latter which is well known to decrease O2 content of the
underlying water (de Tezanos Pinto and O’Farrell 2014). One of the possible
explanations can be found in substantial radial O2 loss (ROL) in S. polyrhiza’s
rhizosphere. Mori et al. (2005) investigated transport of O2 to the rhizosphere
for aseptic S. polyrhiza under dark and light conditions and found that dissolved
O2 immediately increased during the light period, whereas O2 increase during
the dark period was insignificant. The authors calculated that—after correcting
for atmospheric O2 input—the ROL of S. polyrhiza was ca. 4 g O2 m-2 d-1. In their
system, the order of magnitude of S. polyrhiza’s ROL was similar to, or higher than
atmospheric O2 input in open-water. L. minor, on the other hand, also exhibits
ROL, but its rate tends to be considerably lower, as different degrees of L. minor
cover always reduced O2 input compared to open-water, even during light
conditions (Morris and Barker 1977). Another explanation for relieving water
column anoxia by S. polyrhiza dominance is the difference in morphology. S.
polyrhiza plants are larger and their upper side is more spherical than L. minor.
Though both species totally covered the surface, L. minor formed a much
flatter and ‘tightly sealed’ cover than S. polyrhiza. The latter was characterized
by relatively thick plants partly covering each other, which may have created
small openings through which atmospheric O2 could diffuse into the water
column. However, any atmospheric O2 input was likely lower than O2 input
through ROL of S. polyrhiza. Under open water conditions O2 input would be
between 4.1 and 4.4 mg O2 m-2 d-1 at a surface water O2 concentration of 0 mg
L-1 for the range of water temperatures (16-27 °C) present during the period of
the shift in species (calculated using the empirically determined gas exchange
coefficient in the limnotrons; Aben et al. (2017)). A conservative reduction of
the gas transfer velocity by 90% (which equals the reduction at 80% cover by
Salvinia; Kosten et al. (2016)) would reduce the aforementioned open-water
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atmospheric O2 input to a value between 0.5 and 0.7 mg O2 m-2 d-1, respectively.
Hence, it seems unlikely that higher atmospheric O2 input due to differences in
plant morphology played a large factor in the observed O2 increase during the
shift in species.
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Figure 6. Relationships between the dominant duckweed species and surface water oxygen and
methane concentrations in a system with a permanent total (Spirodela polyrhiza + Lemna minor)
cover of 100%. a) Data showing the relationship between Spirodela polyrhiza cover and surface water
oxygen (O2) concentrations measured 20 cm below the water surface. The shift to dominance by S.
polyrhiza varied in timing, but took place in all mesocosms in the period August – October. b) Dissolved
methane (CH4) concentrations measured 10 cm below the water surface under low (n = 2) and high (n
= 6) dominance of Spirodela polyrhiza. Error bars denote ±1 SD. Total duckweed cover of presented data
was always (close to) 100%. Open circles denote data points where dissolved CH4 was measured within
the same week.

The observed shift in species composition may also have consequences for
GHG emissions, although the available data is limited. High and low dissolved
CH4 concentrations under low and high dominance of S. polyrhiza, respectively
(Figure 6b), suggest that the shift to S. polyrhiza dominance and the concurrent
O2 increase lowered dissolved CH4 in the water column. However, diffusive CH4
emissions, measured at the same day as dissolved CH4 sampling, did not show
the same pattern and were very high irrelevant of the dominating duckweed
species, presumably due to effects of trapped CH4 bubbles (see Chapter 7).
Nevertheless, our findings suggest that a shift in species dominance may have
important consequences for diffusive CH4 emissions—when not affected by
potential CH4 release from trapped bubbles—and perhaps for the efficiency of
bubble trapping. To test the hypothesis that observed differences in dissolved
O2 and CH4 concentrations during the shifts in duckweed species are indeed
caused by differences in ROL, additional research is required that includes
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measuring ROL of L. minor and S. polyrhiza in systems with controlled and
similar environmental conditions. The latter is important as rates of ROL vary
with photosynthetic rates and environmental conditions including redox
conditions and microbial O2 demand in the water column (Laskov et al. 2006).
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A synthesis of the main findings
Warming and CH4 emissions: methane bubbles rule

Based on the strong temperature dependence of CH4 production in
sediments, we expected that CH4 ebullition, which largely avoids microbial
CH4 consumption, would be strongly temperature dependent as well. Using an
analysis of published data, we indeed found a strong, exponential relationship
between temperature and CH4 ebullition for different aquatic ecosystems
around the world (Chapter 2). It was striking, however, that only six studies
were found in the literature of which the data met our criteria for conclusion,
pointing out that there is a strong need for more multi-seasonal, frequent or
continuous ebullition measurements, as well as for proxies with predictive
power, in order to improve the accuracy of ebullition measurements and
facilitate global upscaling efforts (Wik et al. 2016a, DelSontro et al. 2018).
In order to unravel the relative importance of the various processes
responsible for temperature induced increase in ebullition, and to acquire a
mechanistic understanding, experimental approaches are needed. Therefore,
we conducted a controlled mesocosm experiment. Here, we found that 4 °C
warming increased cumulative annual CH4 ebullition by 50%. This increase is
most likely attributable to direct effects of temperature on microbial growth
and metabolism, as gross phototrophic primary production and sedimentation
rates were unaffected. Analyses of the literature-derived data as well as of our
mesocosm dataset indicate that CH4 ebullition increases with 6-20% per 1 °C
temperature increase. In contrast to CH4 ebullition, diffusive water-atmosphere
emissions of CH4 did not significantly differ between temperature treatments,
although in both treatments diffusive CH4 emission did correlate with water
temperature throughout the year. This paradox can likely be explained by
interacting effects of temperature-related increases in organic C production,
microbial CH4 production, microbial CH4 consumption, and competition of
methanogens (both acetoclastic and hydrogenotrophic) with other microorganisms using more favorable electron acceptors (e.g. O2, NO3-, Fe3+, SO42). Our combined findings show that global warming will strongly enhance
freshwater CH4 emissions through a disproportional increase in CH4 ebullition,
which in turn, contributes to global warming supporting a positive feedback.
This will particularly be the case in shallow systems (Chapter 3) due to their
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high productivity, their sediments showing a temperature closely following air
temperature and prone to direct warming by sunlight, and the short track to
the atmosphere hampering CH4 dissolution and subsequent oxidation from
bubbles.
Effects of warming on ecosystem metabolism and CO2 fluxes

Contrary to expectations based on the metabolic theory of ecology (Brown
et al. 2004, Yvon-Durocher et al. 2010b), we did not find a disproportional
increase in ecosystem respiration (ER) relative to gross primary production
(GPP) under 4 °C warming (Chapter 5), which likely explains why diffusive-water
atmosphere fluxes of CO2 did not significantly differ between the temperature
treatments of our mesocosm experiment (Chapter 7). Although GPP was
significantly elevated in the warm (+4 °C) treatment, overall ER did not show a
difference between treatments and was, on average, even higher in the control
treatment, although not significantly. Arrhenius plots demonstrated that while
ER had a similar temperature dependence in the two temperature treatments,
temperature-normalized ER was significantly higher in the control. We attribute
this difference to the large difference in benthic oligochaete density between
the temperature treatments which evolved after the heat wave. The high
number of oligochaetes in the control likely stimulated sediment respiration
through sediment reworking, enhanced oxygen intrusion, and organic matter
processing, resulting in the aforementioned differences. Indirect effects of
temperature on the macroinvertebrate community may thus override direct
temperature effects on individual metabolic rates, indicating an important role
for trophic downgrading in freshwater GHG cycling (Atwood et al. 2013).
Functional plant group dominance and GHG emissions

We showed a strong effect of the dominant functional plant group on
greenhouse gas (GHG) emissions. This was particularly the case for CH4
ebullition and water-atmosphere CO2 diffusion. Rooted, submerged plant
dominated systems (Myriophyllum spicatum) had much lower CH4 ebullition
rates as compared to systems dominated by algae or free-floating plants (Lemna
minor / Spirodela polyrhiza), and much higher CO2 uptake rates (Chapter 7).
Box 1 describes the different processes that are thought to drive the observed
differences in CO2 and CH4 fluxes between the mesocosms and the atmosphere
for each of the investigated plant communities. Dominance by submerged
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plants not only resulted in the lowest CH4 ebullition, it also affected the
sensitivity of ebullition to 4 °C warming: while CH4 ebullition was significantly
enhanced by warming in systems dominated by algae and free-floating
plants, no significant effect of warming was observed in systems dominated
by submerged plants (Chapter 7). We found similar results of plant dominance
on CH4 ebullition in another mesocosm experiment, where CH4 ebullition was
significantly lower in mesocosms dominated by either of two rooted plant
species (Myriophyllum spicatum and Elodea canadensis) than in mesocosms
dominated by a non-rooted submerged plant (Ceratophyllum demersum) and
a free-floating plant (Azolla filiculoides) (Chapter 6). The overall magnitude of
GHG emission (as CO2 equivalents), as well as its sensitivity to warming (driven
by CH4 ebullition) was highest under free-floating plant dominance (Chapter
7). This has major implications, as climate warming and eutrophication in
concert, both expected to increase in the coming decades, promote shifts
from submerged plant dominance to algae or free-floating plant dominance,
resulting in a positive climate feedback. In addition, global warming is known
to boost eutrophication by increased catchment nutrient input (Jeppesen et al.
2009, Kosten et al. 2011) and increased internal nutrient cycling (Smolders et
al. 2006), generating another positive feedback in the myriad of interrelations
leading to strongly increasing GHG emissions from shallow lake systems under
global change (see Fig. 4 in Chapter 1).
Box 1. Effects of plant dominance on fluxes of CO2 and CH4
The effects of plant dominance on water-atmosphere fluxes of carbon dioxide (CO2) and methane
(CH4) (Chapter 7) are governed by a range of direct and indirect plant effects on the different flux
pathways of these GHGs. Observed and presumed effects of plant dominance on carbon (C) flux
pathways are summarized in Figure B1.

Under a submerged plant-dominated state (Fig. B1a), water-atmosphere CO2
uptake is promoted by high rates of primary production that are facilitated by
root-mediated uptake of nitrogen (N) and phosphorus (P) in sediment pore
waters. Radial oxygen (O2) loss from plant roots inhibits CH4 production and
stimulates CH4 oxidation in sediments, resulting in a relatively small ebullitive
CH4 flux. Plants can also serve as a conduit for CH4, which can further contribute
to reduced bubble formation in sediments. CH4 inside plant aerenchyma
tissues can be lost to the surrounding water through diffusion, and directly be
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lost to the atmosphere via bubble release from damaged plant parts. CH4 loss
from plants via diffusion contributes to the dissolved CH4 pool of the surface
water and faces microbial consumption or emission to the atmosphere. This
also applies to CH4 that is lost to the water column during partial dissolution
of rising bubbles (Fig. B1a-c). The relatively high primary production under
submerged plant dominance (Fig. B1a) results in high detritus production
and sedimentation. This will be an important source for microbial respiration
both in the water column and sediments, thereby stimulating CO2 and CH4
formation. Diffusive release of sediment CH4 to the water column is usually
controlled by substantial microbial CH4 oxidation (to CO2) at the sedimentwater interface, provided that the surface water is aerobic (Fig. B1a, b). Similarly,
pelagic microbial CH4 oxidation under aerobic conditions can further reduce
the dissolved CH4 pool and lower eventual emission to the atmosphere (Fig.
B1a, b).
When both external nutrient input and sediment nutrient release rates are
relatively low, primary production rates in algae dominated systems will be
limited by nutrient availability (Fig. B1b). Low primary production rates result in
low CO2 uptake and sedimentation rates. This causes heterotrophic microbial
respiration to exceed net primary production, causing net CO2 emission to
the atmosphere. Dominance of free-floating plants (Fig. B1c) severely limits
intrusion of light and atmospheric O2 into the water column (van Kempen et
al. 2012, Kosten et al. 2016). This limits subsurface algae growth and stimulates
net consumption of O2, eventually resulting in a hypoxic or anoxic water
column. Low O2 in the hypolimnion or at the sediment-water interface of
lakes and ponds can stimulate the release of redox-sensitive, Fe-bound P by
increased microbial Fe reduction (Fig. B2a; Smolders et al. 2006, Temmink et al.
2018). Simultaneously, N-availability may increase by the restriction of coupled
nitrification-denitrification, leading to lower N losses to the atmosphere (Fig.
B2b; Beutel et al. 2008). This in turn stimulates free-floating plant growth and
sedimentation rates (de Tezanos Pinto and O’Farrell 2014). Growth increases
plant density, which further limits atmospheric O2 intrusion and generates a
positive feedback loop. Similarly, increased sedimentation rates further stabilize
low O2 conditions, as mineralization of this labile organic matter increases O2
demand. Relatively high organic matter sedimentation under low O2 conditions
promotes the formation of CH4 (in addition to CO2) during mineralization. This,
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combined with complete sediment anoxia result in much higher ebullition
rates compared to dominance by other functional plant groups. Although part
of evolved CH4 bubbles get trapped under the dense vegetation, a considerable
share will be released to the atmosphere eventually, for instance when the
plant bed is disturbed by wind or wave action. Dissolution of trapped bubbles,
however, may strongly increase the dissolved CH4 pool of the surface water.
The effect of free-floating plants on the O2 concentration at the sedimentwater interface is likely of paramount importance for the CH4 dynamics as
well. The sediment-water interface tends to be a hotspot for CH4 oxidation
when oxygenated (Bastviken 2009). When O2 is limiting, however, substantial
amounts of CH4 can diffuse from sediments into the water column, resulting
in high dissolved CH4 concentrations. Despite a large pool of dissolved CH4,
diffusive water-atmosphere emissions can still be low, resulting from: 1) dense
plant cover that restricts water-atmosphere gas exchange; and 2) substantial
CH4 oxidation in the oxygenated rhizosphere of free-floating plants that
potentially lowers CH4 concentrations in the subsurface microzone of the water
column. However, perturbations that displace duckweeds may cause peak
release of dissolved CH4 and trapped bubbles. Although free-floating plants
stimulate internal nutrient mobilization, their growth is ultimately limited by
available space, as the plants can only occupy the surface of the water column.
The direction of the net water-atmosphere CO2 flux can therefore vary, as it
strongly depends on the growth (increase in cover) and decay (decrease in
cover) of the plants, and the pace and fate (CO2 or CH4) of mineralization of
sedimented material.
Eutrophication and GHG emissions

We show that extreme eutrophication significantly increased CH4 ebullition
and diffusive CH4 emissions to the atmosphere (Chapter 6). The strongest
increase however, was found for N2O emissions. Observed N2O emissions were
extremely high and strongly related to surface water concentrations of NH4+ and
NO3-, likely related to N2O production during nitrification and denitrification of
these compounds, respectively. The effect of eutrophication on GHG emissions
was also evident in the urban pond that we studied. Although this pond had
a very high allochthonous CO2 input, its GHG emission was dominated by CH4
ebullition, likely driven by the eutrophication-induced high productivity of the
pond as well as by terrestrial organic carbon input (Chapter 3).
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Figure B1. A schematic overview of processes driving greenhouse gas fluxes in shallow lakes and
ponds dominated by different functional plant groups. Top panel: submerged plant dominance;
middle panel: algae dominance; bottom panel: free-floating plant dominance. Wave arrows denote
turbulence-driven diffusive fluxes. The processes included in this overview only involve within-system
processes (no external carbon input).
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a
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Figure B2. a) Total phosphorus (TP) and b) dissolved inorganic nitrogen (DIN; as sum of NH4+, NO2-, and
NO3-) release rates from sediments to surface water as determined by 17-day core incubations of
limnotron sediment (n = 3 for each temperature). Closed symbols and solid lines denote oxic incubations.
Open symbols and dashed lines denote anoxic incubations. Error bars denote ± 1 SD.

Natural systems vs mesocosms

Experimental mesocosm approaches are a compromise between studying
field-scale natural systems and using aquarium experiments, as they enable
experimental controlling but are much more realistic than aquaria. Although
mesocosms are a simplification of natural lakes and ponds, they are fully
functioning ecosystems and therefore ideal tools to study effects of climate
change on a range of ecological phenomena (Frenken et al. 2016, Velthuis et
al. 2017a, Kazanjian et al. 2018b, Velthuis et al. 2018), including GHG dynamics
and their underlying mechanisms (Yvon-Durocher et al. 2010b, Davidson et
al. 2015, Aben et al. 2017, Yvon-Durocher et al. 2017, Davidson et al. 2018).
An important difference between mesocosms and natural shallow lakes and
ponds is that they are lack a terrestrial catchment and hence do not receive
large organic and inorganic C inputs that are typical for these systems and can
strongly affect their GHG fluxes (Tranvik et al. 2009, Holgerson and Raymond
2016, Van Bergen et al. 2019). Terrestrial C inputs, however, are often difficult
to accurately quantify (Van Bergen et al. 2019). Although also important
from a climate change perspective, external loadings as well as their spatial
and temporal variation make it challenging to quantify and study in-lake C
metabolism and its drivers (Van Bergen et al. 2019). Exclusion of allochthonous
C input enables us to accurately study the effects of climate warming on withinsystem C metabolism, and on GHG production and emission. Except from the
exclusion of allochthonous carbon input, the use of artificial light, and the
unnatural bathymetry (cylindrical shape, large wall area), we still mimicked the
natural characteristics of lakes and ponds as much as possible. We used natural
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lake sediments, inoculated natural communities, and used water temperatures
and a light regime that are typical for Dutch lakes and ponds. However, in a
natural situation, water temperatures and their spatial distribution may differ
from the experimental situation, which I will elaborate on below.
Stratification

Our limnotrons followed a fixed temperature regime with homogenous surface
and bottom water temperatures. In natural systems however, stratification
often occurs, even in small and shallow systems (Ford et al. 2002, Andersen et
al. 2017a, Andersen et al. 2017b, Martinsen et al. 2017, Martinsen et al. 2018,
Van Bergen et al. 2019). Vertical temperature stratification in small, temperate,
shallow systems is most pronounced in summer and can occur during almost
half of the days of the year, mostly consisting of daytime stratification and
nocturnal convective mixing (Martinsen et al. 2018).
Temperature stratification in shallow lakes and ponds can cause differences
in O2 saturation between surface and bottom waters, despite their close
proximity. The magnitude and characterization of these differences, however,
is system specific and depends on factors such as internal and external
shading, sheltering, nutrient levels, water turbidity, and macrophyte density
(Heiskanen et al. 2015, Martinsen et al. 2018). When light attenuation with
depth is low, light can enable photosynthesis throughout most of the water
column, resulting in relatively high and often supersaturated O2 conditions in
both bottom and surface waters during daytime stratification (Martinsen et al.
2018). O2 saturation of bottom waters may even exceed that of surface waters
when benthic plants are abundant (Martinsen et al. 2018).
However, in shallow vegetated lakes, daytime temperature stratification and
nocturnal mixing can cause extreme diel chemical variations during summer,
both within and between water layers (Andersen et al. 2017a). The presence
of dense submerged vegetation strongly attenuates light and turbulence,
leading to warm surface waters where strong photosynthesis leads to O2
accumulation and CO2 depletion, and cold bottom waters where respiration
causes O2 depletion and CO2 accumulation (Andersen et al. 2017a, Martinsen
et al. 2017). Similar situations can occur in systems with turbid waters, e.g. due
to DOC or abundant algae (Heiskanen et al. 2015, Laas et al. 2016).
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The potential consequences of vertical temperature stratification for (redoxsensitive) nutrient release, photosynthesis rates, and GHG production,
consumption, and emission are, however, not straightforward and strongly
depend on the nature of the system.
Effects of the dominant functional plant group on temperature stratification

Submerged macrophytes are known to increase the strength of daytime
temperature stratification and reduce the depth of the mixed layer compared to
open water (Herb and Stefan 2005). Hence, in a natural lake or pond, submerged
plant dominance would likely result in higher surface water temperatures and
a steeper vertical temperature gradient during daytime than under algae
dominance, of which the severity strongly depends on plant morphology and
density (Dale and Gillespie 1977, 1978, Herb and Stefan 2005). Dominance
by floating plants results in very similar effects (Přibáň et al. 1986). However,
despite the specific effects of each functional plant group on surface water
temperatures and vertical temperature gradients, water column temperatures
below ± 0.5 m are usually similar between waters with and without plants,
resulting in almost identical sediment temperatures (Dale and Gillespie 1977,
Přibáň et al. 1986, Herb and Stefan 2005). This is important, as sediment
temperature plays a major role in GHG production and emission (Marotta
et al. 2014, Aben et al. 2017) and were kept the same in our different plant
treatments (Chapter 7). However, the different surface water temperatures and
vertical temperature gradients that may arise in a natural situation for a given
functional plant group and its density, may affect primary production, where
the direction of the effect (positive/negative) is likely dependent on trophic
interactions and resource availability for plants and algae (Kraemer et al. 2017).
Temperature rise and extreme weather events

It is very likely that heat waves will increase in frequency and duration, and
that extreme precipitation events will become more common and intense
in many regions around the world (IPCC 2013). The effects of these extreme
weather events on GHG emissions are still very unclear. Increased and
prolonged stability of the water column through rising temperatures (O’Reilly
et al. 2015, Martinsen et al. 2018), heat waves, and decreased wind velocity
can restrict nutrient supply from sediments to the surface waters, thereby
decreasing the primary productivity of deep lakes in warm regions (O’Reilly
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et al. 2003). Decreased productivity likely leads to lower GHG emissions, as
organic substrate is needed for biogenic production of the GHGs (West et al.
2015a, Deemer et al. 2016, DelSontro et al. 2016). However, the effects of heat
waves on primary productivity and GHG emissions in temperate, shallow lakes
are still unclear (Bartosiewicz et al. 2016). Similarly, effects of climate change
on lake stratification may not be straightforward and can regionally differ.
Although higher temperatures and increased heat waves promote thermal
stratification, the expected increases in extreme precipitation events may
disturb stratification occasionally and cause deepening of the thermocline or
even full mixing of the water column, with potential consequences for GHG
fluxes (Closter 2007, Bartosiewicz et al. 2015).
Strong and prolonged (weeks to months) stratification during a heat wave
can cause uptake of atmospheric N2O, particularly during high phytoplankton
abundance (Bartosiewicz et al. 2016, Webb et al. 2019). It can also lead to
colder sediments, thereby limiting sediment C mineralization and ebullition
(Bartosiewicz et al. 2016). On the other hand, stratification often produces
anoxia in the hypolimnion, which hampers the oxidation of CH4, while
favoring its production and storage. This CH4 stored can be released during
lake overturn, resulting in a peak emission to the atmosphere (Bartosiewicz
et al. 2016). The overall outcome of increased duration and frequency of
stratification is therefore system dependent, which is illustrated by two
contrasting examples in literature. In a small, shallow (mean depth 0.75 m)
lake in Canada, strong water column stratification occurred during a hot, dry
summer with a prolonged heat-wave, which led to overall lower emissions of
GHGs than during an average rainy summer. This was attributable to a strong
reduction in ebullition and a relatively small increase in the storage flux of
CH4, combined with an increased CO2 uptake due to high primary production
in the warm surface water (Bartosiewicz et al. 2016). Because the long heatwave episode resulted in a three times higher phytoplankton biomass than
during the average summer, it is unknown what the effect of heatwaves will
be on GHG emissions in the longer-term (i.e. the subsequent seasons/year),
when organic matter from the phytoplankton is mineralized (Bartosiewicz
et al. 2016). In a large, deep (mean depth 570 m), African lake, on the other
hand, increased stability of the water column due to a rise in surface water
temperature and a decrease in wind velocity led to oligotrophication and
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decreased primary production (O’Reilly et al. 2003). The discrepancy between
these two examples could have several explanations. In the temperate,
shallow lake, part of the redox-sensitive P that was mobilized from sediments
into the anoxic hypolimnion may have been able to mix with the surface
water to a certain degree, enabling temperature-induced increases in primary
production. Alternatively, the rare summer stratification event in this lake may
have been short enough to avoid nutrient depletion in this productive system.
After overturn, P accumulated in the anoxic hypolimnion is mixed with the
surface waters, replenishing nutrient supplies. This contrasts with the situation
of the deep African lake, where permanent thermal stratification and increased
stability of the water column decreased deep-water nutrient upwelling and
entrainment into the surface water, diminishing primary productivity in the
long-term (O’Reilly et al. 2003).
In summary, effects of heat waves on GHG emissions from shallow lakes and
ponds are very complex and likely depend on the frequency and duration
of heat waves, frequency, duration and intensity of precipitation events, lake
trophic status, phytoplankton dynamics, thermal structure, biogeochemical
and chemical conditions, and lake bathymetry (Bartosiewicz et al. 2016).
Implications of our findings for future greenhouse gas emissions from
shallow lakes and ponds
Eutrophication

Eutrophication is inextricably linked to our identified climate feedback
mechanisms and therefore likely to be the most important factor in controlling
aquatic GHG emissions, as it:
1)

2)

Can increase NH4+ and NO3- availability, which in turn promotes
production and emission of N2O through nitrification and denitrification
processes (Firestone and Davidson 1989, DelSontro et al. 2018, Chapter
6);
Promotes shifts from submerged plant dominance to free-floating
plant or algae dominance (Scheffer et al. 2003, Scheffer and van Nes
2007), thereby increasing GHG emissions (Chapter 7);
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3)

4)

Increases the availability of labile organic C substrates through
stimulation of primary production, which in turn strongly increases
CH4 emission (West et al. 2015a, Deemer et al. 2016, Aben et al. 2017,
DelSontro et al. 2018, Beaulieu et al. 2019, Chapter 6) and potentially
increases N2O emission (DelSontro et al. 2018);
Exacerbates the positive feedback mechanisms found in our study via
2) and 3), as effects of warming on CH4 emissions are largest in nonsubstrate limited systems (DelSontro et al. 2016, Aben et al. 2017) and
in systems dominated by algae or free-floating plants (Chapter 7).

This is of great concern, as more and more lakes are becoming eutrophic (Smith
et al. 2014), a trend which is projected to continue in the coming decades due to
effects of increased human population (Cole et al. 1993, Caraco and Cole 1999,
Cordell et al. 2009, Kc and Lutz 2017, Beaulieu et al. 2019). These anthropogenic
causes include sewage production and fertilizer use, the projected increase
in extreme weather events (IPCC 2013) (e.g. storms and downpours) that
transport organic matter and nutrients from terrestrial to aquatic environments
(Jeppesen et al. 2009, Moss et al. 2011, Dhillon and Inamdar 2013, Sinha et al.
2017), and enhanced internal P-release with climate warming, via temperaturedependent respiration rates and reduced O2 concentrations at the sedimentwater interface (Jeppesen et al. 2009, Kosten et al. 2011, Moss et al. 2011).
Eutrophication and related increases in aquatic productivity are expected to
increase CH4 emissions from lentic waters by 30–90% during the 21st century,
with a climate impact equivalent to 18–33% of annual CO2 emission from
burning fossil fuels (Beaulieu et al. 2019).
Climate warming

As mentioned in Chapter 1, GHG emissions from lakes and impoundments
equal almost 20% of global fossil fuel CO2 emission, with ~75% of their climate
impact caused by CH4 (DelSontro et al. 2018). CH4 emissions are also found to be
most sensitive to warming and shifts in plant dominance (Chapter 2 & 7). Small
water bodies (0.001–0.01 km2) contribute about 20% of total GHG emissions
from lakes and impoundments. The disproportionately large emission from
these small systems, combined with the large emission component of CH4
means that climate warming can cause a substantial increase in global GHG
emissions, since small water bodies:
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Chapter 8

1) Can experience shifts in dominance of different functional plant groups
(Mooij et al. 2007, Scheffer and van Nes 2007, Kosten et al. 2009, Peeters
et al. 2013) that lead to higher GHG emissions and a higher temperature
sensitivity of emissions (specifically CH4) (Chapter 2 & 7)
2) Usually have GHG emissions dominated by CH4 ebullition (DelSontro et
al. 2018)
3) Have shallow sediments that are most sensitive to increased CH4
ebullition with warming (Chapter 2 & 3) and eutrophication (Chapter 6)
Although presenting a gloomy forecast, our findings also convey a potential
positive message, as combating eutrophication and subsequent management
for submerged plant dominance (Scheffer and van Nes 2007, Jeppesen et al.
2012a) may provide a powerful tool in reducing GHG emissions and mitigating
effects of climate warming on these emissions. As mentioned in Chapter
7, this can result in additional benefits, such as improved water quality and
biodiversity. Among submerged plant species Myriophyllum spicatum, the
submerged plant species in our experiment, has shown to be relatively resistant
to nutrient pollution (Adams et al. 1974, Zhang et al. 2019). Therefore, they may
be the species of choice for re-establishment of submerged macrophytes in
restoring degraded eutrofied lakes (Zhang et al. 2019).
Projected climate warming

Natural climate feedback processes in wet ecosystems, such as those identified
in our study, are not included in most state-of-the-art climate models, which
may lead to the underestimation of projected long-term warming by as much
as a factor of two (Comyn-Platt et al. 2018, Fischer et al. 2018). It also means
that the projected permissible anthropogenic fossil fuel CO2 emission–to limit
climate warming by 1.5-to-2 °C by the year 2100–needs to revised downwards
(Comyn-Platt et al. 2018). The development of new climate models thus faces
the challenge to include these feedback processes in order to increase the
accuracy of climate warming projections.
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Synthesis

I hope that my thesis will not only contribute to our understanding of the effects
of eutrophication and climate change on GHG emissions from shallow waters, but
also adds to the mechanistic framework to integrate aquatic GHG emissions and
the identified feedback processes in climate models as well as contribute to the
development of climate-smart water management.
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Lakes and ponds serve many purposes, but usually also emit greenhouse gases
(Chapter 1). An important question is how climate change and eutrophication
(nutrient enrichment) alter these greenhouse gas emissions. Moreover, the
combination of climate change and eutrophication can result in a reduction
of rooted, submerged plants and increased dominance of floating plants (like
duckweed) and algae. The effect of this on greenhouse gas emissions is unclear
as well, since studies that have assessed the controlled effect of different groups
of primary producers (algae, submerged plants, floating plants) on emissions
of the most important greenhouse gases [carbon dioxide (CO2), methane (CH4)
and nitrous oxide (N2O)] are lacking.
To unravel the effects of climate change and changes in the dominance of
primary producers on greenhouse gas emissions from shallow lakes and
ponds, I performed field work and two mesocosm experiments together with
my co-authors. One set of nine mesocosms was located outdoor, eight other
mesocosms were located indoor. The results of sampling and measurements
in the indoor mesocosm experiment form the basis of my thesis (Chapters 2,
4, 5 and 7). I sampled these indoor mesocosms (1000 L water tanks mimicking
lakes), called limnotrons, from 2014 until 2017. The indoor mesocosm
experiment is divided in three sub experiments, each containing a different
dominant primary producer for a full year while other conditions were nearly
identical. To also study the effect of climate warming, half of the mesocosms
were kept 4 °C warmer year-round than the other half. Water temperature and
daylength throughout the year closely followed the outdoor situation.
In Chapter 2 I address the question how climate change affects methane
emission. Although methane production in anaerobic sediments is known to
be strongly temperature dependent, this wasn’t the case for methane emission.
Methane that diffuses upwards from the anoxic sediment to the oxygenized
top layer of the sediment is oxidized by micro-organisms, converting the
methane into CO2 (a less potent greenhouse gas). However, when production
of methane exceeds that of diffusive transport, methane starts to accumulate
in the water, eventually exceeding solubility and forming pockets of free gas.
These gas bubbles in the sediment can then be released to the water column
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and atmosphere when triggered by forcing mechanisms (e.g. pressure changes
or waves) or once they gain enough buoyancy. In contrast to the diffusive
transport of methane through the water column, transport of methane by
ebullition is accompanied by very limited losses due to the fast ascent of bubbles.
However, not much is known about the intensity of these bubble emissions—
called ebullition—because bubbles are released episodically and hence are
easily missed during the usual short-term measurements. An extensive search
in the literature led to only a handful of datasets comprising both temperature
and ebullition. Analysis of the available data shows that methane ebullition
is strongly temperature dependent. However, this temperature dependency
can also be related to seasonal differences in availability of organic matter,
which ultimately fuels methanogenesis. We used our mesocosm experiment to
correct for this factor. We found that a 4 °C higher water temperature led to 51%
more methane ebullition year-round, while diffusive emission did not differ
between treatments. The mesocosm data and those from literature showed
that throughout the year methane ebullition increases with 6-20% per 1 °C
temperature rise. The strong temperature dependency of methane ebullition is
a positive feedback mechanism and hence contributes to accelerated climate
change.
Chapter 3 describes our study of greenhouse gas emissions from a city pond,
a type of system that is understudied in terms of greenhouse gas emissions.
Nutrient pollution—directly or indirectly through human activity—often
causes these systems to be highly productive. A year of intensive field sampling
revealed that the studied city pond was a net greenhouse gas source yearround. Methane ebullition contributed most to emissions, followed by diffusive
CO2 emissions. Also in this study, methane ebullition was found to be strongly
related to temperature. The pond’s high CO2 emission was probably driven by
inflow of CO2-rich groundwater and by CO2 producing, anaerobic degradation
processes, which can be stimulated by alternative electron acceptors such as
nitrate, which was highly available. A conservative upscaling of these results
shows that greenhouse gas emissions from city ponds contribute significantly
to national greenhouse gas inventories and are prone to global warming. Water
managers may reduce emissions by combating the high nutrient availability in
water and sediment.
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In Chapter 4 I assessed the pros and cons as well the suitability of different
methods to measure respiration. Specifically, I studied to which degree an
integrated measurement of ecosystem respiration (the sum of respiration of
all organisms in the ecosystem) matches an estimate of ecosystem respiration
based on summing the individually-assessed respiration of the main ecosystem
components—sediment, periphyton on mesocosm walls, and plankton. By
performing these measurements in different mesocosms multiple times, we
also gained insight in the replicability of the (potential) agreement between the
two methods. All of the applied methods use oxygen consumption to measure
respiration. Oxygen measurements in open water, combined with knowledge
about the air-water gas exchange was used to determine the integrated
ecosystem respiration. The drawback of this commonly used and easy
applicable method is the lack of information about the relative contribution of
the different ecosystem components to total ecosystem respiration. The sum
of sediment, periphyton and planktonic respiration was quite often in good
agreement with the integrated measure of ecosystem respiration. However, a
substantial part of the data showed strong differences. These differences have
probably been caused by spatial variation in periphyton cover on walls (potential
erroneous mesocosm periphyton respiration estimate) and strong spatial
variation in sediment respiration caused by growth of epipelon and hotspots
of oligochaete (benthic worms) activity. However, the integrated ecosystem
respiration estimate may have shortcomings as well. For example, filamentous
algae floating on the surface may have altered gas exchange between water
and the atmosphere, leading to deviations from the calculated ecosystem
respiration. Based on the comparison of these methodologies I conclude that it
is valuable to perform both integrated ecosystem respiration measurements as
well as measurements on the respiration of individual ecosystem components,
thereby compensating for each method’s shortcomings.
In Chapter 5 I address the question how climate warming may affect ecosystem
metabolism. Based on the temperature sensitivity of primary production and
respiration, it is expected that ecosystem respiration will disproportionally
increase with climate warming, resulting in reduced CO2 sequestration or
increased net CO2 emission. I tested this hypothesis by performing highfrequent, open-water oxygen measurements each week for a full year to
determine ecosystem respiration. These measurements showed that gross
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primary production was higher in the + 4 °C treatment, but respiration did
not differ between temperature treatments. Although the temperature
dependency of ecosystem respiration did not differ between treatments,
respiration rates for a given temperature were on average higher in the control
treatment. A possible explanation for the unexpected high respiration in the
control treatment is a difference in communities between the control and
the + 4 °C treatment. Data of macroinvertebrates suggest that temperature
strongly affected predator-prey dynamics, as leeches (predator) were relatively
abundant and benthic worms (prey) sparse in the + 4 °C treatment as compared
to the control treatment. Benthic worms stimulate the breakdown of organic
matter by their conveyer-belt type feeding strategy, mixing the sediment and
enhancing sediment oxygen uptake. The lower density of benthic worms in
the + 4 °C treatment possibly resulted in reduced sediment respiration as
compared to the control treatment, thereby leveling the increase in ecosystem
respiration driven by the higher temperature. This result shows that indirect
effects of climate change—in this case by changes in the macroinvertebrate
community—can compensate for direct effects of temperature on metabolic
rates.
In Chapter 6 I use the outdoor mesocosm experiment to show that methane
and nitrous oxide emissions are strongly related to nutrient loading. In this
experiment we tested the effects of different plant species and different
(relatively high) nutrient loadings on greenhouse gas emissions. Extreme
eutrophication led to a huge emission of greenhouse gases, mainly attributable
to nitrous oxide. For the high nutrient loadings that I used in this experiment,
plant species appeared to have only minor effects on total greenhouse gas
emissions. However, I did find that methane ebullition—which was only a
minor flux pathway in this experiment—was significantly lower in systems with
rooted plants than in systems with non-rooted plants.
In Chapter 7 I address the overarching question how climate change may
affect greenhouse gas emissions from shallow lakes and ponds. To answer this
question, I use the combined data of the three sub experiments conducted in the
indoor mesocosms. I show that primary producers strongly affect greenhouse
gas emissions and that the effect of warming on greenhouse gas emissions also
depends on the dominant primary producer. Total greenhouse gas emissions
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over a year, as well as the effect of warming on these emissions, were highest
when floating plants (duckweed) were dominant and lowest when rooted,
submerged plants were dominant. The expected reduction in dominance by
rooted, submerged plants may therefore not only lead to higher greenhouse
gas emissions, but also to an increased sensitivity for higher emissions under
climate warming. This once again (see Chapter 2) forms a positive feedback to
climate change. We conclude that water managers may substantially reduce
greenhouse gas emissions from shallow lakes and ponds by taking measures
that stimulate the establishment of rooted plants and combat dominance by
algae and duckweed.
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Meren en plassen hebben veel nuttige toepassingen, maar stoten meestal
ook broeikasgassen uit (Hoofdstuk 1). Een belangrijke vraag is wat
klimaatverandering en eutrofiëring (verrijking met voedingsstoffen) met deze
broeikasgasemissies zullen doen. Tevens kan de combinatie van deze twee
zaken leiden tot een afname van ondergedoken, wortelende waterplanten
en meer dominantie van drijvende planten (zoals eendenkroos) en algen.
Ook hiervan is onduidelijk wat de gevolgen voor broeikasgasemissies zijn,
aangezien studies ontbreken die gecontroleerd het effect van verschillende
groepen primaire producenten (algen, ondergedoken waterplanten, drijvende
waterplanten) op emissies van de belangrijkste broeikasgassen [koolstofdioxide
(CO2), methaan (CH4) en lachgas (N2O)] onderzocht hebben.
Om antwoord te krijgen op de vraag wat klimaatverandering en veranderingen
in de dominantie van primaire producenten doen met broeikasgasemissies uit
meren en plassen heb ik, samen met mijn medeauteurs, literatuuronderzoek
gedaan, veldwerk uitgevoerd en twee mesocosm experimenten verricht. Eén
set van negen mesocosms bevond zich buiten, acht andere mesocosm stonden
binnen. Het resultaat van de bemonsteringen en metingen die tijdens het
experiment met de acht ‘binnen’ mesocosms zijn gedaan vormen de basis van
mijn proefschrift (Hoofdstukken 2, 4, 5 en 7). Deze ‘binnen’ mescocosms (grote
watertanks die als minimeertjes dienen), genaamd limnotrons, heb ik gedurende
de periode 2014 t/m 2017 bemonsterd. Dit experiment is opgedeeld in 3 subexperimenten waarbij elk jaar een andere primaire producent de waterkolom
domineerde, waarbij de overige omstandigheden zoveel mogelijk identiek
werden gehouden. Om ook het effect van klimaatopwarming te onderzoeken
werd het water van de helft van de mesocosms het hele jaar door 4 °C warmer
gehouden dan de andere helft. De watertemperatuur en daglengte gedurende
het jaar is zoveel mogelijk gelijk gehouden aan de buitensituatie.
In hoofdstuk 2 behandel ik de vraag wat voor effect klimaatverandering op
methaanemissies heeft. Hoewel bekend is dat de productie van methaan in
het zuurstofloze sediment sterk afhankelijk is van temperatuur, was dit niet
bekend voor de emissie ervan. Als methaan vanuit de zuurstofloze bodem
de zuurstofrijkere toplaag van de bodem en vervolgens de waterkolom in
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diffundeert kan het door micro-organismen geoxideerd worden, waarbij
het omgezet wordt naar CO2 (een veel minder potent broeikasgas). Echter,
wanneer productie van methaan sneller verloopt dan het transport via diffusie
raakt het water ermee verzadigd, waarna methaan zich in gasvorm gaat
ophopen in het sediment. Deze gasbellen kunnen vervolgens bij voldoende
drijfvermogen of door verstoring vrijkomen naar de waterkolom en atmosfeer.
Dit transport gaat zo snel dat er nauwelijks verlies van methaan optreedt
via diffusie of microbiële oxidatie. Er is echter maar weinig bekend over de
intensiteit van deze emissies via bellen–ebullitie genaamd–omdat bellen vaak
episodisch vrijkomen en daarom gemist worden bij kortdurende metingen.
Een uitgebreide zoektocht in de literatuur heeft geleid tot slechts een handvol
datasets die zowel gegevens van methaan-ebullitie als van temperatuur
bevatten. Analyse van de beschikbare gegevens laat zien dat deze emissie sterk
temperatuurafhankelijk is. Temperatuurafhankelijkheid van methaan-ebullitie
kan echter ook gerelateerd zijn aan seizoenale verschillen in de beschikbaarheid
van organisch materiaal, de brandstof voor methaanproductie. Om voor deze
effecten te controleren hebben we ons mesocosm experiment gebruikt. Hieruit
bleek dat 4 °C temperatuurstijging jaarrond tot 51% meer methaan-ebullitie
leidde, terwijl de emissie via diffusie niet verschilde tussen de behandelingen.
Onze eigen mesocosmdata en die uit de literatuur laten zien dat methaanebullitie door het jaar heen met 6-20% toeneemt per 1 °C temperatuurstijging.
De sterke temperatuurafhankelijkheid van methaan-ebullitie is een vorm van
een positieve terugkoppeling en draagt bij aan versnelde klimaatverandering.
In hoofdstuk 3 hebben we de broeikasgasemissie van een stadsvijver
onderzocht, een type systeem waar broeikasgasemissie data beperkt van
is. Door vervuiling met voedingsstoffen, direct of indirect door menselijke
activiteiten, zijn deze systemen vaak erg productief. Na een jaar van intensief
veldonderzoek bleek dat de vijver jaarrond een netto bron van broeikasgassen
vormde, waarbij methaan-ebullitie het meeste bij droeg aan de totale emissie,
gevolgd door CO2 emissies via diffusie. Methaan-ebullitie bleek ook hier
sterk temperatuurafhankelijk te zijn. De hoge CO2 emissie uit de vijver werd
waarschijnlijk veroorzaakt door aanvoer van CO2 rijk grondwater en mogelijk ook
door CO2-producerende, zuurstofloze afbraakprocessen, welke gestimuleerd
kunnen worden door, onder andere, de hoge nitraatbeschikbaarheid. Een
voorzichtige opschaling laat zien dat broeikasgasemissies uit stadsvijvers
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een relevante bijdrage leveren aan de nationale broeikasgasemissies en dat
ze beïnvloed worden door klimaatopwarming. Beheersmaatregelen gericht
op het reduceren van de voedselrijkdom in het water en het sediment bieden
handvatten om emissies te reduceren.
In hoofdstuk 4 heb ik de voor- en nadelen en geschiktheid van verschillende
methoden om respiratie te meten bekeken. Specifiek heb ik onderzocht
in hoeverre een geïntegreerde meting van ecosysteemrespiratie (de
som van respiratie van alle organismen in het ecosysteem) overeenkomt
met een schatting van de ecosysteemrespiratie op basis van de som van
respiratie van de belangrijkste ecosysteemcomponenten—sediment,
periphyton op mesocosm wanden, en plankton. Door dit verschillende
keren in verschillende mesocosms te herhalen kregen we ook inzicht in
de repliceerbaarheid van de (potentiele) overeenkomst tussen de twee
benaderingen. Alle toegepaste methodes gebruiken zuurstofconsumptie als
maat voor respiratie. Zuurstofmetingen in open water tezamen met kennis
over de snelheid van gasuitwisseling tussen water en atmosfeer zijn gebruikt
om een geïntegreerde ecosysteemrespiratie te bepalen. Deze veelgebruikte
en makkelijke methode heeft als nadeel dat er geen inzicht is in de relatieve
bijdrage van de verschillende ecosysteemcomponenten aan de totale
respiratie. De som van sediment-, periphyton- en planktonrespiratie kwam
redelijk vaak goed overeen met de geïntegreerde ecosysteemrespiratie
meting. Echter, een substantieel deel van de data liet sterke verschillen
zien. Deze verschillen zijn waarschijnlijk veroorzaakt door, onder andere, de
ruimtelijke variatie in begroeiing van wanden (en hierdoor van de schatting
van de mesocosm periphytonrespiratie) en de ruimtelijk sterk variërende
sedimentrespiratie door epipelongroei en hotspots van bentische wormen.
Ook de geïntegreerde meting van ecosysteemrespiratie heeft echter
mogelijke tekortkomingen. Zo heeft de groei van filamenteuze algen die
op de oppervlakte dreven waarschijnlijk de gasuitwisseling tussen het
water en de atmosfeer beïnvloedt, wat tot een afwijking in de berekende
ecosysteemrespiratie leidt. Uit deze methodologische vergelijking concludeer
ik dat het waardevol is om zowel geïntegreerde respiratiemetingen te doen
als die van de verschillende ecosysteemcomponenten, zodat ze elkaars
tekortkomingen kunnen compenseren.
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In hoofdstuk 5 behandel ik de vraag wat het effect van klimaatopwarming
op ecosysteem metabolisme is. Op basis van de temperatuursensitiviteit van
primaire productie en respiratie wordt verwacht dat ecosysteemrespiratie
disproportioneel zal toenemen met klimaatopwarming waardoor minder CO2
vastgelegd zal worden of meer nettoproductie van CO2 plaats zal vinden. Deze
hypothese heb ik getest door een jaar lang wekelijks ecosysteemmetabolisme
(via veranderingen in zuurstofconcentraties) te meten in het mesocosmexperiment. Hieruit bleek dat bruto primaire productie hoger was in
de + 4 °C behandeling, maar respiratie niet verschilde tussen de twee
temperatuurbehandelingen. Hoewel de temperatuurafhankelijkheid van
respiratie hetzelfde was tussen de behandelingen was de respiratiesnelheid
bij eenzelfde temperatuur gemiddeld hoger in de controle. Een mogelijke
verklaring voor de onverwacht hoge respiratie in de controle behandeling
is een verschil in levensgemeenschappen tussen de controle en de + 4 °C
behandeling. Data van macroinvertebraten suggereert dat de temperatuur
een sterke invloed had op predator-prooi dynamieken: zo zaten er in
de + 4 °C behandeling ten opzichte van de controle veel bloedzuigers
(predator) en juist weinig bentische wormen (prooi). Bentische wormen
stimuleren de afbraak van organisch materiaal door hun graafgedrag en
het inbrengen van zuurstof. Mogelijk is de sedimentrespiratie in de + 4 °C
behandeling door de lage dichtheid van wormen lager geweest dan in de
controle behandeling wat de hogere ecosysteemrespiratie ten gevolge
van de hogere temperatuur nivelleerde. Dit resultaat laat zien dat indirecte
effecten van klimaatopwarming—in dit geval door veranderingen in de
macroinvertebratengemeenschap—kunnen compenseren voor het directe
effect op metabolismesnelheid.
In hoofdstuk 6 laat ik met behulp van het ‘buiten' mesocosm experiment zien
dat methaan- en lachgasemissies sterk gerelateerd zijn aan nutriëntenbelasting.
In dit experiment hebben we verschillende plantensoorten en verschillende
(relatief hoge) nutriëntenbelastingen getest. Extreme eutrofiëring zorgde
voor enorm hoge broeikasgasemissies uit de mesocosms, vooral toe te
schrijven aan emissie van lachgas. Bij de hoge nutriëntenbelastingen die
ik in dit experiment heb toegepast bleek de totale broeikasemissie slechts
in beperkte mate te worden beïnvloed door de plantensoort die aanwezig
was. Wel vond ik dat methaan-ebullitie—in dit experiment een relatief kleine
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broeikasgasemissiebron—significant lager was in systemen met wortelende
waterplanten dan in systemen met niet-wortelende waterplanten.
In hoofdstuk 7 ga ik in op de overkoepelende vraag hoe klimaatverandering
broeikasgasemissies uit ondiepe meren en plassen kan beïnvloeden. Hiervoor
gebruik ik mijn gegevens van de drie sub-experimenten die zijn uitgevoerd
in de mesocosms binnen. Ik laat zien dat primaire producenten een sterk
effect hebben op broeikasgasemissies en dat het effect van opwarming
op broeikasgasemissies ook afhangt van de primaire producent. De totale
broeikasgasemissie over een jaar, alsmede het effect van klimaatopwarming
hierop, waren het hoogst bij drijvende waterplanten (kroos) en het laagst
bij systemen met ondergedoken, wortelende waterplanten. De verwachte
afname van wortelende waterplanten zal daarom mogelijk niet alleen leiden
tot hogere emissies, maar verhoogt ook de gevoeligheid voor hogere emissies
bij klimaatopwarming. Dit vormt wederom (zie Hoofdstuk 2) een positieve
terugkoppeling. We concluderen dat beheersmaatregelen die vestiging
van wortelende waterplanten stimuleren en groei van algen en kroos
reduceren waarschijnlijk kunnen zorgen voor een substantiële afname van
broeikasgasemissies.
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€500. 33rd SIL Congress (2016), Turin, Italy.
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